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Thesis abstract

Given that woodland disturbance events are expected to become more frequent and severe
in the future, it is crucial to understand how fundamental underlying ecosystem properties
(EPs) including biodiversity, ecosystem functions and ecosystem services will be
impacted. Currently, this knowledge is severely limited, but is essential for future
management of forests at both stand and landscape scales. The impact of such
disturbances on EPs can be quantified through the use of ecological resilience and its
associated concepts. Resilience relates to either the amount of disturbance an ecosystem
can endure and still exist or the degree to which an ecosystem can resist or recover from
disturbance. Resilience concepts of ecological thresholds, points of abrupt change in an
EP, and resistance, persistence and recovery time are useful metrics to determine
disturbance impacts. Moreover, using knowledge of how EPs are affected by disturbance,
resilience assessments can enable inference of the current level of resilience that
woodland has. The objectives of this thesis were therefore: 1) to determine how
biodiversity, ecosystem functions and condition were affected in a forest undergoing
dieback; 2) to examine the effectiveness of rapid condition assessment tools as a proxy
use for inferring woodland resilience; and 3) to determine whether woodland cover
influences resilience of EPs at a landscape scale.

The changing condition and extent of the New Forest provided an opportunity to
measure EPs across a gradient of changing condition. This was carried out through
gradient analysis of dieback, based on basal area decline, at the stand scale. Using the
results obtained from the gradient analysis: i) the resilience of important woodland EPs
was assessed at the landscape scale using simulations of different intensities of
disturbance and woodland cover, which was used as a proxy for connectivity; and i)
commonly-used forest condition assessment tools, specifically airborne lidar and the
woodland Common Standards Monitoring condition assessments, were tested to
determine how effective they were and whether they could be used to infer resilience at
the stand scale. Overall, evidence provided in this thesis suggests that: biodiversity and
functional thresholds exist as the forest degrades; current condition assessment tools are
not very effective at detecting variation in woodland condition and therefore are not
sufficient to infer current resilience; and woodland cover influences the resilience of
important woodland EPs, at the landscape scale. All the findings are discussed in context

of the New Forest, an ecologically and socio-economically important landscape.
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Chapter 1:
Introduction

1.1. Global forest loss and degradation

Rapid environmental changes and human activity are widely recognised as having an
irreversible effect on wildlife and the environment at a global scale (Foley et al. 2005;
MEA, 2005; Pimm et al. 2014). In wooded ecosystems specifically, the greatest direct
effect that human activity has is through deforestation (Lanly, 2003; Rudel et al. 2005;
van der Werf et al. 2009; Hansen et al. 2010, 2013; Laurance et al. 2014), which refers to
large-scale tree clearance where less than 30% of the original canopy cover remains
(Lanly, 2003). Deforestation of any wooded habitat causes devastation to ecosystems by
impacting physical, biological and chemical processes and properties, sometimes even
causing total cessation of ecosystem functioning (DeFries et al. 2010). This has major
consequences locally and globally, which include modifications to climate, and an
increased chance of extreme weather events and biodiversity extinctions (MEA, 2005;
van der Werf et al. 2009; Fahrig, 2013; Melo et al. 2013).

In addition, ecosystem degradation, which is defined as an overarching
impoverishment of an ecosystem, modifying the habitat as to reduce its condition,
structure and functionality, but not necessarily the total area (Lanly, 2003), is also having
an unprecedented global impact on forest properties (Peres et al. 2006; Ahmed, 2008;
Spilsbury, 2009; Hansen et al. 2013; Haddad et al. 2015; Allan et al. 2017). Woodland
degradation is often caused by environmental changes and anthropogenic activities, the
effects of which include the loss of ancient forest functions, simplification of forest
structure and decreases in size of high quality forest patches combined with increasing
patchiness and therefore isolation of remnant woodland (Noss, 1999). In the tropics, 2.3
million hectares of forest were “visibly’ degraded per annum in the years before 1997, in
addition to 5.8 million hectares deforested (Achard et al. 2002). In some locations, areas
of degraded forest span more than double that of deforested areas (INPE (2005), cited in
Peres et al. 2006).

1.1.1. Implications for biodiversity

A sixth mass extinction of biodiversity, the number and abundance of species that exist

in a given area, is proposed to be occurring globally (Butchart et al. 2010; Pimm et al.

2014). The extinction rate is predicted to be declining at a thousand times the normal rate,

based on the fossil record (MEA, 2005). Together with other drivers including land-use
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change and over-exploitation (Worm et al. 2006), deforestation and woodland
degradation are two of the major causes leading to high levels of global extinction (MEA,
2005; Butchart et al. 2010; Dirzo et al. 2014; Pimm et al. 2014). In the case of Singapore
alone, which has lost 95% of its wooded cover, at least 28%, possibly reaching as much
as 50%, of the overall biodiversity has been extirpated (Brook et al. 2003). Additionally,
60% of species in the Brazilian Amazon are predicted to become extinct within the next
40 years if the deforestation continues at the current rate (Wearn et al. 2012). As
biodiversity is integral to the multi-functionality of an ecosystem, being essential for the
dynamic regulation of that ecosystem (Naeem et al. 1999; Balmford et al. 2008; Cardinale
et al. 2012; Mace et al. 2012), knock-on effects of biodiversity loss include major
modifications to ecosystems processes and human well-being (Diaz et al. 2006; Cardinale
et al. 2012).

1.1.2. Implications for ecosystem services and functions

Biodiversity, ecosystem processes and well-being are connected through the benefits
people derive from natural systems, which are known as ecosystem services (ES), as
illustrated in Fig. 1.1. ES are the benefits derived from both the functioning of ecosystems
and the end-products provided (Costanza et al. 1998; Muradian, 2001; de Groot et al.
2002; Hooper et al. 2005; MEA, 2005; Balmford et al. 2008). ES are split into four
categories: regulatory, provisioning, cultural and supporting services (MEA, 2005). For
a full description of ES and differences uses of ES terminology, see de Groot et al. (2002)
and Hooper et al. (2005).

Forests and woodlands are of particular importance for ES provisions as they
provide the greatest multi-functionality of any habitat (Haines-Young and Potschin,
2008), making them of exceptional significance to human well-being. Thus, deforestation
and degradation significantly impact ecosystem processes and ES provisions (Chazdon,
2008). This results in the loss and degradation of essential ES and ecosystem functions
including nutrient cycling, carbon sequestration, water cycling and soil formation, all of
which are crucial functions underlying all other processes (Foley et al. 2007; Binkley and
Fisher, 2012). Also affected are ES provisions of which wooded ecosystems are largely
responsible, which include the avoidance of climate stress and hazards, pest control, noise
reduction, and habitat provision for a highly diverse genetic pool (Pearce and Moran,
1994; Nowak and Dwyer, 2007; Bonan, 2008; Patterson and Coelho, 2009; NEA, 2011).
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Fig. 1.1: Schematic representing the links between ecosystem functions, ecosystem services, biodiversity
and human well-being. The arrows represent influence from one category to another. The functioning of

an ecosystem fits within the ‘ecosystem processes’ box. Reproduced from Diaz et al. (2006).

1.1. Forests as dynamic systems
The flora, fauna and microbes present within an ecosystem are essential for the dynamic
regulation of that ecosystem; the interactions between soil, water and vegetation perform
critical processes to maintain productivity and biological and chemical conditions of that
ecosystem (Naeem et al. 1999; Folke et al. 2004; Hooper et al. 2005; Duffy, 2009;
Cardinale et al. 2012; Hooper et al. 2012; Gamfeldt et al. 2013).

One prominent example of a dynamic process in forests, as with other ecosystems,
is nutrient cycling. Nutrient cycling involves the regulation and conversion of essential
nutrients, including nitrogen, carbon, phosphorus and sulphur, from mineral or
atmospheric forms to those that can be utilised by organisms for repair, growth and
maintenance (Attiwill and Adams, 1993; Luo et al. 2004). The nutrient cycling process is
dynamic as quantities of certain nutrients enable forests to function, while quantities of
other nutrients limit the rate of other cycles (Ashman and Puri, 2002; Vitousek et al. 2002;
Galloway et al. 2004; Luo et al. 2004). For example, nitrogen is obtained by plants from
the soil and is used mostly for photosynthesis, which has a major impact on productivity

and primary production (Vitousek et al. 2002; Galloway et al. 2004; Ashman and Puri,



2008). Greater productivity then increases carbon cycling, storage and sequestration and
water cycling, creating a feedback at local and global levels (Stuart and Edwards, 2006;
Bonan, 2008; Malhi et al. 2008). However, the amount of carbon present in the soil can
also limit the rate of processes that involve nitrogen such as plant growth (Luo et al.
2004).

1.1.1. Role of succession

Succession, the directional and continual change of biological communities over time
(Finegan, 1984), is one of the main determinant factors underpinning the dynamic
processes of forests, as it governs local composition, structure and functional diversity
(DeWalt et al. 2003). While the precise mechanisms guiding succession are debated (see
competing theories in Connell and Slatyer (1977); Finegan, (1984)), successional
pathways are integral to understanding how large-scale changes occur in variables such
as species richness and composition, as well as the structure and dynamics of ecosystems
(Prach and Walker, 2011).

The general direction of succession is from initial colonising plants to old-growth
forest (Angelstam, 1998). Succession is categorised into two types: primary and
secondary. Primary succession occurs when biological communities begin to establish
and grow in a location where no biological life existed previously. For example, where
lava flow or sand dune accumulation may have occurred. Secondary succession occurs
after a biological community has been disturbed, allowing new plants to colonise that
area. The recolonisation of trees and other plants after storms or fire is therefore
considered secondary succession; early successional plants can establish due to the new
conditions created, initiating a new successional pathway (Finegan, 1984; Packham et al.
2001).

1.1.2. Role of disturbance

Modifications to successional pathways arise from ecological disturbances, which are
events that disrupt the structure of an ecosystem and/ or its communities and therefore
have a major influence on ecosystem dynamics (Pickett and White, 1985). Disturbances
are often essential to the longevity of ecosystems, as they maintain diverse structures
through the alleviation of competition and creation of heterogeneity (Pickett and White,
1985; Dale et al. 2001).

Disturbance events can be described as pulse or press, depending on the relative

temporal duration of an event, and can be caused by biotic, including humans, or abiotic
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factors. A pulse disturbance is a single event that causes a sudden change and lasts for
relatively short time (Lenton, 2011; Barnosky et al. 2012; Scheffer et al. 2012).
Windstorms, fires, resource extraction and deforestation (i.e. clear-cutting) are examples
of pulse disturbances (Dale et al. 2001). A press disturbance is an event that has a
continual impact over a relatively long temporal period (Dale et al. 2001; Packham et al.
2001; Begon et al. 2009). Thus, active herbivores that frequently disturb ecosystems
through such activities as soil disturbance, trampling and grazing would be considered a
press disturbance. Furthermore, the impacts of disturbance depend on its magnitude,
duration, frequency and change over spatial and temporal scales (Donohue et al. 2013).

Underlying drivers and stressors can govern the disturbances which occur, these
include the abiotic influence of climate change, prevailing weather conditions, hydrology,
pollution, nutrient cycles, erosion and temperature (Dale et al. 2001). Biotic drivers
meanwhile relate to dynamics of animal populations, pests and pathogens (Jones, 1945;
Packham et al. 2001; Begon et al. 2009). Furthermore, the strength, frequency and
temporal and spatial dynamics of disturbances define their influence within or upon an
ecosystem (Pickett and White, 1985; Grimm and Wissel, 1997).

1.1.3. Role of gap-phase regeneration

When a tree dies or falls down, as a result of a disturbance or mortality event, a canopy
gap may be created. As a result, previously suppressed saplings can start to grow in the
space due to the increases in abiotic and biotic factors, such as light, temperature, nutrient
availability, litter depth and microhabitats at different levels of the stand afforded by the
lack of canopy (Dale et al. 2001; Kinzig et al. 2006; Bottero et al. 2011). This is known
as gap-phase regeneration. Furthermore, different species can also colonise the space due
to canopy gaps influencing the local functions and dynamics by increasing heterogeneity
of the conditions within the stand (Uhl et al. 1988; Rentch et al. 2010). Thus, gap-phase
regerenation and colonisation can alter the composition, structure, function and spatial
structure of the forest (Grimm and Wissel, 1997; Dale et al. 2001; Kinzig et al. 2006;
Bottero et al. 2011).

1.1.4. Role of modified disturbance regimes
In recent decades, natural, regulatory disturbance regimes have been severely altered by
climate change and anthropogenic activity (e.g. deforestation, degradation, pollution),
and the interactions between them (Milad et al. 2011). For instance, climate change and

other anthropogenic disturbances have modified naturally occurring fire disturbance
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patterns and temporal dynamics in some forests, resulting in much larger scale fire extents
and longer durations (Dale et al. 2001; MEA, 2005; Alencar et al. 2015). Similarly,
outbreaks of stand-destroying beetles have increased dramatically owing to climate
change in boreal forests (Kurz et al. 2008; Raffa et al. 2008; Bentz et al. 2010), and
climate-mediated pathogens are becoming more widespread in many forests, which has
resulted in large scale tree mortality (Packham et al. 2001; Begon et al. 2009; Harvell et
al. 2002; Santini et al. 2013).

Impacts of the modified disturbance regimes have been substantial, majorly
affecting the biodiversity, structure and functioning of ecosystems (Pickett and White,
1985; Turner, 2010; Vanderwel et al. 2013), sometimes in completely novel ways
(Mesquita et al. 2001; Prach and Walker, 2011). Moreover, they have the potential to
create acute changes in ES and functions over short and long timescales (i.e. from years
to centuries) (Turner, 2010), the consequences of which include the release of previously-
sequestered greenhouse gases (e.g. carbon dioxide), biodiversity loss (Royo at el. 2010;
Lavorel et al. 2014), and decreases in the size of terrestrial carbon sinks (Bonan, 2008;
Pan et al. 2011).

1.1.5. Implications for forests
Given the increasingly severe nature of global threats, modified disturbance regimes, and
changing dynamics impacting forests, rapid, large scale dieback of forests is being
observed globally (Breshears et al. 2005; Huntingford et al. 2008; Kurz et al. 2008; Raffa
etal. 2008; van Mantgem et al. 2009; Briske et al. 2010; Allen et al. 2015). Consequently,
major transformations of forest ecosystems are predicted to be occurring (Mallik, 1995;
Laurance, 1999; Thom and Seidl, 2016), including in temperate forests (van Mantgem
and Stephenson, 2007; Lindner et al. 2010). For example, abrupt shifts in condition have
been predicted for tropical forest regions as a result of interactions between climate
change, precipitation amount, fire and browsing intensity (Hirota et al. 2011; Staver et al.
2011). As forests are such complex ecosystems, unpredictable and rapid changes would
be disastrous, especially relating to ES provision (Casini et al. 2009) and biodiversity
(Heller and Zavaleta, 2009; Hirota et al. 2011; Staver et al. 2011; Lavorel et al. 2014).
The UK National Ecosystem Assessment (NEA, 2011) indicates that the effects
of climate change, combined with other altered disturbances regimes, will have a dramatic
effect upon British woodlands. The most significant factor is theorised to be the increase
in biotic threats such as has been seen in North America (Hicke et al. 2012). The NEA

(2011) predicts: 1) large-scale modification of native woodland floral and faunal
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assemblages will occur; 2) significant detrimental effects of recent summer droughts and
wet winters will become apparent, with wind-throw and dieback having already
increased; 3) intensifications in nitrogen deposition, which will lower fungal and lower
plant diversity (Galloway et al. 2004); 4) UK forest growth is predicted to be reduced,
along with carbon sequestration, owing to rising ozone concentrations; and 5)

vulnerability to winter stresses will also rise.

1.2.  Resilience

In response to the above concerns, both for the UK and globally, there has been a renewed
focus on maintaining and promoting resilience of ecological systems and socio-ecological
systems to reduce the vulnerability of those systems to changes (Scheffer et al. 2001;
Biggs et al. 2012; Dai et al. 2012). This explains partially why 1% of all scientific
ecological papers now include resilience (Hodgson et al. 2015). Consequently, national
and international policies and management initiatives have adopted the use of the term
resilience. Some prominent examples of this can be found in British (Lawton et al. 2010;
Natural England, 2016), American (EPA, 2012), Australian (COAG, 2011) and African
(The African Development Bank, 2013) strategies where the main aim is to improve the
sustainability and health of countries. The enhancement of resilience is also featured as a
goal in major international strategies, including the fifth assessment of Intergovernmental
Panel on Climate Change (IPCC, 2014) and the Convention on Biological Diversity
(Thompson, 2009). Despite the abundance of use of the term resilience in policy, it is
seldom defined and thus its current use in policy and management lacks usefulness
(Myers-Smith et al. 2012; Newton, 2016).

Many different and sometimes contradictory definitions of ecological resilience
have come to exist in a scientific context. This has made the use of resilience in a purely
ecological context difficult to interpret (Grimm and Wissel, 1997; Beisner et al. 2003;
Brand and Jax, 2007; Newton, 2016). For instance, in a review of 234 publications
referring to resilience, 66% of studies did not specify the explicit definition used (Myers-
Smith et al. 2012). This confusion and ambiguity has undermined scientific and
management quality since such management approaches including the adaptive
governance framework — the recommended approach to resource management — is based
on the notion of resilience (Holling, 1978; Gunderson and Light, 2006).

For the purpose of being able to use resilience in an operational way, and for
clarity, this thesis will focus on two widely-used, complementary definitions of resilience:

ecological resilience and engineering resilience, both of which are important to consider
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as they provide different ways of assessing the resilience of natural systems. These are
described in the following section, and the main differences between the two definitions
are summarised in Table 1.1.

1.3.1. Definitions of resilience

1.3.1.1. Ecological resilience

As an ecological concept, resilience (herein referred to as ecological resilience) was
originally defined by Holling (1973) as an ecosystem’s ability to be able to maintain its
structure and function while being perturbed. It is a measure of an ecosystem’s capacity
to absorb disturbance and change and still persist (Standish et al. 2014). This definition
is often considered akin to adaptive capacity, i.e. the ability of an ecosystem to
reconfigure while undergoing disturbance resulting in no significant changes in
ecosystem properties (Carpenter et al. 2001).

The ecological resilience definition assumes that the prominent ecological theory
of multiple stable states (MSS) is accurate. MSS hypothesises that ecosystems can exist
in more than one stable state, exhibiting long-term stability under the same set of
environmental conditions (Beisner et al. 2003). These states are considered stable in
relation to community dynamics and ecological processes being in equilibrium over an
extended timescale (Holling, 1973; Groffman et al. 2006).

Cup and ball models can be utilised as a visual way of representing the MSS
concept (Beisner et al. 2003; Scheffer and Carpenter, 2003). In the heuristic (Fig. 1.2),
the multiple stable states are the valleys, or ‘domains of attraction’, while the ball
represents the current ecosystem state. If a disturbance occurs or environmental
parameters alter, the ball that normally stays in the basin will be forced to another state;
in absence of those changes, the ball naturally stays at the lowest point (i.e. the domain
of attraction). In theory, the ball’s movement can therefore be anticipated assuming all
the stressors are known (Beisner et al. 2003), with the displacement indicating the strength
and frequency of disturbance (Grimm and Wissel, 1997).

In MSS theory, an ecosystem should begin to transition between states if the ball
exceeds a peak. This peak is also known as a threshold. Thus, ecological thresholds are
points where transitions between states of an ecosystem result from small changes in
conditions or drivers (Scheffer et al. 2001), denoted by the trajectory of an ecosystem
state becoming modified, which may be difficult or impossible to reverse (Scheffer et al.
2001; Groffman et al. 2006; van Nes and Scheffer, 2007; Suding and Hobbs, 2009). If

thresholds are exceeded, non-linear responses are posited to occur (Fig. 1.3b) (Scheffer
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and Carpenter, 2003). Consequently, detections of sharp changes in an ecosystem state
should be able to be identified (Petraitis and Hoffman, 2010; Scheffer et al. 2012).
Therefore, the greater distance the ecosystem state property is from the threshold, the
greater resilience that ecosystem property has (Scheffer et al. 2001; Folke et al. 2004;
Briske et al. 2006; Scheffer, 2009; McClanahan et al. 2011; Standish et al. 2014; Newton
and Cantarello, 2015). The opposing view to the theory of thresholds is the theory that
ecosystem state declines linearly with the strength of a disturbance (Fig. 1.3a) (Suding
and Hobbs, 2009; Scheffer et al. 2012).

A fundamental ingredient of ecological thresholds is a switch from a dominance
of negative feedbacks to a dominance of positive feedbacks (Scheffer et al. 2012).
Negative feedbacks within an ecosystem act to maintain its dynamic functionality, acting
to reinforce local resilience (Rial et al. 2004; Briske et al. 2006). For example, due to the
regular forest fires in some biomes the turnover of biodiversity is constant (Turner, 2010).
Positive feedbacks promote propagation of multiple change creating a domino-like effect,
where the system dynamics become increasingly disparate (Muradian, 2001; Fagre et al.
2009), i.e. self-exacerbating feedback. For instance, if fire occurrence increases too much,
large-scale woodland fire regimes could feedback positively, altering precipitation
patterns which allow for more fires (Adams, 2013). In forest systems, degradation to
ecosystem structure and composition, soil erosion rates, water and nutrient cycles and
local climate have been included in predictions of abiotic feedback mechanisms creating
thresholds (Briske et al. 2006; Raffa et al. 2008).

If thresholds exist, exceeding one may provide significant future management
challenges (Eiswerth and Haney, 2001; Fagre et al. 2009). This is due to what is known
as hysteresis, where the change in variables needed to push the system over a threshold
differs between the two domains of attraction, being far greater when in the alternate
(post-threshold) state (Folke et al. 2004). Hysteresis is a common phenomenon in coral
reef ecosystems (Mumby, 2009; Hughes et al. 2010). For example, when urchin numbers
returned to their previous, pre-threshold abundance the coral cover did not return due to
other variables having been modified (Mumby et al. 2007). Thus, the required quantity
of a previously important variable needed to maintain a certain state can differ
considerably once the system has transitioned (Folke et al. 2004).
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Reproduced from Beisner et al. (2003).
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Fig. 1.3: Theoretical responses to of an ecosystem’s state to disturbance: a) a linear decline in ecosystem
state; and b) a state that initially exhibits resistance to disturbance before passing a threshold, after which

an abrupt change in ecosystem state is seen. Reproduced and adapted from Scheffer et al. (2012).

1.3.1.2. Engineering resilience
Another prominent definition of resilience in an ecological context, as originally
described by Pimm (1984), states that resilience is the time taken for a system to return
to its normal levels of functionality after a disturbance (Pimm, 1984; Wang and
Blackmore, 2009; Miiller et al. 2016). However, this has been slightly extended to the
degree to which an ecosystem state or property can resist or recover from disturbance
(Oliver et al. 2015). This definition is sometimes cited as engineering resilience (Standish
et al. 2014), which is what it will be referred to as the remainder of this thesis.

Adapted from the eponymous field of study, the main assumption of engineering
resilience is that after a disturbance an ecosystem will return to its pre-disturbance state
as it is near a stable equilibrium (Pimm, 1984; Holling, 1996a). This can be

conceptualised in graph form, whereby the three distinct aspects of engineering resilience
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can be assessed individually: resistance, persistence and recovery (Hodgson et al. 2015;
Nimmo et al. 2015).

Resistance is measured as the resulting change in an ecological state caused by a
disturbance, whereas recovery is the time after which the ecological state has returned to
its pre-disturbance value (Grimm and Wissel, 1997; Liao, 2012; Bartels et al. 2016) (Fig.
1.4). Persistence relates to the extent to which an ecosystem or community continues over
time after being perturbed (Grimm and Wissel, 1997; Donohue et al. 2016), allowing
determination of whether there has been a net change (Nimmo et al. 2015). In this way,
persistence could be measured as the difference between a pre-disturbance value and its

final value after an allotted amount of time (Nimmo et al. 2015; Donohue et al. 2016).
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Fig. 1.4: Representation of engineering resilience. The solid black vertical line at tO represents the resistance
(Res) of the conceptual system. The time taken for system A (solid black line) to recover fully (i.e. reach
100% of system functionality) is defined by the time between t0 and t1 (Rec (solid)). The recovery time of
B (dotted black line) would be where the dotted line reaches 100% system functionality (Rec (dot)). The

persistence of system B at t1 is represented by the blue vertical arrow on the right (Per). Adapted from Liao
(2012).

Resistance, persistence and recovery provide uncomplicated, interpretable and
operationally-viable metrics of resilience (Nimmo et al. 2015; Donohue et al. 2016),
making engineering resilience simpler to measure than ecological resilience (Liao, 2012;
Nimmo et al. 2015; Donohue et al. 2016). Furthermore, resilience in this context can be
measured as absolute (e.g. species richness change) and proportional values (e.g.
percentage of unique species lost) (Nimmo et al. 2015). However, for a comprehensive
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assessment, prior conditions need to be met to be able to calculate engineering resilience,
the main one of which is that pre-disturbance baseline data needs to be known (Mdiller et
al. 2016). This is needed as engineering resilience is measured in relation to pre-

disturbance values.

Table 1.1: Summary of the two types of resilience used in an ecological context.

Ecological resilience Engineering resilience

An ecosystem will return to its
Main assumption Multiple stable states exist. pre-disturbance state after a
disturbance.

Existence of current

Focus functionality Efficiency of current functionality
Magnitude of disturbance that | Resistance to disturbance, time
Measurement can be absorbed before taken to recover to pre-

transition to another state (i.e. | disturbance state and persistence

proximity to thresholds) when undergoing disturbance.

Holling,1973; Holling, Pimm, 1984; Holling, 1996a,b;

References 1996a,b; Walker et al. 2004; Nimmo et al. 2015; Donohue et

Standish et al. 2014 al. 2016

1.3.2. Applying the resilience concepts

As described by Holling (1996) and others (e.g. Walker et al. 2004), the two definitions
of resilience focus on slightly different aspects. The first (ecological resilience) pertains
to the existence of the ecology unit, whereas the other (engineering resilience) focuses on
the efficiency of the ecology unit. Nonetheless, these aspects are related. For instance,
when applying the engineering resilience concept, an ecological state that never recovers
after a disturbance could be assumed to have entered an alternate stable state (Shade et
al. 2012; Muller et al. 2016). Additionally, an ecosystem could be interpreted to have
changed states as a relatively immediate effect of a disturbance, while at larger spatial
and temporal scales this is part of the overall recovery process (Turner, 1990; Scheffer
and Carpenter, 2003; Peters et al. 2007). Therefore, to provide measurements of resilience
as to be useful for management, it is suggested that gaining a comprehensive
understanding of resilience at all scales requires both definitions of ecological and
engineering resilience to be considered, together with their operational limits of
application (Walker et al. 2004; Standish et al. 2014). Specifically, the threshold concept
from ecological resilience and the calculations of resistance, persistence and recovery

from the engineering resilience definition should be included for a full assessment of
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resilience for management and policy (Walker et al. 2004; Standish et al. 2014; Nimmo
et al. 2015; Bartels et al. 2016; Donohue et al. 2016).

1.3.3. Resilience of what?

Resilience literature in ecology is largely theoretical, especially when the focus is on
ecological resilience rather than engineering resilience. Consequently, ecological
resilience concepts, including thresholds, normally relate to stable states of an ecosystem,
as described in 1.3.1.1. Such states may include those of woodland, defined by a certain
level of canopy cover (Staver et al. 2011), or a specific community present in an aquatic
system (Jackson et al. 2001; Hughes et al. 2010). In this context, it is generally pre-
threshold resilience that is important — resilience that maintains a state in a desired
condition, thus stopping transition to an undesirable state (Standish et al. 2014).

However, the desirability of resilience does not always pertain to a stable state,
but rather specific variables within a state (Nimmo et al. 2015). For example, a
conservationist may only be interested in the abundance of species of conservation
concern, while others may be purely interested in carbon sequestration or productivity.
Therefore, desirable resilient aims may differ between organisations or people (Standish
et al. 2014), and different conclusions could be drawn from the same study. This is
emphasised in studies such as that of Reemts and Hansen (2007), where 65 transects of
moderately or severely burned oak stands were recorded eight times over 11 years after a
fire. The study found that although the woodland state (i.e. a dense tree area) returned
within 10 years, the composition was different; oak (Quercus sp.) remained largely
dominant but a locally important species, Ashe juniper (Juniperus ashei), was
significantly less abundant, which meant that golden-cheeked warblers (Dendroica
chrysoparia) declined by 80% in those burnt areas. Thus, although the woodland state
recovered, the state variables of juniper and the warblers did not. It is for this reason that
specific variables of interest should be defined and made explicit before resilience
measurements, to reduce further confusion regarding resilience in research or
management (Brand and Jax, 2007; Cumming, 2011).

For the above reasons, any study focused on resilience should specify beforehand
what ecosystem state, property or phenomenon is being considered is required - i.e. what
is the subject of assessment, what is desirable to be resilient (Carpenter et al. 2001;
Zavaleta and Chapin, 2010; Allen et al. 2016; Bartels et al. 2016)? This is important in
determining what specific measurements will need to be taken to fulfil aims (Nimmo et

al. 2015).
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1.3.4. Resilience to what?

For both ecological and engineering resilience, resilience of an ecosystem is based on a
system’s reaction to specific disturbance (Suding and Hobbs, 2009; Standish et al. 2014;
Hodgson et al. 2015; Bartels et al. 2016). Therefore, it is important to determine what
disturbance resilience will be measured in respect to, as different disturbances may
produce disparate outcomes (Carpenter et al. 2001; Allen et al. 2016). This can
correspond to specific disturbance regimes, which include the frequency and intensity of
any disturbance (Pickett and White, 1985). However, in real-life this is difficult to define
precisely for various reasons: i) the same disturbance can have varying impacts on
different systems at the same time, or on the same system at different times; ii)
disturbances can impact terrestrial ecosystems at varying scales (Pickett and White, 1985;
Peterson et al. 1998; Turner, 2010); iii) the properties of disturbance are variable
(Donohue et al. 2016); and iv) resilience is contingent on the collective behaviours of
disturbances, not necessarily a single disturbance (Seidl et al. 2014a). To overcome these
difficulties, specific disturbances need to be defined in any research beforehand, together
with acknowledgment of the uncertainty of disturbance (Carpenter et al. 2001; Bartels et
al. 2016).

1.3.5. Resilience at the landscape scale

Another decisive factor of resilience is the spatial scale used to assess it (Carpenter et al.
2001; Standish et al. 2014; Hodgson et al. 2015; Nimmo et al. 2015; Allen et al. 2016).
This is owing to disturbances, biodiversity and ecosystem processes operating at different
scales that influence the mechanisms and feedbacks responsible for making a system
resilient (Peters et al. 1998; Heffernan et al. 2014; Peringer et al. 2016; Fig 1.5) and due
to the patterns created as a response of historic processes (Kauffman, 1993). For example,
in a forested landscape: at the plant scale, predominant fast biophysical processes control
plant physiology; at the larger stand scale, interspecific plant competition for nutrients,
light, and water influences species composition, tree growth and regeneration (Uhl et al.
1988; Rentch et al. 2010; Flaver et al. 2014), which in turn creates unique niches for
relatively small faunal assemblages; at forest scale, disturbances including fires, storms,
pest and pathogen outbreaks, and ungulate herbivory influence forest succession
dynamics and structure at different locations within the forest, and over varying temporal
scales, from years to decades (Dale et al. 2001; Raffa et al. 2008); and at landscape scale,
processes relating to climatic, geomorphologic, and biogeographic influences shape
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structure of habitats and dynamics across hundreds of kilometres, and over hundreds of
years to millennia (Peters et al. 1998; Dale et al. 2001; Fisichelli et al. 2014).

Of these scales, it is at the larger scales, particularly the landscape scale, that the
study of resilience is in its infancy. This means that the complexity of cross-scale
interactions explored above has rarely been assessed with respect to resilience. In
addition, studies of landscape resilience are constrained due, in part, to two issues: a lack
of an operational definition as to what landscape resilience means, and a difficulty in
estimating or measuring it (Allen et al. 2016; Newton, 2016). The difficulties of defining
and measuring landscape resilience stem from needing to ensure that all the effects of
relationships between scales at which different system processes operate are incorporated,
including the frequency and/or magnitude of their interactions. This has inhibited the
application of landscape resilience to the real world, including studies of what may
influence resilience at larger scales (Peters et al. 1998).

Currently, the few authors that have sought to define landscape resilience have
largely adapted the definition from the ecological resilience definition, thus experiencing
the same issues. For example, Cumming et al. (2013) defined landscape resilience as akin
to a complex adaptive system that can deal with disturbances, is spatially located and
includes interactions between ecological aspects and people; Barbosa and Asner (2017)
determined it as the capacity of biota to reorganise to a pre-disturbance state; and DeRose
and Long (2014) regarded it as the influence of a particular disturbance on future structure
and composition of woodlands. However, Tambosi et al. (2014) stated that landscape
resilience, in the context of ecological restoration, is the capacity of recovery of biota
through immigration after local biodiversity losses, a definition that is more analogous to
engineering resilience.

Even with a lack of guidance regarding its measurement, several frameworks have
been created that have listed principles thought to enhance landscape resilience. Beller et
al. (2015), for example, in the context of socioecological systems, separated seven major
factors that are each thought to contribute in a different way to landscape resilience. These
include: the constraints of a landscape; physical, chemical and biological processes
occurring; connectivity, diversity and complexity; functional redundancy; overlapping
functions that provide protection against loss of a single function; scale; and people. Biggs
et al. (2012) highlighted similar principles in the context of management aiming to
enhance landscape resilience, adding that slow variables and feedbacks need to be
managed and that understanding, learning and experimentation are important to

promoting resilience. Moreover, in a purely ecological and spatial context, Cumming
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(2011) included variations in habitat loss, patch-surroundings, fragmentation of
landscapes and spatial habitat composition as aspects that influence landscape resilience.
There are several common themes within the landscape resilience frameworks described
above, most of which pertained to landscape diversity and connectivity.

Landscape diversity refers to the key components of landscapes, which are the
numerous different species and biophysical environment. Generally, there is consensus
that landscape stability increases with spatial variation, as relationships across diverse
landscapes are dynamic relating to structural, trophic and disturbance elements and their
interactions (Peters et al. 1998; Cumming et al. 2011). Higher levels of biodiversity;
functional redundancy, the amount of species in an ecosystem that contribute the same or
asimilar function (Laliberté et al. 2010), and disparate habitat patches have been proposed
to enhance the overall resilience of the landscape, as dissimilar habitats and groups
respond to disturbance differently (Debinski and Holt, 2000; Mori et al. 2013; Mouillot
et al. 2013; Altieri et al. 2015; Oliver et al. 2015).

Landscape connectivity is perhaps the most widely regarded as being an
aspirational influencing factor of landscape resilience (Standish et al. 2014; Tambosi et
al. 2014; Oliver et al. 2015). This is due to higher degrees of connectivity being expected
to be advantageous by influencing dispersal and establishment probability and therefore
the turnover and recovery of species, maintaining beta diversity (Wang and Loreau,
2014). This has been observed in abandoned field recolonisation and dispersal studies, in
which greater connectivity enabled quicker recolonisation and dispersal (Standish et al.
2007; Oliver et al. 2013; Jakobsson et al. 2016). However, seemingly contrary
conclusions have been drawn from other research that claims highly connected
landscapes could lead to propagation of disturbances and therefore result in lower
resilience (Loreau et al. 2003; Rahel, 2007; Gonzalez et al. 2009). This has been theorised
in the context of homogenous landscapes including monoculture agricultural and wooded
landscapes (Saab et al. 2014), where pest outbreaks have devastated a high proportion of
the land cover, only slowing when its food source (i.e. the plant species) populations
dwindle (USDA, 2012). In such examples, a more broken and less connected landscape
may have increased resilience (van Nes and Scheffer, 2005; Biggs et al. 2012; Altieri et
al. 2015).

As a result of landscape connectivity being seen as influential for enhancing
resilience, the notion that connectivity infers resilience has been accepted by policy and
management, where aims to increase the connectivity of natural systems have been

incorporated into resilience strategies (e.g. Heller and Zavaleta, 2009; Lawton et al. 2010;
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JNCC, 2012). Like resilience, however, difficulty exists when defining connectivity
owing to the array of ways there are of quantifying it (Goodwin, 2003), possibly leading
to further misuse of both concepts.

In ecology, connectivity is defined, broadly, as the capacity of landscapes to
facilitate flow of organisms and ecological processes (Taylor et al. 1993; Tambosi et al.
2014), and generally relates to one of two components: structural or functional
connectivity. Structural connectivity refers to the habitat pattern of landscapes and is
measured using metrics of landscape composition and configuration, as these describe
landscape heterogeneity and structure. Such metrics include total habitat area, isolation
and edges of habitat (Estreguil et al. 2013; Haddad et al. 2015). Functional connectivity
is more complicated and incorporates metrics pertaining to the capacity, facilitation and
flows of ES and biodiversity (Tambosi et al. 2014), dispersal success and probability of
movement (Goodwin, 2003; Estreguil et al. 2013), and proximity of patches, matrix
permeability, and (re)colonisation dynamics (Tambosi et al. 2014).

To be able to apply the concept of landscape resilience in practice and therefore
justify its use as a measure in policy and management, appropriate guidance is needed.
Such guidance needs to be informed by empirical studies and should determine what
effect factors that are hypothesised to enhance landscape resilience, such as certain
metrics of connectivity, have with respect to likely disturbances, if any. Although the few
definitions that exist of landscape resilience generally view the landscapes in terms
similar to ecological resilience, the use of engineering resilience measurements would
provide a more informative and robust way of assessing landscape resilience due to the
defined metrics (Donohue et al. 2016; Nimmo et al. 2015).
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Fig. 1.5: Representation of the processes that structure forests over different temporal and spatial scales.
The different black symbols represent the variations of actions of herbivorous mammals based on body
size, with squares, circles and triangles representing mammals the size of moose, beavers and mice,

respectively. Reproduced from Peters et al. (1998).

1.3.6. Resilience assessments and indicators

The ultimate reason for studying resilience and including it in policy is to identify risks
and opportunities, prevent the loss and decline of important aspects of natural systems
(e.g. biodiversity or ES) and, if required, identify alternative management strategies
(Quinlan et al. 2016). Failure to implement the right strategy could result in the

irreversible decline of the important products of an ecosystem. For example, misinformed
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strategies have previously led to the loss of livestock production in rangelands (Ellis and
Swift, 1988; Buttolph et al. 2004) and collapse of fisheries (Nayak et al. 2014).

Even when it is not possible to avoid severe degradation of an ecosystem, studies
on resilience can still inform management policies that contribute towards conserving
some important aspects of that ecosystem (Lindenmayer et al. 2016). Consequently, there
is a growing demand to develop metrics that can be used operationally in the measurement
of resilience (Bennett et al. 2005; Quinlan et al. 2016). However, there are considerable
challenges to devising appropriate and useful metrics for this, owing to the complex
ecological systems in which resilience cannot be easily determined (Quinlan et al. 2016).

To counter some of the challenges, resilience assessments, rather than the actual
measurement of resilience, have been utilised in management systems to enable greater
understanding of the current system dynamics at a given location and time (Bennett et al.
2005; Walker and Salt, 2012; Quinlan et al. 2016). Resilience assessments do not monitor
and measure resilience directly, but rather use surrogates or proxy measures as indicators
to infer how resilient a system is by using knowledge about the system of interest (Bennett
et al. 2005; Carpenter et al. 2005; Scheffer et al. 2015; Quinlan et al. 2016). Indicators
are surrogates for overall condition or response of an ecosystem when all individual
factors are too difficult to assess (Hyman and Leibowitz, 2001; Turnhout et al. 2007). In
effect, they are the canary in the mine used to determine changing environmental
conditions (Burrell and Siebert, 1916). In ecology, a vast array of indicators has been
developed for summarising broad trends at different scales (Noss, 1999; Niemi and
McDonald, 2004; Gao et al. 2015). For example, lichen have been used as an ecological
indicator of air quality (Sett and Kundu, 2016), and land cover and its change have been
used as a proxy for ES provisions (e.g. Koschke et al. 2012). The UK uses broad taxa
indicators to determine wider changes in overall biodiversity, to help fulfil its
commitment to the Convention on Biological Diversity and avoid biodiversity loss
(JNCC, 2012). For forest ecosystems specifically, indicators often provide proxy
measures for the three main attributes of forest condition, namely composition, structure
and function (Noss, 1999; Newton, 2007; Gao et al. 2015), while other useful indicators
provide proxy measures for whole stand development, growth and regeneration
(Trumbore et al. 2015). Therefore, a rich wealth of knowledge regarding possible
indicators is available.

However, resilience assessments differ in two important ways from ecological
indicators, all of which need to be considered when deciding whether an indicator may

be appropriate (Carpenter et al. 2001; Bennett et al. 2005). First, resilience depends on
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scale, whereas ecological indicators may not (Carpenter et al. 2001). Second, indicators
may only address the state of an ecosystem property at the current time, whereas resilience
IS a measurement over time (Carpenter et al. 2001; Scheffer et al. 2015). To overcome
these differences, proposed indicators should focus on slow-changing variables when
testing indicators for resilience — i.e. ones that change monotonically over time with
condition (Carpenter et al. 2001; Bennett et al. 2005; Walker et al. 2012; Nemec et al.
2014). Slow-changing variables are often the controlling variables, which will ultimately
affect the fast-changing variables. Thus, while the fast-changing variables, such as a
species or ES, may show more variation in the short term, the slow-changing ones will
ultimately determine the level of resilience in a known system (Walker et al. 2012).
Resilience assessments of slow-changing measures have previously included nutrients in
sediment and soil in lake districts, while in more socio-ecological systems, leasehold
arrangements and other social input may have to be considered in addition to changing
ecological variables, as both could result in major changes over time (Carpenter et al.
2001; Quinlan et al. 2016).

Ideally, surrogate indicators that are used to infer resilience should be initially
collected over a gradient of environmental change, with observations performed at
discrete levels if possible (Scheffer et al. 2015). Such a measure enables a greater wealth
of knowledge of the complex properties of that particular ecosystem to be obtained, which
in theory lessens the inaccuracy of any subsequent resilience assessments (Scheffer et al.
2015). Such indicators need to be clearly defined, scale-relevant and measurable with
regard to the wealth of, or lack of, previous data pertaining to that particular location
(Carpenter et al. 2001; Washington-Allen et al. 2008; Standish et al. 2014; Scheffer et al.
2015). Currently, in the context of using suitable indicators to assess resilience, effective
indicators are lacking for most ecosystems (Carpenter et al. 2001; Oliver et al. 2015;

Scheffer et al. 2015), and therefore more Surrogate indicators need to be discovered.
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1.4. Knowledge Gaps

In a highly influential report, Lawton et al. (2010) examined the resilience of the UK’s
current environmental networks. The report concluded that England’s wildlife sites were
not resilient enough to deal with existing threats, let alone future pressures such as climate
change. In response to the issues raised in Lawton et al. (2010) and NEA (2011), the first
Natural Environment White Paper (NEWP) in 20 years was published (HM Government,
2011). The NEWP specifically identified that the UK woodlands and their services are
essential to maintain, for both the conservation of British wildlife and valuable amenities
to support human well-being (i.e. ES) (HM Government, 2011). The NEWP therefore
committed to providing “appropriate protection to ancient woodlands” (HM Government,
2011, p69), conceding that “forests and woodlands must play a full part in achieving a
resilient ecological network across England” (HM Government, 2011, p25). However,
there are some significant knowledge gaps involved with being able to incorporate
resilience concepts in an effective way, largely owing to resilience being theoretical and
thus lacking empirical evidence especially in temperate landscapes (Standish et al. 2014;
Newton, 2016).

Achieving such ambitious goals as those set out in the NEWP is difficult with the
current ambiguity and lack of quantification regarding resilience. Therefore, to gain
knowledge about how resilient woodlands are and what factors may influence resilience
in the future, there are crucial steps that need to be taken. The first is to discover how
important underlying properties of woodlands such as biodiversity, ecosystem functions
and ecosystem services change as woodlands undergo degradation (Groffman et al. 2006;
Carpenter et al. 2009). This includes testing whether there are points at which a small
change in environmental conditions could lead to an abrupt change in important woodland
EPs (Muradian, 2001; Lindenmayer and Luck, 2005; Steffen et al. 2015).

Like many ecological processes, little progress has been made in extrapolating
stand level resilience and dynamics to the landscape scales (Peters et al. 1998; Oliver et
al. 2015). Therefore, the second step involves elucidating what the main factors
influencing resilience at the landscape scale are based on the dynamic changes of EPs at
smaller scales (Lambin and Meyfroidt, 2011; HM Government, 2011; Tambosi et al.
2014; Oliver et al. 2015).

Using obtained knowledge of resilience of important EPs at the different scales,
managers, researchers and policymakers will be better enabled to produce sufficient plans
to help manage for more resilient woodlands in the future. However, such information

needs to be combined with a way of determining localised resilience in the field so that it
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can be fed into adaptive management plans effectively (Bennett et al. 2005; Quinlan et
al. 2016). Therefore, to meet this need suitable surrogate indicators need to be elucidated
so that they can be used in future resilience assessments (Carpenter et al. 2001; Scheffer
et al. 2015; Quinlan et al. 2016). This may be able to be carried out through current cost-
effective monitoring tools which are used to determine the condition of forest stands.
Once knowledge regarding forest resilience has been obtained, it can be used in
management and policy to aid the conservation of forests through enhancement of

resilience.
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1.5. Thesis focus, objectives and structure

1.5.1. Thesis focus

This research will examine a forest ecosystem in the UK that is currently undergoing
dieback, as a result of the interaction of multiple stressors (Newton et al. 2011; Martin et
al. 2015), to gain insight into the resilience of its woodlands. Specifically, four metrics of
resilience will be considered in this work: i) the possibility of thresholds at the stand scale;
and landscape scale ii) resistance; iii) persistence; and iv) recovery. In addition, changes
associated with beech dieback will be measured in a woodland ecosystem to see if such
measurements can be used as surrogates to infer the current resilience of woodland stands

through resilience assessments.
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1.5.2. Aims and objectives

The aims of this research are: i) to increase understanding concerning ecological
thresholds, relating specifically to the biodiversity, and ecosystem services, functions and
conditions of a forest ecosystem; ii) to determine how resilient forest ecosystem
properties are at a landscape-scale; and iii) to determine the effectiveness of potential
tools that could be used to infer dieback-related woodland condition, to provide insight

into the usefulness of such tools in determining resilience.

The main guestion:

How resilient are the temperate woodlands of the New Forest and what tools can be

used to infer resilience?

The specific objectives and questions of this thesis are:
1. To test the threshold hypothesis over a woodland dieback gradient.
a. How are biodiversity, ecosystem functions and condition affected in a forest
undergoing dieback?

2. To examine the effectiveness of rapid condition assessment tools as a proxy use
for inferring woodland resilience.
a. Canairborne lidar-derived structural condition measures be used to predict the
ecological condition of tree stands, biodiversity and ecosystem properties?
b. How effective is the current condition assessment method at detecting changes

between the stages of dieback?

3. To determine whether woodland cover relates to resilience of ecosystem
properties at a landscape scale.
a. Does the amount of initial woodland cover affect ecosystem resilience at
the landscape scale?
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1.5.3. Thesis structure
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1.6. Study area: The New Forest, Hampshire

The study area that was used for the entirety of this thesis, the New Forest, was established
as a hunting forest in the 11" century by William the Conqueror (Tubbs, 2001), and is of
exceptional importance for biodiversity conservation (Newton, 2010). A brief description
of the New Forest is provided here as context for the following chapters of this thesis.

The New Forest is positioned mainly in the county of Hampshire on the south
coast of England (longitude: 1°17°59”’ to 1°48°8” W, Latitude: 50°42°19”” to 51°0°17”’
N) and its official boundaries, known as the perambulation of the Forest, encompass close
to 38,000 hectares, with a small percentage in private ownership (Berlin et al. 1960;
Newton, 2010). In 2005, the New Forest National Park (NP) was created. The NP
encompasses a larger area of approximately 57,000 ha, and includes the perambulation
within its boundaries (Chatters, 2006). The New Forest also has many other conservation
designations, including 20 Sites of Special Scientific Interest (SSSIs), two Ramsar
Convention sites and six Natura 2000 sites (Newton, 2010). The local climate is oceanic
and temperate, with a mean annual maximum temperature of 14.8°C and annual rainfall
of 835.2 mm, based on data available between 1981 and 2010 (Met Office, 2015).

The New Forest is underlain by soft, sedimentary clay and sandy soils of Tertiary
age deposited during the Palaeocene. It lies in the centre of the Hampshire Basin, a chalk
syncline (Tubbs, 2001). The New Forest’s core extends across a marginally elevated
plateau that slopes gently from north to south at between 1° - 2°, with deeper valleys in
the north. Another important aspect of the New Forest’s geology is that the landscape is
dominated by gravel terraces, which derive from the time that the New Forest used to be
either a sea or estuary. Overall, the New Forest is a mixture of base-poor acidic soils, with
flat, gravelly areas; well-drained clay and loam; and marshy bogs and mires, which
continuously are waterlogged (Tubbs, 2001).

Together with its geology, free-roaming large herbivores in the New Forest have
helped shape the character of the Forest since medieval times through influencing the
structure of the wood and impacting regeneration. High densities of ungulates, which
include livestock and deer (Newton, 2010), still roam freely in the modern day, partly
owing to the unique commoning rights of the Forest’s human inhabitants.

Resulting from its unique history, the New Forest features three habitats that are
rare and highly fragmented in lowland Britain: heathland, valley mire and ancient pasture
woodland. When combined, the areas of these habitats form the main area of the New
Forest Special Area of Conservation (SAC), which altogether spans approximately

29,213 ha (JNCC, 2011) (Fig 1.6) and supports an exceptional array of biodiversity.
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Twenty-nine per cent of the SAC designation is classified as broadleaved deciduous
woodland, claiming the ‘most extensive area of active wood-pasture with old oak
(Quercus spp) and beech (Fagus sylvatica) in north-west Europe’ (JNCC, 2011) at
approximately 5,000 ha (Chatters, 2006). The ancient woodland, coined the Ancient and
Ornamental (A&O) woodlands in the New Forest Act 1877, is covered by the SAC, and
provides the greatest area of semi-natural vegetation in lowland Britain (Tubbs, 2001).
Beech and oak dominate the SAC woodland habitats, with abundant holly (llex
aquifolium) in the shrub layer. The structure of the woodlands is variable and dynamic,
including veteran trees that originated as far back as the 17" century, ancient woodland
(i.e. wooded since 1600 AD), pasture-woods, open areas with a high quantity of lying
dead wood and standing dead wood, and new woodland expansion. The SAC

encompasses all the individual sites of the New Forest that were used in this thesis.
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Fig. 1.6: The extent of the New Forest Special Area of Conservation (SAC; hatched) and the New Forest
National Park (red).

1.6.1. Beech dieback in the New Forest

Beech trees have experienced high mortality rates in the New Forest over the last few
decades, the determinate causes of which are uncertain (Tubbs, 2001; Newton, 2010). A
major drought that occurred in 1976 is hypothesised to be one of the main contributing

factors. This is based on data from Denny Wood, a section of the New Forest that has
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been recorded for the past 50 years (Manners and Edwards, 1986; Mountford et al. 1999;
Mountford and Peterken, 2003; Martin et al. 2015). The 1976 drought is similarly thought
to have killed many large beech trees in other parts of the UK, such as Lady Park Wood
in the west of England, in which large-scale beech mortality continued for 15 years after
the drought (Peterken and Mountford, 1996). In addition, historically strong storms in
1987 and 1990 are also thought to have contributed to large beech tree mortality trends
(Mountford et al. 1999; Mountford and Peterken, 2003), while debarking by grey
squirrels and self-thinning affect smaller-stemmed beech trees (Mountford and Peterken,
2003; Mountford et al. 1999).

Martin et al. (2015) showed that beech mortality is still ongoing in the New Forest,
with sections of Denny Wood declining by a mean of 32% basal area (BA) over 50 years.
The study suggested that continued climate change and associated growing season
temperatures could have led to serious water deficits since 1976, contributing to the large
scale dieback of beech (Martin et al. 2015). Similar increased summer temperatures and
water deficits are thought to have caused beech dieback throughout Europe (Zimmermann
et al. 2015; Cavin and Jump, 2016).

Water deficits can majorly affect beech, as it is a highly drought sensitive species
(Packham et al. 2012). The shallow roots of beech may limit the water exploitation
potential of beech (Peterken and Mountford, 1996). Under drought conditions, when
beech has a limited ability to take up water, its xylem potential drops swiftly
(Scharnweber et al. 2011). Additionally, when stressed, beech appears to be unable to
exploit wetter soils by expanding its root system (Lang et al. 2010), and has a high
turnover of fine roots (Meir and Leuschner, 2008).

Other drivers of widespread beech dieback may become more prominent in the
UK in the future as the climate continues to change. In mainland Europe and the USA the
occurrence of Phytophthora fungi has become widespread and caused tree death to an
extent in which it’s too hard to manage (Jung et al. 2006; Jung, 2009; Cunniffe et al.
2016). The Phytophthora genus, which literally translates as ‘plant destroyer’ in Greek
(Brasier, 2008), is a pathogenic fungus that causes mass damage to tree species
worldwide. Recently, Phytophthora ramorum has been recorded in the New Forest, with
beech being considered to be the most vulnerable species to the pathogen (Forestry
Commission England, 2015). Therefore, the spread of pathogens and climate change are
likely to be a combined threat in the future (Jung, 2009; Martin et al. 2015).
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Chapter 2:
Thresholds of biodiversity and ecosystem function in a forest

ecosystem undergoing dieback

2.1. Abstract

Ecological thresholds, which represent points of rapid change in ecological properties,
are of major scientific and societal concern. However, very little research has focused on
empirically testing the occurrence of thresholds in terrestrial ecosystems. To address this
knowledge gap, it was tested whether a number of biodiversity, ecosystem functions and
ecosystem condition metrics exhibited thresholds in response to a gradient of forest
dieback, measured as basal area decline of living trees. The gradient of dieback was
sampled using 12 replicate study areas in a temperate forest ecosystem. Our results
provide novel evidence of several thresholds in biodiversity, namely species richness of
ectomycorrhizal fungi, epiphytic lichen and ground flora; for ecological condition (e.g.
sward height, palatable seedling abundance) and a single threshold for ecosystem function
(i.e. soil respiration rate). Mechanisms for these thresholds are explored. As climate-
induced forest dieback is increasing worldwide, both in scale and speed, these results
imply that threshold responses may become increasingly widespread.

2.2. Introduction
The living world is currently experiencing an unprecedented period of environmental
change (Rockstrom et al. 2009; Grimm et al. 2013; Mace et al. 2014; Steffen et al. 2015).
In recent decades, human-derived actions such as carbon emission, movement of species
and large-scale land transformations (e.g. urban and agricultural expansion) have become
pervasive throughout the biosphere. Impacts of human activity have become so
widespread and intrusive that a new geological epoch, the Anthropocene, has been
proposed (Steffen et al. 2015). Human actions have influenced the functioning of the
Earth system to such an extent that the consequences could be detrimental or even
catastrophic for human society (Rockstrom et al. 2009; Grimm et al. 2013; Mace et al.
2014; Steffen et al. 2015). This is reflected in development of the planetary boundaries
concept, which suggests that if specific thresholds of environmental change are
transgressed, there may be increased risks to human wellbeing or to resilience of the
whole Earth system (Rockstrom et al. 2009; Steffen et al. 2015).

The concept of planetary boundaries, together with allied concepts such as

resilience (Rockstrom et al. 2009; Steffen et al. 2015), depends on the existence of
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ecological thresholds. Such thresholds are defined as points or zones where relatively
rapid change occurs from one ecological condition to another (Huggett et al. 2005), and
are characterised by a non-linear response of an ecosystem property to a controlling
variable that increases linearly (Scheffer et al. 2001). If thresholds occur in nature, a slight
increase in disturbance intensity or frequency could cause a disproportionate change in
an ecosystem property. Such changes could include the loss of biodiversity crucial for
ecosystem function (Keith et al. 2013) and the loss of regulatory ecosystem services on
which humans depend (MEA, 2005). Moreover, a threshold in one ecosystem property
could sequentially disrupt the self-organising networks that govern local dynamics of
other systems (Filotas et al. 2014), and could potentially cause unpredictable responses at
the scale of whole Earth system dynamics (Huggett al. 2005; Anderies et al. 2013; Steffen
et al. 2015). There is a need to avoid crossing such thresholds to enable ecological
systems, and their associated socio-economic systems, to be maintained in the future
(Farley and Voinov, 2016).

Ecological thresholds are thought to be attributable to shifts in the relative strength
of balancing (i.e. negative) and reinforcing (i.e. positive) feedback loops that influence
the dynamics of an ecosystem (Briske et al. 2010). For example, in many terrestrial
ecosystems, low water availability acts to regulate the growth of plants. Conversely, if
water availability increases by a sufficient amount, the biomass and complexity of
vegetation can increase, which can further increase water availability by modifying the
water cycle (Bonan, 2008; Sala and Maestre, 2014).

Despite the perceived global importance of ecological thresholds, supporting
evidence is largely theoretical (Scheffer et al. 2001; Dakos et al. 2008), and the issue is
the focus of major scientific debate (Barnosky et al. 2012; Brook et al. 2013). Supporting
empirical evidence from field situations is severely limited (Radford and Bennett, 2004;
Huggett et al. 2005), and is primarily available for aquatic systems (Jackson et al. 2001;
Hoegh-Guldberg et al. 2007; Catalan et al. 2009). Field evidence for ecological thresholds
resulting from environmental change is particularly lacking in terrestrial ecosystems
(Huggett et al. 2005; Sasaki et al. 2015). This research therefore aimed to test the
hypothesis that threshold responses exist in measures of 1) biodiversity, 2) ecosystem
function and 3) ecosystem condition within a terrestrial ecosystem, specifically temperate
forest. To test this hypothesis, a beech-dominated forest that is currently undergoing
large-scale dieback in response to environmental change was examined, as revealed

through analysis of long-term monitoring data (Martin et al. 2015).

30



2.3. Methods
2.3.1. Study area

We carried out this study in the New Forest National Park (NP), which covers an area of
57,100 ha situated in southern England (longitude: 1°17°59" to 1°48°8>> W, Latitude:
50°42°19>° t0 51°0°17°° N) (Fig. 2.1). The Forest consists of a mosaic of heathland, mire,
grassland and coniferous and broadleaf woodland (8,472 ha) ecosystems, and includes
the largest area of mature semi-natural beechwoods in Britain. The local climate is
oceanic and temperate, with a mean annual maximum temperature of 14.8°C and annual
rainfall of 835.2 mm, based on data available between 1981 and 2010 (Met Office, 2015).
The Park contains the largest area of semi-natural vegetation in lowland Britain (Tubbs,
2001), and is of exceptional importance for biodiversity conservation (Newton, 2010).
The New Forest is also characterised by high densities of large herbivores, including

livestock and deer, reflecting its history as a Royal hunting reserve (Tubbs, 2001).
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Fig. 2.1: Map of the New Forest National Park, Hampshire, UK. Green represents the areas of woodland
and red represents the areas of dieback recorded in the Forest. The study sites for Chapter 2 are indicated

by the pink dots.

2.3.2. Experimental design
A geographic information system (GIS) (ArcGIS 10.1) was utilised to identify suitable
study sites of forest dieback within the New Forest. Spatial information included 25 cm
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resolution aerial photographs, captured in 2007 by GeoPerspectives, and areas of known
historic woodland dieback, recorded in 1999 (Peterken et al. 1999). The resulting areas
of dieback were overlaid on top of several layers, including soil data (NATMAP; National
Soil Map), obtained from National Soil Resources Institute (NSRI), Silsoe, Bedfordshire,
UK; regeneration plots; and a tree composition map, derived from data collected in 1982
(Flowers and Tubbs, 1982). These were used to identify areas to ground-truth, based on
the criteria of > 50% beech composition, no managed regeneration and soil homogeneity.

Study sites were chosen if it could encompass the five stages of the woodland
dieback gradient and showed signs of dieback, such as dead beech trees. Overall, twelve
replicates sites were used (Fig. 2.1). Within each site, five 20 x 20 m survey plots were
established along a gradient of woodland dieback, using basal area (BA) as a measure of
forest structure, calculated following Cantarello and Newton (2008).

To create a conceptualised gradient of forest dieback, the fundamental criterion
was based on the stand BA of living Fagus sylvatica trees within each plot. Five stages
were used: 1) intact (no dieback); 2) slight dieback; 3) moderate dieback; 4) major
dieback; and 5) total dieback. The mean of the 12 intact plots was used as a baseline value.
The other four plot stages were accordingly classified as slight dieback (25% BA less
than the baseline value), moderate dieback (50% BA less), major dieback (75% BA less)
and total dieback (100% BA less) (Fig. 2.2; Table 2.1). Other trees present in the plots,
which were not included in the beech BA measurements, were mainly holly (llex
aquifolium). Excluding the total dieback stage, holly made up < 22% total BA for all
plots, with a maximum of 10.5 m? hal BA for a single plot. In the total dieback plots, the
highest BA of holly was 10.5 m? ha*.

Secondary criteria required canopy openness to increase as the stages of dieback
increased, the total dieback stage being greater than 50% openness. Furthermore, it was
required that plots that were dying back had standing or lying dead wood present;
however, this was not a requirement for the intact stage plots, although dead wood could
still be present.

The edges of each plot were delineated with measuring tapes. A compass was used
to confirm that the adjacent angles were at 90° angles. A nested sub-plot of 10 x 10 m
(100 m?) was set up in the centre of each plot, laid out in the same orientation as the full
plot. The centre and the corners of the sub-plot were marked with wooden stakes for easy
identification on return visits. The mid-points of each plot were recorded using a handheld
GPS (GPSMAP 60CSx; Garmin, USA). Due to the nature of the spatial dieback, plot
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location was purposeful and not totally random, and the distribution of plots within a

study site was not uniform.
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Fig. 2.2: The mean stand basal area (BA) of dieback stages of the gradient plots. Standard error bars are
shown in red.

Table 2.1: Basal area (BA) statistics for each stage of dieback. Mean, standard deviation (SD), standard
error (SE), confidence interval (CI), minimum (Min) size of BA and maximum (Max) size of BA for each
of the stages of dieback.

Basal area of beech (m? ha'; BA)
Percent basal
area decline n Mean SD SE Cl Min Max
0% 12 66.42 10.29 2.97 6.54 59.85 98.39
25% 12 49,71 1.36 0.39 0.86 47.73 52.12
50% 12 33.37 1.79 0.52 1.14 30.58 37.12
5% 12 17.45 1.47 0.42 0.93 13.65 19.44
100% 12 0 0 0 0 0 0

2.3.3. Field measurements
Within each survey plot, the tree species and diameter at breast height (DBH, 1.3 m) was
recorded (see Appendix 2.1 for DBH measurement details). Detailed surveys of each plot
were then undertaken to identify species of epiphytic lichens, ground flora, tree saplings
and seedlings and ectomycorrhizal fungi (ECM) based on the identification of sporocarps.
In five sites ground-dwelling arthropods were trapped in pitfall traps and identified using
DNA barcoding methods (see Appendix 2.2).

As soil condition and structure are important to the productivity of the whole
woodland ecosystem, soils were sampled within each plot then analysed bulk density,
nitrate, ammonium, potentially mineralisable nitrogen, C, K, P, S, Ca, Mg, Na, Al, Mn,

pH, electrical conductivity, organic matter, soil moisture, soil temperature and particle
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size distribution using standard analytical procedures. In-situ nitrogen mineralisation and
nitrification was recorded using a resin capsule (Unibest, Walla Walla, WA, USA),
following DelLuca et al. (2013) (see Appendix 2.1 for more in-depth details of
assessment).

Measurements were also recorded for tree crown condition (Eichhorn et al. 2010),
canopy openness (Jennings et al. 1999) and dead wood volume following Newton (2007).
As a metric of herbivory, dung counts (Jenkins and Manly, 2008), plant browsing
(Bergstrom and Guillet, 2002; Gibson, 2002) scrub layer presence and condition
(Reimoser et al. 1999) and sward height (Stewart et al. 2001) were recorded.
Aboveground biomass and carbon storage were calculated following Jenkins et al. (2011),
based on constants from look up tables for specific species and the mean DBH. Soil
respiration rate was measured with a portable EGM-4 Environmental Gas Monitor CO>
infrared gas analyser (IRGA) equipped with a closed system soil respiration chamber (PP
Systems, Amesbury, MA, USA). See Appendix 2.1 for more in-depth details of
assessments. For all the variables measured, see Appendix 2.3.

2.3.4. Data analysis
All measured variables were analysed in relation to the BA gradient, with the twelve sites
treated as independent replicates. As BA was scaled linearly along the gradient, any
departure from linearity provided potential evidence of a threshold response. Generalised
linear mixed models (GLMMs) were used to analyse these responses. This was achieved
by fitting the most parsimonious models (determined using AICc) of the relationships
between percentage BA loss and the response variables, using other measured predictors
as fixed effects and study area as a random effect. Count data (i.e. non-negative integers)
were modelled using a Poisson error structure. For proportional and percentage data, a
small non-zero value was added to avoid infinite logit transformed values (Warton and
Hui, 2010). AlCc values were calculated using the maximum likelihood value of the
model (Burnham and Anderson, 2002). AlCc values were determined using the MuMIn
R package (Barton, 2014) and used to define the most parsimonious model, following an
information theoretic approach (Burnham and Anderson, 2002). Performance of models
was evaluated by calculating the marginal r?, which describes the proportion of variance
explained by the fixed effect alone (Nakagawa and Schielzeth, 2013). All analyses were
performed in R 3.1.2. (R Development Core Team, 2011, http://www.R-project.org)
using the Ime4 (Bates et al. 2013) and ggplot2 (Wickham, 2009) packages for mixed
models. A response variable was considered to show a threshold if it met three a priori
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criteria relating to the most parsimonious model: 1) the model included a quadratic term;
2) its AAICc was > 3 compared to the next closest model; and 3) its marginal r? value
was > 0.15.

These criteria were defined a priori, before conducting the analysis, to ensure a
degree of rigour and objectivity in the detection of threshold responses. It should be noted
that the criteria were developed by myself, based on what is considered to be consistent
with good practice, as described by Burnham and Anderson (2002) and Bolker et al.
(2008).

2.4. Results

Overall, 86 variables were tested across the BA gradient. Over half (44/86) of the
measured variables showed non-linear responses over the dieback gradient in this study,
of which 13 exhibited thresholds according to the a priori criteria, pertaining to
biodiversity, ecosystem function and ecological condition (see Appendix 2.4, Table A2.4

for additional results).

2.4.1. Biodiversity

The relationship between ground flora species richness and dieback was best predicted
by a regression model including both a linear and quadratic term of BA loss and a dung
predictor term for all ground flora (r? = 0.60, AICc = A5.37) (Fig. 2.3a) and ground flora
not including woody species (r> = 0.66, AAICc = 6.24). The most parsimonious ECM
species richness model exhibited a threshold, with a quadratic and linear term of BA loss
(r2=0.57, AAICc = 8.30) (Fig. 2.3b). In addition, total epiphytic lichen species richness
exhibited a threshold response, with linear and quadratic terms of BA loss and a holly
abundance term included in the most parsimonious model (r?> = 0.44, AAICc = 19.1) (Fig.
2.3c), while lichen species richness on beech trees specifically also exhibited a threshold
response (r? = 0.60, AAICc = 57.32), exhibited by having a quadratic and linear BA loss
as its terms. Thresholds were not present in ground-dwelling arthropod richness, which
was best represented by a linear BA term (r? = 0.26, AAICc = 2.41) (Fig. 2.3d) or tree
seedling richness, which was also best represented by a single linear BA term (r? = 0.19,
AAICc =2.02).
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Fig. 2.3: Relationships between stage of dieback and species richness. Relationships between stage of
dieback and species richness of a) vascular ground flora (n = 60); b) ectomycorrhizal fungi (n = 60); ¢)
epiphytic lichen (n = 60); and d) ground-dwelling arthropods (n=25). The black lines represent prediction
using the most parsimonious model coefficients and grey shading the 95% confidence intervals of the
coefficients (marginal r? = 0.60, 0.57, 0.44, and 0.26 for a-d, respectively). All species richness values are

the number of unique species found in 0.04 ha.

2.4.2. Ecosystem functions

Only a single threshold response was exhibited in the 27 soil function variables measured
over the dieback gradient, namely the case of soil respiration rate, which demonstrated
quadratic and linear terms of BA loss included in the most parsimonious model (r>= 0.16;
AAICc = 3.71) (Fig. 2.4a). For other soil functions, models with non-linear terms were
often the most parsimonious models; however, these displayed very low r? and AAICc
values and were not therefore considered to be exhibiting thresholds. These included
potentially mineralisable nitrogen in the mineral layer (r>=0.07; AAICc = 0.53) (PMNM;
Fig. 2.4b) and N mineralisation (r>=0.13; AAICc = 0.97) (Fig. 2.4c). Other modelled soil
function results indicated that strong linear relationships, but not thresholds, were
exhibited in the exchangeable cations of Na (r> = 0.34; AAICc = 7.06) and Ca (r? = 0.18;
AAICc = 3.91). Total carbon storage was best predicted by a model with solely a linear
BA term (r?> = 0.50; AAICc = 1.14) (Fig. 2.4d). The most parsimonious models for all
other soil function variables either had lower r? values, or were best modelled by null

models.
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Fig. 2.4: Relationships between stage of dieback and ecosystem processes. Relationships between stage of
dieback and a) soil respiration rate (n = 60); b) potentially mineralisable nitrogen in the mineral layer
(PMNM) (n = 60); c) net mineralisation per month (n = 55); and d) total stand carbon (n = 60). The black
lines represent prediction using the most parsimonious model coefficients and grey shading the 95%

confidence intervals of the coefficients (marginal r?=0.16, 0.07, 0.13, and 0.50 for a-d, respectively). Net
mineralisation was measured as the amount of NH4s" and NOs™ taken up by a resin capsule over a four-

month period and then divided by 4 to obtain a value per month.

2.4.3. Ecological condition

A threshold response in the average sward height was defined by the most parsimonious
model having linear and quadratic terms of BA loss (r?> = 0.51; AAICc = 17.74) (Fig.
2.5a). Similarly, some of the seedling abundances (palatable seedlings, beech and oak
separately and combined) showed thresholds effects, the most pronounced of which was
the abundance of palatable seedlings, which had linear and quadratic terms of BA loss
and a dung factor (r?> = 0.29; AAICc = 55.51) (Fig. 2.5b). The understorey biomass also
exhibited a threshold response as determined by the most parsimonious model, with linear
and quadratic BA loss as its terms (r?=0.38; AAICc = 5.81) (Fig. 2.5¢). The condition of
the remaining crowns was best described by a linear model, with only a linear BA loss
term (r?> = 0.16; AAICc = 2.22) (Fig. 2.5d).
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Fig. 2.5: Relationships between stage of dieback and ecosystem condition. Relationships between stage of
dieback and (a) average sward height (n = 60); b) palatable seedling abundance per plot (n = 60); c)
understorey biomass (h = 60) and d) the crown condition (n = 48). The black lines represent prediction
using the most parsimonious model coefficients and grey shading the 95% confidence intervals of the
coefficients (marginal r? = 0.51, 0.29, 0.38, and 0.16 for a-d, respectively).

2.5. Discussion
The results provide novel evidence of thresholds in biodiversity, ecosystem function and
ecological condition in a forest ecosystem undergoing dieback. The most striking
threshold responses were observed for biodiversity, specifically in the species richness of
ECM fungi and epiphytic lichens, both of which started to decline sharply in the early
stages of dieback, and ground flora, which increased until the latter stages of dieback.
With respect to ecosystem function, a single threshold response was identified, namely in
soil respiration rate. For ecological condition, thresholds were shown in sward height,
which increased after initial dieback, and palatable seedling abundance, which initially
increased across the gradient of stand dieback, but started to decline in the late stages.
As a result of deforestation and habitat fragmentation, research has reported a
number of threshold responses in forest ecosystems, including in forest structure (De
Filho and Metzger, 2006; Rocha-Santos et al. 2016), biodiversity loss (Fahrig, 2002;
Ochoa-Quintero et al. 2015) and ecosystem service provision (Bodin et al. 2006). These
studies all focused on the impacts of direct human-driven loss of forest cover (i.e. physical
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removal) at the landscape scale. As far as is known, the current study is the first to report
threshold responses over a gradient of stand dieback. Such dieback is increasing in
response to environmental change in forests globally as a result of climate change, pest
and disease attack, and increasing fire frequency (Bonan, 2008; Poulter et al. 2013;
Lindner et al. 2014). Moreover, Allen et al. (2015) suggest that all forests may be
vulnerable to climate-induced dieback in the future. If the responses observed in this study
are widely applicable, the current results suggest that many forest ecosystems may
potentially be characterised by threshold responses to environmental change.

The basis of ecological threshold theory is that rapid, non-linear changes are
observed in ecosystem ‘state’ as a controlling variable changes (Scheffer et al. 2012).
This implies that a relatively small increase in intensity or frequency of disturbance could
cause rapid and abrupt declines in ecosystem condition, state or function, potentially
creating highly degraded ecosystems (Muradian, 2001; Scheffer and Carpenter, 2003).
This is concerning as thresholds may compromise the capacity of forest ecosystems to
recover from future perturbations (Rompré et al. 2010; Lenton, and Williams, 2013),
especially as anthropogenic pressures are predicted to intensify in future (Van Mantgem
etal. 2009, Allen et al. 2010, 2015).

The precise mechanisms underlying ecological thresholds remain unclear
(Scheffer et al. 2012). DeAngelis et al. (2012) and Scheffer et al. (2001) have highlighted
that in order for a threshold to occur there must be a switch in an ecosystem from a self-
regulating state (negative feedback) to one that is reinforced by further internal or external
changes (positive feedback), i.e. a self-exacerbating state (Briske et al. 2006). The
thresholds observed in this study may be the result of a number of positive feedback
mechanisms including interactions between trees, soil microbes, soil chemistry and
herbivory. For example, as trees die and degrade, symbiotic associations with ECM fungi
are reduced (Teste and Simard, 2008; Corcobado et al. 2015). This can cause reductions
in the abundance of other soil microorganisms owing to major modifications to water and
nutrient exchanges (Ehrenfeld et al. 2005; De Vries et al. 2013; Crowther et al. 2014),
which could create a positive feedback that substantially lowers plant survival and growth
(Ehrenfeld et al. 2005; Simard et al. 2012). This could be evidenced by the decline in soil
respiration rate that was observed in this study. In addition, the threshold observed in
lichen species richness could be attributable to feedbacks between declining availability
of bark substrate and changes in microclimate during the process of stand dieback (Sillett
et al. 2000, Paltto et al. 2011).
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In contrast to biodiversity measures, relatively little evidence was obtained here
of threshold responses in measures of ecosystem function. In most cases, such measures
varied non-linearly with BA loss, however they did not fulfil the AAICc > 3 and marginal
r2 > 0.15 criteria. The exception was soil respiration rate. As soil respiration is the net
result of the respiration of autotrophic (plant) and heterotrophic (microbial and
mycorrhizal) activity (Hibbard et al. 2005), the initial declining trend may have been
largely a result of decline in microbial activity in the soil owing to declining tree root
density (Ryan and Law, 2005) and tree presence (Holden and Treseder, 2013).

A possible limitation in this study was the use of a space-for-time substitution in
the experimental design, whereby the plots from a single site formed a chronosequence.
This approach has known limitations, and even though the utmost was done to reduce any
errors while using this method, the results should be interpreted with these limitations in
mind. One of the major limitations relates to the interpretation of linearity. A
chronosequence is assumed to be synonymous to a linear trend over time in whichever
variable is being recorded. In this study, a unidirectional linear decrease in BA due to
beech dieback was the variable. Thus, departures from linearity in response variables
measured along the chronosequence provided evidence of a threshold. However, this uses
the assumption that all the measured plots started at a comparable starting point. If the
assumption was not accurate, departures from linearity could have arisen from and been
influenced by historical variance amongst the field plots rather than just dieback. The
assumption was based on the composition map of the New Forest from 1982 (Flowers
and Tubbs, 1982) which showed that all the study sites had > 90% canopy cover, with
beech comprising 50%-90% of the canopy cover. This indicates that all the sites had a
similar amount of beech canopy cover at the same time and could therefore by deemed to
be a comparable starting point, although this is only based on one type of data. The other
main limitations and steps taken to reduce them are discussed in section 6.3.3.

There were a few other issues relating to data interpretation which should be borne
in mind when interpreting the results. First, in near-natural beech forests, the mortality of
overstorey trees and regeneration are typically synchronized within a period of several
decades, in patches extending over several hectares (Newton et al. 2013). The
beechwoods of the New Forest differ from this situation, however, owing to the very high
browsing pressure from large herbivores (Martin et al. 2015). As a result, beech
regeneration is very sparse, and dieback of woodland stands often involves conversion to

non-woodland habitat, principally grassland (Martin et al. 2015). In this study,
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Second, mortality processes in trees are often highly complex and difficult to
interpret (Franklin et al. 1987). This complexity is illustrated by other studies of stand
dieback in tree species. For example, in studies of sudden dieback of aspen stands in
North America, a number of different contributory and potentially interacting factors
were identified, including drought, defoliation, extreme weather events and wildlife stem
damage (Frey et al. 2004). Similarly, in their review of drought impacts on temperate
forest stands, Bréda et al. (2006) identify a number of different physiological mechanisms
that can increase the risk of tree mortality following drought, including decreased carbon
and nutrient assimilation, breakdown of the photosynthetic machinery, and reduced
storage of carbohydrates. Additional mortality factors could include significant storms
that occurred in 1987 and 1990 and fungal pathogens attacks, which have been observed
affecting beech the New Forest (Martin et al. 2015). Moreover, while factors such as
insect attack, frost damage and bark stripping by herbivores were not analysed here, they
could have had a significant impact on mortality patterns at this site. It should also be
noted that the causes of the dieback observed could also potentially be correlated with the
response variables; for example, increased incidence of drought could have concurrently
affected both the survival of individual trees and the ECM fungi with which they are
associated.

Further, it should be noted that data were evaluated from a single sample period
along a gradient of live-tree BA. Ideally, data would have been obtained by sampling the
same plots before and after the initiation of tree dieback. As noted above, the only long-
term data available for this study relate to one of the 12 sites surveyed, namely Denny
Wood (Martin et al. 2015). My interpretation of the results is therefore based on the
assumption that the sequential dieback of beech that has been documented at that site also
applies to the other sites in the New Forest where BA gradients were surveyed. In
addition, it is important to note that | interpret here differences in the ecosystem
composition, structure, and function among the plots as a response to dieback. It is
conceivable that the variables measured could have differed across the study area prior to
the onset of dieback. For instance, soil respiration might have varied across the study area
prior to the onset of dieback, and this could have contributed to some of the variation in
the magnitude of dieback observed. | have no way of testing whether all of the variables
measured differed between measurement locations prior to the onset of dieback, and
therefore our attribution of the responses observed to dieback is based on an assumption

that there was no systematic variation in these variables prior to the occurrence of dieback.
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Other issues that have a bearing on the interpretation of our results include our
definitions of a threshold and dieback. Here we considered a response variable to show a
threshold if it met the three criteria described in the Methods. As the criteria were
developed by myself, different results may have been obtained had other criteria been
adopted. Moreover, the definition of dieback we adopted was a decline in stand BA as
the central measure. This is based on the results of a review of previous research
conducted by Cantarello and Newton (2008), into the forest ecosystem characteristics that
have most often found to be significantly related to maintenance of forest biodiversity.
Of these, BA is one of the forest stand structure variables most consistently associated
with forest biodiversity and with aspects of the functioning of forest ecosystems, such as
carbon storage Cantarello and Newton (2008).

2.6. Conclusion and implications

Climate-induced forest stand dieback is rapidly increasing worldwide, in scale,
magnitude, severity and speed (Allen et al. 2015). The occurrence of thresholds in forest
ecosystems undergoing dieback is a major concern, since continued environmental
change may produce non-linear declines in biodiversity and ecosystem function as the
result of linear changes in disturbance. Results presented here indicate that such
thresholds can occur over a forest dieback gradient. Importantly, the results show that
species richness of ECM and epiphytic lichens start to decline sharply before there is a
50% decline in BA, which implies a shift from negative feedback mechanisms to strong
positive feedbacks at this threshold. In contrast, only one ecosystem function measured,
namely soil respiration rate, displayed a threshold response, suggesting that biodiversity
and ecosystem function threshold responses are not necessarily closely coupled. Further
research is required to identify the precise mechanisms underlying the threshold
responses observed, and to examine whether the observed changes are reversible.
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Chapter 3:
The effectiveness of condition assessments for detecting change

across beech woodlands undergoing dieback

3.1. Abstract

Woodland condition assessments (CAs) are one of the most commonly used tools for
determining woodland condition, the results of which are supposed to get fed back into
adaptive management plans. In the UK, CAs are used in Sites of Special Scientific Interest
(SSSIs). SSSI assessments are guided by Common Standards Monitoring (CSM) targets,
which relate to different aspects of woodland condition. In this study, CSM targets were
tested over a gradient of beech dieback, measured here as a decline in basal area of
dominant tree species, to determine whether CSM CA scores were sensitive to dieback
condition. This has never been tested before. Additionally, a wider range of non-CSM
indicators were recorded to identify if other measures are sensitive to change in dieback.
Specifically, the hypotheses tested were: i) Common Standards Monitoring condition
assessment results will vary significantly over a gradient of environmentally-induced
dieback; and ii) non-CSM indicators could be used to effectively determine different
dieback stages. Results showed that overall condition scores derived from the CSM
analysis varied slightly across the gradient of dieback. However, pairwise comparisons
were only significant for one out of four CSM target lists tested. Moreover, overall
condition scores did not vary consistently across the dieback gradient, contrary to what
was expected. The results gave some support to the second hypothesis, as some non-CSM
indicators could be used to differentiate between the stages of dieback. The findings
presented here indicate that the use of CSMs in woodlands may currently have limited
scope at determining dieback stages, and therefore one aspect of woodland condition, but
that some individual indicators of condition could be used in future CAs. The issues raised
by these results need to be addressed quickly to improve CAs in the future, especially in

a period of rapid environmental change.

3.2. Introduction

Forests globally are facing an increasing number of threats from shifting forest
disturbance regimes, novel stressors and changing environmental conditions.
Consequently, the incidence of dieback and mortality of trees has increased in the last
few decades (Breshears et al. 2009; Allen, 2009), a trend that may still be in its infancy

(Allen, 2009; Allen et al. 2015). This form of severe ecosystem degradation results in the
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simplification of forest structure, rapid changes in forest dynamics (Millar and
Stephenson, 2015), major biodiversity and ES losses and declines in the health and
condition of woodland ecosystems (MEA, 2005; Foley et al. 2007; Allen et al. 2015;
Trumbore et al. 2015; Chapter 2 of this thesis), as well as making the already complex
interactions of forests more unpredictable (Breshears et al. 2005; Woodall et al. 2009;
Allen et al. 2010).

With so many aspects of forests threatened by novel disturbances and
environmental changes, Protected Areas (PAs) — places with restrictions on damaging
human activities — are essential for the conservation of biodiversity (IUCN, 1994). PAs
are often also crucial for the protection and maintenance of flows of ES to people (e.g.
Brockerhoff et al. 2013; Ferraro et al. 2014; Watson et al. 2014). Consequently, PAs are
very important areas for conservation and the wider society as they offer the opportunity
to directly manage an area for multiple benefits (Porter-Bolland et al. 2012). The main
objectives of PAs relate to maintaining such benefits, thereby ensuring they do not change
dramatically. However, the current effectiveness of PA management globally is often
found to be low, with even basic objectives often not being met (Leverington et al. 2010;
Porter-Bolland et al. 2012; Watson et al. 2014).

In the UK, Sites of Special Scientific Interest (SSSIs) are important PAs that have
been set up to protect specific wildlife, habitats or other rare geological features. SSSIs
are afforded legal protection through the UK government, who have a responsibility to
make sure that individual SSSIs are adequately conserved and protected (Natural
England, 2013). SSSis set such a high standard for protection of habitats that it has been
recommended that other semi-natural habitats are managed and assessed in a similar way
(Defra, 2011).

To ensure that SSSIs and other PAs are maintained and meet objectives, they must
be monitored regularly and assessed effectively (JNCC, 2003; JINCC, 2004; Leverington
et al. 2010; Porter-Bolland et al. 2012). In SSSIs, each habitat of concern (known as a
unit) is assigned to a relevant category for further action (JNCC, 2004; Gaston, 2006)
based on monitoring-derived condition assessments (CAs). The categories each unit can
be assigned to are on a discrete category spectrum, going from Favourable to
Unfavourable condition (JNCC, 2003). The condition result is fed back to the assessment
team, detailing if and what needs to be done or changed to produce Favourable site status
(Fig. 3.1; INCC, 2003; Gaston et al. 2006).

CAs in SSSis are carried out through Common Standards Monitoring (CSM)

guides that have been developed by JNCC (1998), and which initially were intended to
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act as a rapid and robust method for assessing the general condition of conservation sites
(Williams, 2006). CSMs detail specific attributes and suggested targets for different
habitats. For woodland, the mandatory attributes that need to be included in assessment
are: i) extent; ii) structure and natural processes; iii) regeneration potential; iv) tree and
shrub composition; and v) indicators of local distinctiveness (JNCC, 2003; see JNCC
(2004) for further explanation of each). Furthermore, CSM targets, which are required to
pertain to the attributes, should: 1) be site-specific; 2) be relevant and practical; 3)
describe state, not management; 4) be ranges rather than single figures; and 5) be triggers
for action (JNCC, 2004). Following these CSM guidelines, target lists are created by the
managers of each SSSI. Target lists consider generic targets, but also take into account
geographic variation and local features (Williams, 2006). If all targets are met then the
unit is considered to be Favourable (JNCC, 2003). Favourable for woodlands is a balance
between canopy cover, dead wood, regeneration potential and composition (JNCC, 2004).

Despite its acknowledged limitations, which, like all CAs, include trade-offs
between resource availability and the amount and quality of data collected (Hockings,
2003; JNCC, 2004; Niemi and McDonald, 2004; Carlsson et al. 2005; Fennessey et al.
2007), CSM CAs provide simple ways of monitoring SSSlIs for habitats, species and
geological features in one assessment — a task that has historically been difficult to
achieve (Williams, 2006; Fennessey et al. 2007). However, it has been questioned
whether such measures are too generalised to be useful for conservation (Niemi and
McDonald, 2004; Fennessey et al. 2007; Oliver et al. 2014). For example, Davies et al.
(2007) found that the targets specified in grassland CSM CAs were too generalised, due
in part to targets being too focused on vegetation metrics rather than the conditions needed
for specific wildlife (e.g. butterflies). If such measures are too general, CAs could be
insufficient to effectively determine changes occurring within PAs (Failing and Gregory,
2003; Jackson and Gaston, 2008), consequences of which could include biodiversity, ES
and ecosystem functions losses or changes going unnoticed until such a time that it is too
late for management to improve conditions (Hockings, 2003; Failing and Gregory, 2003;
EEA, 2016). Accordingly, Davies et al. (2007) and Fennessey et al. (2007) suggest using
a wider range of monitoring targets to meet these needs. In woodlands, additional targets
could relate to ecological indicators of composition, structure and function, the three main
attributes that describe forest condition (Noss, 1999; Gao et al. 2015; Lawley et al. 2016).

To enable the most appropriate management actions to maintain or improve
condition of PAs, CAs need to be effective at detecting changing ecosystem condition,

hence the importance of CAs in ecosystems (Gaston et al. 2006; Trumbore et al. 2015).
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However, the effectiveness of CAs has rarely been tested (Gaston et al. 2006; Watson et
al. 2014), meaning that it is unknown whether CA results are sensitive to variation in
condition (Gaston et al. 2006). This extends to CSM approaches, which have never
explicitly been tested, as far as is known. To test whether current CSM targets can
effectively determine differences in one aspect of woodland condition, namely beech
dieback, the targets were measured across a gradient of dieback of dominant tree species.
Additionally, other ecological indicators were assessed across the dieback gradient to
determine whether they could be used in future CAs by being able to detect changing
condition. The specific hypotheses tested were: i) Common Standards Monitoring
condition assessment results will vary significantly over a gradient of environmentally-
induced dieback; and ii) non-CSM indicators could be used to effectively determine

different beech dieback stages.
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Fig. 3.1: A schematic diagram of the monitoring and condition assessment process for SSSIs. Reproduced
from Natural England (2013).
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3.3. Materials and methods

3.3.1. Study area

The Ancient and Ornamental (A&O) woodlands of the New Forest, named in the New
Forest Act 1877, provide the greatest area of semi-natural vegetation in lowland Britain
(Tubbs, 2001) and are the focus of this study (Fig. A3.1). Although there is no formal
definition of what A&O woodlands actually mean, they are generally thought of as
woodland that originated before the 18" century (Wright and Westerhoff, 2001). The
A&O woodlands generally consist of canopies of beech (Fagus sylvatica) and
pedunculate oak (Quercus robur) interspersed with birch (Betula pendula), yew (Taxus
baccata) and holly (llex aquifolium) and support a wide array of diverse wildlife. The
A&O woodlands are also considered pasture woodland, which is a habitat that supports
grazing livestock and trees. Due to the history of the A&O woodlands, they are
characterised by a range of trees of different ages, both living and dead, which provide
habitat for many rare lichen, fungi and moss species (Tubbs, 2001; Newton, 2010;
Sanderson, 2010; Stern, 2010) and characteristic open spaces (Wright and Westerhoff,
2001). Scots pine stands are present in 153 ha of the A&O (Wright and Westerhoff, 2001),
but they were excluded as units in this study. For a full description of the New Forest, see
the section 1.6 of this thesis.

3.3.2. Experimental design

A gradient of beech dieback was conceived using the stand basal area (BA) of living
beech trees (see Chapter 2 of this thesis), as calculated by Cantarello and Newton (2008).
From the average BA of 12 ‘Intact’ (i.e. closed canopy) beech stands, the BA of the other
four stages (Slight, Moderate, Major and Total dieback) were calculated as a percentage
less (Slight dieback = 75% BA of the Intact average, Moderate = 50% BA of Intact, etc.).
Other criteria included in dieback stage selection were the requirement of presence of
standing or lying dead wood, and increasing canopy openness. Twelve sites were used
overall, meaning each stage had 12 replicates, totalling 60 plots all together. The plots for
each stage were 20 m? (0.04 ha), and the sites covered a variety of areas within the A&O
woodlands, specifically the beechwoods. To test whether CSM condition assessment
results and other non-CSM indictors varied significantly over the beech dieback gradient,

CSM targets and other potential indicators were recorded across each of the 60 plots.
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3.3.3. CSM target lists

Four different sets of CSM target lists were tested overall to see how effective each one
was at detecting changes over the dieback gradient. These were: two CSMs checklists
specifically created for the New Forest, one for pasture woodlands (Appendix 3.2) and
one for Ancient and Ornamental (A&QO) woodlands (Appendix 3.3); an example list with
attributes and targets for New Forest pasture woodlands from the appendix of a Wiltshire
habitat strategy report (Appendix 3.4; herein known as WiltPast); and one, the Generic
List, created from the general CSM woodland targets, as suggested in JNCC (2004).
There are slight differences in the targets used in the Generic List compared to the
individual New Forest lists, as the former focuses on generic targets and the latter includes
targets specific to the New Forest. Both the pasture woodlands and A&O checklists were
used as the study area is technically classed as both of these habitats. For all CSM lists,
manual felling of trees, drainage maintenance and other safety work was included as a
single target, following the example on the original pasture CSM sheet (Appendix 3.2).
See Appendix CD, CD3.1, for the targets used in each CSM list and explanations of why

targets were included or excluded from the Generic List.

3.3.4. Non-CSM indicators

Non-CSM indicators were defined as commonly-used forest condition indicators that
were not specifically featured as targets in the CSM target lists, or those that were but
were not empirically measured in CSM targets. Dead wood is an example of the latter; in
CSM it was put into a category, while for the non-CSM indicator the actual volume of
dead wood was recorded.

Consideration was given to the amount of effort needed to collect each indicator,
as well as how much time it would take to record. Thus, indicators were divided into three
categories, depending on how resource intensive assessing the indicator was, since CSM
methodology states that assessments should take place within a limited time and do not
rely on specialist knowledge (JNCC, 2004). These categories were: 1) single-time, easy
to assess indicators, which were measurements that could be recorded in the field in a
single visit with no prior ecological knowledge required; 2) single-time assessment,
ecological skill indicators, which were the same as previous, but required a specific
ecological skill (e.g. identification of different species); and 3) harder to record indicators,
which were measurements that required extraction of material (e.g. soil), laboratory

analysis and/ or repetition of analyses.
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Non-CSM indicators included metrics of biodiversity, function and structure.
Biological indicators collected included ground flora, epiphytic lichen and
ectomycorrhizal fungi (ECM), which were all recorded in all plots by experts on that
taxon. Surveying of all plots was carried out in summer (July/August) for ground flora,
winter (late October/ early November) for ECM and spring (March) for lichen. Ground-
dwelling arthropods were measured in five sites using eight pitfall traps placed regularly
around the centre of each plot. Pitfall trap contents were collected eight times from late
May to late July. DNA barcoding was then used to identify arthropod species (see
Appendix 2.2). Sward height was recorded in the summer as a mean of five measurements
in the plot, one in the centre and four halfway between the centre and respective corners
of the plot (the four halfway points created a nested sub-plot).

Structural stand indicators, including sapling and seedling measures, were all
recorded in the summer. The length, breadth and circumference of dead wood were
measured using appropriate tape measures. Where the height of standing dead wood could
not be measured by hand, height was calculated based on clinometer measurements (as
was the height of living trees). Dead wood volume was subsequently calculated from
cumulative cylindrical equations results. Ground cover of bracken, litter, grass, moss,
bare ground, bramble (Rubus spp) and holly shrub (< 1.3 m) was recorded as a percentage
of the plot. Canopy and understorey openness was measured using a densiometer at the
sub-plot corners, and then averaged. Understorey cover was defined as crown of trees less
than 8 m in height which did not have canopy trees above them. Structural crown loss,
leaf loss, discolouration and understorey condition were measured as a percentage of the
potential of the tree, based on the average of two recorders, from as many angles as
possible. Biomass was calculated based on diameter at breast height (DBH) and average
height measurements, and then calculated per hectare. From the range of full of DBH
amounts, beech trees were divided into very small, small, medium, large and extra-large
classes, based on quantile amounts.

Ecosystem functions measured included soil respiration rate; net mineralisation,
net ammonification and net nitrification; and nutrient concentrations and cation exchange
capacity (CEC) of the soil. Browsing indicators included dung count metrics based on
total counts and relative condition, percentage of bramble and holly shrub eaten,
percentage browseline of palatable (e.g. beech and oak) and unpalatable (e.g. holly),

debarking and trampling amount. For more detailed methods, see Appendix 2.1.
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3.3.5. Data analysis

Initially the individual CSM targets were given a 1 when met, and 0 when not met. These
results were then combined into the four individual CSM target lists, so that each could
reach a possible total score of the number of targets assessed in that particular list. The
percentage of targets met were then calculated for each target list to standardise
assessment. To test whether the overall CSM condition results for each target list varied
significantly across the dieback condition gradient, one-way ANOVA and subsequent
Tukey’s post-hoc tests were used with the diebacks stage as the discrete independent
variable. For the CSM target lists, ANOVASs were analysed with site as a random effect
to correct for any natural variation between the different sites studied, as well as without
site as a random effect, as this could be important in comparing assessments nationally.
Non-CSM indicators were individually assessed using one-way ANOVASs with site as a
random effect and subsequent Tukey’s post-hoc tests in a similar way to the CSM target
lists, but with empirical values of the indicators. CSM target lists and non-CSM indicators
were determined to be a useful indicator of condition if a one-way ANOVA and
subsequent Tukey’s post-hoc gave significant results between at least two dieback stages.
All analyses were performed in R 3.1.2. (R Development Core Team, 2011,

http://www.R-project.org).

3.4. Results
3.4.1. CSM target lists

Overall, significant differences were recorded across the gradient of dieback stages for
the four CSM target lists, based on ANOVA results, when site was corrected for: NF
A&O (X? (4) =10.45, p = 0.03) (Fig. 3.2A; Table 3.1); NF pasture woods (X? (4) = 11.36,
p = 0.02) (Fig. 3.2B; Table 3.1); WiltPast (X (4) = 11.73, p = 0.02) (Fig. 3.2C; Table
3.1); and the Generic List (X? (4) = 10.49, p = 0.03) (Fig. 3.2D; Table 3.1). However,
Tukey’s Bonferroni-corrected post-hoc tests revealed no significant differences between
any of the dieback stages for any of the CSM target lists condition scores (Table 3.2). It
should be noted though that some authors argue against using Bonferroni corrections for
biological applications (e.g. Moran, 2003; Nakagawa, 2004). Without Bonferroni-
corrected p-values, only a single significant difference was exhibited between the stages,
and then only for one of the CSM target lists. This was between the Intact and Major stage
for NF pasture woods (Table 3.2), where there was a significant increase in terms of the

percentage of targets met from the Intact to Major stage.
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There was not much variability for some CSM targets over the different stages of
dieback (Fig. 3.3; Appendix 3.6). Vegetation over 10 cm (v10) was the only measurement
that increased at every subsequent stage of dieback, based on the percentage that that
target was met over the 12 replicates of each stage. Starting from the Slight dieback stage,
the signs of tree stress on trees > 80 DBH decreased over the gradient. All other CSM

measures did not vary systematically over the gradient.

3.4.2. Non-CSM indicators

Sixty-eight variables were measured over the dieback gradient, which can be split into
three broad categories: i) single-time, easy to assess criteria — no prior knowledge
required; ii) single-time assessment requiring ecological skills; and iii) harder to record
indicators, such as the content of the soil. Overall, 38 variables showed significant
differences across the dieback gradient. However, only 26 showed significant differences
between some or all of the dieback stages individually, based on the post-hoc test results.

3.4.2.1. Single-time, easy to assess indicators

Beech biomass, which decreased as dieback increased, was unsurprisingly highly
significant (X? (4) = 470.24, p <0.01) (Fig. 3.4a), with significant post-hoc comparisons
across all the dieback stages, at a 0.05 level. Similarly, the abundance of beech trees which
declined over the dieback gradient showed a high level of significance (X? (4) = 180.57,
p <0.01) (Fig. 3.4b), with only post-hoc comparisons of Intact-Slight, Moderate-Major,
and Major-Total showing non-significance.
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Fig. 3.2: Mean values of the percentage of targets that were met at each stage of dieback (1-5; Intact to
Total dieback) for the CSM target lists: A) New Forest A&O woodlands; B) New Forest pasture woodlands;

C) WiltPast; and D) the Generic List. For specifics of the individual CSM target lists, see text (section

3.3.3) and CD, CD3.1. The black bars indicate the standard error of the mean. Means grouped by the same

letter are not significantly different (p < 0.05, Tukey HSD test). Bonferroni-corrected p-values are not

displayed on these graphs, but can be found in bold in Table 3.2.

Table 3.1: Mean values of the percentage of targets that were met at each stage of dieback for the individual

CSM target lists. SE represents the standard error of the mean.

Dieback stage | Mean SE CSM target list

1 — Intact 52.38 2.38 | New Forest pasture woodlands
2 — Slight 63.87 4.13 | New Forest pasture woodlands
3 - Moderate 64.74 4.13 | New Forest pasture woodlands
4 — Major 66.07 3.53 | New Forest pasture woodlands
5—Total 58.47 3.91 | New Forest pasture woodlands
1 — Intact 56.55 2.05 | New Forest A&O woodlands
2 — Slight 64.47 3.36 | New Forest A&O woodlands
3 - Moderate 63.51 2.94 | New Forest A&O woodlands
4 — Major 62.50 3.02 | New Forest A&O woodlands
5—Total 55.76 3.11 | New Forest A&O woodlands
1 — Intact 56.41 256 | WiltPast

2 — Slight 67.57 4.01 | WiltPast

3 - Moderate 67.15 3.65 | WiltPast
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4 — Major 67.36 3.74 | WiltPast

5 — Total 60.58 3.79 | WiltPast

1 — Intact 55.21 2.15 | Generic List
2 — Slight 66.32 3.29 | Generic List
3 - Moderate 63.96 3.89 | Generic List
4 — Major 62.50 3.23 | Generic List
5—Total 56.11 3.51 | Generic List

Canopy openness (X? (4) = 484.71, p <0.01) (Fig. 3.4c) was also significant different over
the dieback gradient, increasing with the stage of dieback. Only the Intact-Slight
comparison showed non-significance. The amount of carbon stored in the stand
significant decreased with dieback (X2 (4) = 198.39, p <0.01) (Fig. 3.4d), with the only
non-significant comparisons between the Slight-Moderate and Major-Total comparisons.
Other single-time, easy to assess criteria that showed significant ANOVA and post-hoc
test results were the average sward height (X?(4) = 70.27, p < 0.01), with all the post-hoc
tests containing the Total stage showing significant increases from the first two stages,
based on post-hoc tests at 0.05 level; bracken cover (X2 (4) = 31.89, p < 0.01), the Total
stage of which was significantly higher than the first three stages; and the total quantity
of lying dead wood (X? (4) = 40.15, p < 0.01), which had three significant stage-based
comparisons, with Total being significantly greater than deadwood at the Intact or Slight
dieback stages. The proportion of holly browsed exhibited a significant overall effect (X2
(4) =9.80, p = 0.04), but no significant post-hoc results.

3.4.2.2. Single-time assessment, ecological skill indicators

All of the species richness measures differed significantly over the dieback gradient.
Ground flora species richness was one particularly sensitive measure (X2 (4) = 71.26, p <
0.01) (Fig. 3.5a), with the Intact stage being significantly lower than all the later stages
subsequent to the Slight dieback stage, and the Slight stage being significant lower than
the Major and Total stages. Lichen species richness on beech differed significantly
between the Total stage and all other stages, exhibiting lower richness at the Total stage
(X?(4) = 57.69, p < 0.01) (Fig. 3.5b), based on Bonferroni-corrected post-hoc tests. ECM
richness was sensitive across the dieback gradient (X? (4) = 68.27, p < 0.01) (Fig. 3.5¢),
with general decreases in richness as dieback increased. Specifically, mean ECM of the
Moderate stage was significantly lower than the Intact stage, and the Total stage mean
ECM was significantly lower than the Moderate stage by 40%, 9.75 compared to 3.83
species per plot. The dieback stage significantly influenced ground-dwelling arthropod

richness (X? (4) = 15.13, p = 0.03). However, only the Intact and Total differed
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significantly based on Bonferroni-corrected post-hoc tests, where Total had a

significantly higher mean ground-dwelling arthropod richness.

3.4.2.3. Harder to record indicators

Of the harder to record indicators measured in this study, the cation exchange capacity
(CEC) of sodium and calcium, and the ratio of both of these, all differed significantly
over the dieback gradient. Sodium CEC (X2 (4) = 36.95, p < 0.01) (Fig. 3.5d) exhibited
significant declines between Intact-Major, Intact-Total, Slight-Major and Slight-Total
stages, at a 0.005 level. Calcium CEC (X?(4) = 11.39, p = 0.02) only showed a significant
increase between the first (Intact) and last (Total) stage however. The Na-Ca ratio (X2 (4)
= 30.684, p < 0.01) showed significant declines in post-hoc comparisons between the
Intact-Major and Intact-Total stages. The respiration rate of soil was another one of the
harder to collect variables that showed overall significant change over the dieback
gradient (X2 (4) = 12.96, p = 0.01), however post-hoc tests showed no significant
differences between the different stages. The same was true for net N mineralisation (X2
(4) = 12.56, p = 0.01). For all the non-CSM indicators that differed significantly across
the gradient, see Appendix 3.7. For all non-CSM ANOVA and post-hoc results, see CD,
CD3.2.

3.5. Discussion

3.5.1. CSMindicators

Protected areas that incorporate forests are needed to help maintain biodiversity, ES and
ecosystem processes in a world that is increasingly facing more environmental threats
(Porter-Bolland et al. 2012; Watson et al. 2014). The degree to which PAs can carry out
these functions are dependent on the condition of the PA. To that end, the aim of the
present study was to document how well CSM condition assessments, which are required
to be undertaken in SSSIs by law, could detect change over a gradient of condition (forest
stand dieback, in this case). This is a focus which has previously received very little
attention (Jackson and Gaston, 2008). CSM condition assessments specifically have never
been tested in this way, as far as is known. The main results were that overall condition
for each stage for every CSM target list was > 50% and that condition from each CSM
target list significantly varied across the gradient of dieback, based on the results of
ANOVAs. However, pairwise comparisons between all stages, which are generally used
to lessen the chance of Type | statistical decision errors, determined that there was only

significant difference between two individual stages for a single target list despite the
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variation in condition for structure and composition (see Chapter 2’s results). This was
for the NF pasture woodlands CSM list between the Intact and Major dieback stages.
Therefore, based on pairwise tests, this indicates that for three out of four CSM target lists
analysed, CSM woodland condition did not systematically vary over the dieback gradient
and was therefore not sensitive to condition change in the context of beech BA dieback.
This indicates that condition categories may not be ecologically useful, echoing the
concerns of others (Gaston et al. 2006).

One of the most interesting findings here was that none of the overall condition
scores derived from the CSM target lists analysed changed in a systematic way across the
dieback gradient, either positively or negatively; the highest mean condition was the
Major dieback stage for the New Forest pasture woodlands target list and the Slight
dieback stage for the other three, while Intact was the most similar to Total dieback (Table
3.1). Oliver et al. (2014) showed a similar phenomenon when looking at two sites, one
with full functionality and one with zero functionality — both had the same overall
condition score. They showed that other targets tested - those pertaining to structure and
composition - compensated for the lack of functionality in the latter site. Based on the
trends of individual CSM targets that were met (Fig. 3.3; Appendix 3.6; CD, CD3.1) at
each dieback stage in this study, changes between the stages were either barely detected
at all (e.g. having at least one sapling of oak or beech (Nat.Sap)) or they had opposite and
therefore compensatory effects. For example, the frequency of the < 1% non-native
species in plot (NNS) target being met generally decreased with dieback, which was
compensated in part by the dead wood (DW_tot) target being increasingly met with
dieback. While this makes ecological sense as disturbed sites are more prone to invasive
species colonisation (or invasive species may drive the disturbance) (MacDougall and
Turkington, 2005) and dying trees create more dead wood (Koop and Hilgen, 1987;
Rugani et al. 2013), the difference in these attributes was not identified through the use
of a single final condition score (Fennessey et al. 2007; Oliver et al. 2014).

A target common to all CSM targets lists tested here was that beech and oak
should comprise 10% of all saplings (OBsap). However, this target was rarely met, the
reason being due to the local abundance of holly (llex aquifolium), a shade-tolerant
temperate species (Peterken and Lloyd, 1967; Sack, 2004), which comprised the majority
of saplings observed in this study. Holly is widespread in the understorey of beechwoods
in New Forest (Tubbs, 2001; Martin et al. 2015) occurring more than in a lot of other
beech-dominated woods (Peterken and Lloyd, 1967). Additionally, due to the high

herbivory pressure of the New Forest, regeneration of beech is often prevented (Putman
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et al. 1989). This lack of local specificity of some targets meant the amount of times they
were met over the dieback gradient did not vary much, despite one of the advantages of
CSMs purporting to be that it can deal with geographical variation and local
distinctiveness (JNCC, 2003; Williams, 2006). Analogous conclusions are obtained when
comparing the generic (i.e. Generic List) and more specific A&O woodland and the
WiltPast lists — none of the specific CSM lists condition scores were significantly
different to the generic list at any stage of dieback (Appendix 3.8). For this reason, CSMs
could benefit more from a wider, more site-specific range of indicators in the latter cases
(Gaston et al. 2006; Davies et al. 2007; Jackson and Gaston, 2008).

Although the CSM CA results demonstrated little sensitivity to variation in
condition over the beech dieback gradient, other factors should also be considered when
interpreting the results presented in this study, largely pertaining to its limitations. First,
CSM guidance advises a structured walk to assess condition (JNCC, 2004). To meet the
plot selection criteria of the methods of this study, which was necessary for statistical
rigour, single areas were used, and not the entirety of the habitat area. If the whole area
was observed, plots identified as Total dieback may have been in the minority, which
could mean the rest of the area is in relatively good condition. Second, there was no
information available about the relative weighting that assessors give each target. For
instance, lack of beech and oak saplings may have been given higher priority than ground
disturbance being < 1% for the regeneration potential attribute, which may have changed
the overall results, as explored by Oliver et al. (2014). Third, the CSM guide also asks
how much woodland could be lost without the values of the habitat reducing (JNCC,
2004), something which was not considered here. Obviously, however, the last two points
would mean that results would be subject to higher levels of subjectivity, an already
known issue for CSMs (Gaston et al. 2006; Jackson and Gaston, 2008). Lastly, no extent
targets were considered in this study owing to plot restrictions, but extent is one of the
mandatory attributes that is required to be measured (JNCC, 2004).
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Fig. 3.3: A selection of CSM targets showing the variation in the number of times that target was met
across the different stages of dieback. Each target is represented on a separate graph, with the title

indicating the target. See Appendix 3.6 for explanation of title abbreviations.
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Fig. 3.4: Mean values of single-time, easy to assess indicators measured across the stages of dieback. The
black bars indicate the standard error of the mean. a, b, ¢, and d are aboveground beech biomass, beech tree
abundance, canopy openness and carbon storage, respectively. Means grouped by the same letter are not
significantly different (p < 0.05, Tukey HSD test).
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Fig. 3.5: Mean values of single-time assessment, ecological skill indicators (a, b and c) and a harder to
record variable (d) measured across the stages of dieback: a, b, ¢, and d are ground flora richness, lichen
richness on beech, ectomycorrhizal fungi richness and sodium CEC, respectively. The black bars indicate
the standard error of the mean. Means grouped by the same letter are not significantly different (p < 0.05,
Tukey HSD test). The units for all of the species richness measures shown here were number of unique
species per 0.04 ha, the plot size.

3.5.2. Possible non-CSM indicators

None of the CSM condition targets specifically considered the basal area, stem density,
tree structure or the biomass of trees, all of which are common measures of woodland
condition (Angelstam and Ddénz-Breuss, 2004; Newton, 2007; Cantarello and Newton,
2008; Gao et al. 2015; Trumbore et al. 2015). No metrics of other biodiversity measures
were recorded either. Some of these measures were included in the assessment of non-
CSM indicators, the results of which give support to the second hypothesis of this study,
namely that some non-CSM indicators could be used to effectively determine different

beech dieback stages.
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3.5.2.1. Single-time, easy to assess indicators

Findings presented here indicate that there are some targets that could possibly be used
in woodland CA, based on the value of the indicator differing significantly over at least
two dieback stages. Concentrating specifically on indicators that do not require intensive
field measurement or calculation (e.g. biomass and carbon storage), effective woodland
condition indicators in this study were identified as beech biomass, sward height, canopy
openness and the volume of lying dead wood. Beech biomass was very sensitive to beech
dieback condition and declined further at every stage over the gradient, while lying dead
wood increased positively with dieback stage. However, owing to the variability of dead
wood, the Total dieback stage was the only significantly higher stage when compared to
the other stages.

Dead wood volume and canopy openness increases have obvious links to
dominant canopy tree mortality, as they are sure signs of dieback (Anderegg et al. 2013).
Thus, it is unsurprising that these variables changed with dieback and were therefore good
indicators of condition in terms of BA decline. Usefully, it has also been observed that
both dead wood and canopy openness correlate to other biodiversity measures (Gao et al.
2014, 2015), making them important aspects of forest condition assessments (Noss, 1999;
Hagan and Whitman, 2006; Rondeux and Sanchez, 2010). This is especially true for dead
wood which provides habitats for many forest-dwelling species, including invertebrates
(Jabin et al. 2004), lichen (Humphrey et al. 2002) and wood-inhabiting fungi (Nordén and
Paltto, 2001; Penttild et al. 2004). However, as pointed out by Rondeux and Sanchez
(2010) in their review of commonly-used biodiversity indicators, dead wood is a useful
measurement but differs more than other structural forest metrics; therefore it is complex
to use it as an indicator without site-specific information first.

Interestingly, canopy openness, dead wood and sward height were included as part
of the woodland CSM assessment. The difference is, however, that CSM used threshold
target amounts and qualitative (i.e. subjective) assessments (JNCC, 2003) rather than
guantitative values, which impacted the number of times these targets were met across
the 12 study sites in this study. For example, CSM targets for dead wood and canopy
openness were passed more times on the Major dieback than any other stage. This may
affect their sensitivity as targets of woodland condition. Nonetheless, Legg and Nagy
(2006) point out that quantitative monitoring methods are not always better than
qualitative ones, especially when resources are limited. In fact, for rapid assessment of
woodland condition, Bouget et al. (2014) found that large dead wood logs (diameter > 40

cm, length > 1 m) were strong indicators of saproxylic beetle diversity, which would be
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simple to identify visually. Further, they showed the same for standing dead wood (i.e.

snags), but this is currently not in the woodland CSM targets.

3.5.2.2. Single-time assessment, ecological skill indicators

The single-time assessment variables that required ecological skills mostly pertained to
biodiversity metrics including taxa identification, which are considered a key indicator of
forest condition, forming part of the monitoring frameworks for forest health monitoring
organisations (e.g. the ICP framework, Michel and Seidling (2016); EEA, 2012). Here,
biodiversity that could be used as condition indicators include the species richness of
epiphytic lichen and ECM, which declined over the gradient of dieback, and vascular
ground flora and ground-dwelling arthropods, which increased positively with dieback.
In agreement with the ECM finding, Treu et al. (2014) found that ECM species richness
declined as the BA of lodgepole pine (Pinus contorta var. latifolia) also declined in
Canada following a stand-destroying beetle attack.

Similar trends to the ground flora results from this study were observed in other
floral diversity studies which focused on light gradients in European and North American
forests (Tinya et al. 2009; Van Couwenberghe et al. 2011; Neufeld and Young, 2014;
Sabatini et al. 2014). In all those studies, the availability of light was usually suggested
as the reason for the increases in species richness, with light availability explaining about
a third of the ground flora richness variance in beech forests (Sabatini et al. 2014). Similar
results pertaining to ECM in this study were also found in other work. For example,
Stursova et al. (2014) recorded fungal diversity and biomass over a temporal period,
before and during bark beetle-induced dieback, and found that the microbial biomass of
fungi in the soil declined as soon as dieback began. Furthermore, Heilmann-Clausen et
al. (2014) showed that fungi are highly affected by environmental change, albeit
saproxylic fungi rather than ECM, causing the species richness to decrease. Interestingly,
that study determined that the forest condition (including naturalness, dominant tree age
and forest cover) was responsible for explaining 20% of the variance, while climate
factors and substrate quality explained 21% and 23%, respectively, which shows that
different aspects need to be included in condition assessments.

Although the biodiversity metrics obtained in this study are potentially useful
indicators, owing to the fact they differed between some stages, none of them differed
between every dieback stage. Thus, one biodiversity indicator on its own may not be
enough. However, as shown in this study and others, ECM and ground flora species

richness exhibit negative and positive trends with dieback, respectively. Therefore, using
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combination measures of the two taxa over the gradient in assessments may help to detect

the changing condition of woodlands (Gao et al. 2015).

3.4.2.3. Harder to record and measure indicators

The harder to record indicators in this study related mainly to soil properties, which are
often neglected when taking measurements of ecosystem functioning (Lavelle et al.
2006). Some of the soil properties changed with dieback and thus could be used as
indicators of condition. Independent of other variables which may affect soil chemistry,
it was found that both the soil sodium and calcium CEC varied across the dieback
gradient, with calcium increasing two-fold and sodium decreasing about one-third
between the Intact and Total dieback stages. Conversely, other studies have found that
soil calcium concentration correlates negatively with forest age (Hamburg et al. 2003)
and soil N percentage (Perakis et al. 2013). Similarly, Prober et al. (2002) noted that Ca
increased with tree cover in eucalyptus forests. However, these studies all focused on
disparate woodland types and not over a gradient of condition degradation.

The soil respiration rate was another attribute that showed significant variation,
decreasing by approximately a third between its highest and lowest points, the Intact and
Major dieback stages, respectively. The data generally disagreed with other studies on
soil respiration which focused on woodland to grassland transitions and comparisons (e.g.
Kaye and Hart, 1998; Smith and Johnson, 2004). This difference could possibly be
explained due to the fact that soil respiration in different beech stands can be very variable
(Priwitzer et al. 2013) and rates are reliant on many other factors including soil moisture
and temperature (Smith and Johnson, 2004). Thus, while the soil attributes measured here
could be used as indicators of condition, more work would need to be done beforehand

to make sure they are appropriate for the particular woodland of interest.

3.5.3. Beech dieback and woodland condition

In this Chapter, the underlying assumption was that the stage of beech dieback was
synonymous with the overall condition of the woodland. However, this may not
necessarily hold true, depending on which aspect of forest condition is favoured or being
tested — beech dieback is only one specific aspect of woodland condition. For example,
foresters often use stand level productivity as a measure of condition, which was not
included in the indicators used in this study. Moreover, although there is a main focus on
beech in this work, the ideal forest conditions for other biodiversity may not follow the

same trajectory, relating to other flora or fauna. Also, as stated by Edmonds et al. (2000),
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forest condition assessments may have to include human needs, which are many and
varied, and need to include spatial and successional variation. This is just a selection of
other metrics that have been used in assessing woodland condition; therefore, the results
of this Chapter need to be interpreted with care, and other indicators of forest condition
should also be considered in that interpretation. Overall, indicators of forest condition
should be considered in the context of whole stand development, recruitment, growth and
regeneration when focusing on forest health (Luo and Chen, 2013; Trumbore et al. 2015).

3.6. Conclusions and usefulness for inferring resilience

This study found that although the current overall CSM CAs are not adequate to
determine the stage of dieback, there are several indicators that could be used successfully
over a dieback gradient, to determine relative condition. For this purpose, possible diverse
indicators were highlighted, which are needed for any comprehensive woodland CAs
(Ferris and Humphrey, 1999; Noss, 1999; Gao et al. 2015). From this study, potential
indicators include: easy-to-collect indicators of dead wood volume, canopy openness, and
sward height; species richness measures of ground flora, ectomycorrhizal fungi, epiphytic
lichen and possibly ground-dwelling arthropods; and soil measurements of calcium and
sodium, and soil respiration rate. Adoption of these metrics could enable rapid adaptive
management and adjustment to plans (as detailed in JINCC (2003), for example) for the
purpose of continuing to maximise ecosystem goods and services (Temperli et al. 2012),
and effective biodiversity conservation (Westgate et al. 2013) in SSSIs.

From the results of the CSM CA:s, it is clear that none of the target lists changed
monotonically with the forest dieback condition, as is required for resilience assessment
surrogates (Carpenter et al. 2001), when condition was based on BA decline. Therefore,
CSM CAs could not be used effectively in resilience assessments to infer the current state
of resilience of a particular stand (Carpenter et al. 2001; Bennett et al. 2005; Nemec et al.
2014). Similar is true for the other indicators tested in this Chapter, as none of them, with
the exception of beech biomass, changed significantly in a systematic way (i.e. negatively

or positively) with condition.
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Chapter 4:
Evaluation of the use of airborne lidar in detecting forest

condition

4.1. Abstract

Woodland ecological indicators are needed to assess and detect changing habitat
condition, as a basis to inform conservation management and infer resilience. The use of
suitable indicators is increasingly pertinent in a rapidly-changing world as monitoring this
change will require greater data collection and faster analysis. This is especially true for
ecosystems which are particularly vulnerable to change such as for old-growth
woodlands. In this study, lidar-derived forest structure variables were tested against field-
collected habitat condition indicators to explore whether any relationships existed
between the two. The purpose was to determine how useful variables obtained from
airborne lidar, a relative inexpensive and rapid data collection tool, would be as surrogate
measures for other attributes of habitat condition. Specifically, the hypotheses tested
were: i) biodiversity; ii) stand condition; iii) herbivore damage; and iv) soil condition
could be predicted by lidar-derived structural measures. The main results of this study
indicated that some lidar-derived structural measures could potentially be used to predict
other woodland condition values, especially ground flora species richness. However, a
majority of the other habitat condition indicators could not be predicted using lidar

metrics, which may limit the application of lidar to infer habitat condition.

4.2. Introduction
Large-scale, rapid degradation of forests is becoming more common globally due to
increases in abiotic and biotic threats (Hansen et al. 2013; Allen et al. 2015). Degradation
is further exacerbated by human means, through both direct and indirect interactions,
major consequences of which include: an increase in the rate of biodiversity loss, which
can modify ecosystem service provision due to ecosystem productivity declines (Isbell et
al. 2013); a reduction in the carbon storage potential of forests; major modifications to
soil properties (Hajabbasi et al. 1997; Haque et al. 2014); and a decrease in the condition
of surrounding woodland patches (Curran et al. 1999; Broadbent et al. 2008), which often
produces a positive feedback, leading to greater simplification of habitat structure.
Forest degradation is especially detrimental for old-growth woodlands, as they are

habitats that are crucial and often irreplaceable for vast amounts of biodiversity (Gibson
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et al. 2011). Of all forest cover in Europe, which is approximately 44% of the land area
with the inclusion of the Russian Federation or 32% with its exclusion (Forest Europe,
UNECE and FAO, 2011), only 0.2% of the European deciduous woodlands are old-
growth forest (Hannah et al. 1995; Frank et al. 2009). Despite this low amount,
degradation of these ancient forests is continuing, and therefore their extent is being
further reduced (Knorn et al. 2013; Martin et al. 2015). For this reason, rapid, accurate
assessments of forest condition are needed to help inform management of old-growth
forests for the purposes of conservation and maintenance of resilience (Trumbore et al.
2015).

Remote sensing — the acquisition of information via non-contact recording
methods (Jones and Vaughan, 2010), is one tool that is increasingly being used in
ecological assessments to decrease the time (and other resources) needed to collect
ecological data, which can include data that would be inaccessible from field studies
(Pettorelli et al. 2014). Remote sensing is a relatively cheap method that enables continual
mapping and monitoring of broad-scale habitats, as well as the production of biodiversity
inference and prediction tools, such as species distribution models (Aplin, 2005; Newton,
2007; Pettorelli et al. 2014). It also has the potential to contribute to machine learning,
making conservation efforts more streamlined and assessments quicker (Gleason and Im,
2012; Moran et al. 2017).

Airborne lidar — a scanning laser used to measure the distance between an aircraft
and different surfaces by capturing the echoes of reflected lasers, is one remote sensing
method that has gained a lot of use in answering ecological questions (Turner et al. 2003),
especially for woodlands research (Zellweger et al. 2014; Hill and Hinsley, 2015). In
forests, the surfaces that lasers rebound off include stems, branches and foliage from the
top of canopy to the forest floor, thus the output represents the 3d structure of a forest
(van Leeuwen et al. 2008), and has the capacity to provide highly accurate information
for forest surveys (Tinkham et al. 2012; Sumnall et al. 2016). Such data would be resource
heavy to measure using ground-based methods (Pettorelli et al. 2014).

Lidar-derived structural measures such as canopy cover, tree diameter and height,
tree height percentiles, percentage cover of different strata (e.g. understorey, overstorey),
tree spacing, tree species, stand biomass, understorey vegetation and dead wood have
proved informative in this way for ecological studies (Zellweger et al. 2014; Hill and
Hinsley, 2015). Ecology-focused remote sensing has recently been used to determine
relationships between forest structural variables and species richness of plants (van Ewijk

et al. 2014; Higgins et al. 2014; Lopatin et al. 2016), birds (Garabedian et al. 2014; Hill
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and Hisley, 2015; Coops et al. 2016), lichens (Korpela, 2008), mammals and invertebrates
(Mdller and Brandl, 2009; Fergnani et al. 2010; Levanoni et al. 2011); deforestation and
land-clearance (Ghebrezgabher et al. 2016); biomass estimation and carbon storage
(Asner et al. 2012; Ene et al. 2016); and for measuring the impacts of fire in a pine
savannah (Listopad et al. 2015).

In the same way, lidar could potentially be used to infer the ecological habitat
condition as a basis for monitoring and informing management decisions for conservation
(Hill et al. 2014; Simonson et al. 2014). As defined by Noss (1990), there are three
primary attributes of woodland ecosystems that can indicate its habitat condition for
biodiversity: structure, function and composition, all three of which are related. From the
results of Chapter 2, it is shown that there are relationships between woodland structure,
biodiversity and function. Thus, when structure changes (tree dieback, in Chapter 2),
biodiversity and ecosystem functioning change as well. This has been further evidenced
by Martin et al. (2015) in a temporal context, showing that ground flora species richness
and grass cover increased in response to tree dieback; and by Gao et al. (2014), who
showed that structural inventory data can be used to predict forest biodiversity. Some of
the ways forest structure influences condition is by providing layering and allowing light
in to create different habitats for other life such as trees, shrubs, grasses, and different
fauna, whereas soil structure and condition (e.g. nutrient content) can impact the growth
and survival of trees. Therefore, as forest structure is related to the provision of habitat
for different species and other forest functions and conditions, lidar-derived structural
data may be able to be used to infer overall habitat condition and thus inform management
(Lawley et al. 2016).

One of the knowledge gaps that is under-examined is whether remote sensing
applications can be accurately used in detecting forest condition of different ecosystem
properties, especially different taxa (Hill et al. 2014). In this way, lidar could be a highly
effective conservation tool and contribute to habitat condition assessment at the stand or
landscape scale (Hill et al. 2014). Such knowledge is important when considering
disturbance dynamics, growth stages, woodland ecosystem processes, forest health and
condition, and wildlife habitats (Maltamo et al. 2005; Hill and Hinsley, 2015; Trumbore
et al. 2015). The objective of this study was therefore to test whether lidar-derived
structural measures could be used as surrogates for other indicators of forest condition.
As shown in the Chapter 2 of this thesis, relationships may not be linear; therefore, non-
linear relationships were examined as well. Specifically, the hypotheses that i)

biodiversity (vascular ground flora, ectomycorrhizal fungi (ECM), tree seedling richness
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and abundance), ii) stand condition (leaf loss, structural crown loss, crown discolouration
and overall crown condition (i.e. crown dieback), iii) herbivore damage (dung and
browseline) and iv) soil condition (percentage of C and N in the soil and the C:N ratio)

could be predicted by lidar-derived structural measures were tested.

4.3. Materials and methods

4.3.1. Study site

This study was conducted in the Denny Wood area of the New Forest. In-depth details of
the site can be found in Mountford et al. (1999), Mountford and Peterken (2003) and
Martin et al. (2015), with some of the more important features presented here. The site
has historically been dominated by European beech (Fagus sylvatica), with a frequent
presence of pedunculate oak (Quercus robur), occasional birch (Betula pubescens and B.
pendula), and a dense understorey composed mostly of holly (llex aquifolium). Soils are
acidic (pH 3.5-5), with a majority being brown earth clay, but there are localised sandier
soils. The study site has not been managed in terms of silviculture, and in 1870 it was
divided into two sections through the creation of an enclosure, the aim of which was to
reduce browsing pressure on the enclosed portion of the site.

A 1 km x 20 m transect is present in the enclosed portion, and a shorter,
perpendicular transect (320 m x 20 m) is found on the unenclosed portion (Fig. 4.1). Both
transects have been repeatedly assessed over the last 50 years, giving unigque insight into
how change has occurred (Martin et al. 2015). Both transects were split into 20 x 20 m
(0.04 ha) plots. All data for this study were obtained from these two transects. In the
longer transect, two plots were not recorded due to previous direct, disruptive
management that had altered the composition and sturucture of the plots, which was not

included in the aim of this study; therefore, those plots were ignored.
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| \ New Forest National Park

Fig. 4.1: Map of the two transects in Denny Wood, New Forest.

4.3.2. Study design

Airborne lidar data and field-collected habitat condition data were obtained from the
study site to explore whether lidar-derived structural metrics could be used to predict
habitat condition and therefore be used as suitable indicators of forest ecological

condition in remote sensing assessments in the future.

4.3.3. Field data collection

Field-collected metrics of biodiversity, stand condition, soil condition and herbivore
damage were collected for this study. The field-collected variables were chosen as they
all relate to ecological condition. Biodiversity is the most widely-used indicator of
woodland ecological condition owing to its ease of assessment for forest researchers
(Ferris and Humphrey, 1999) and because a rich diversity of species is considered
important for the health of forests and people, partly through the ES they provide (Diaz
etal. 2006; Mace et al. 2012). Stand condition metrics pertained to structure and functions
associated with trees in the stand, focusing specifically on crown condition [of trees in
the stand]. These were direct measurements of forest ecological condition (Eichhorn et
al. 2010). Soil condition has influence on the growth and survival of flora within

woodlands and plays a key role in the hydrological, carbon and nutrient cycles of forests.
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In fact, nutrient cycling underpins all other functions by cycling chemical elements
between the biotic and abiotic components (Wardle et al. 2004; MEA, 2005). Finally,
herbivore damage, specifically ungulates, can impact the condition of a forest by
damaging plants and preventing regeneration (Brown, 1953; Vazquez, 2002). All the
specific metrics used can be found in Table 4.1.

Biodiversity field data collection focused on surveys of different taxa, namely
herbs (herein known as ground flora), ectomycorrhizal fungi (ECM), and woody tree
seedlings separately. The abundance of seedlings was also recorded. The plant surveys
took place over the summer of 2014. ECM richness was recorded in winter 2014, with all
of the plots being assessed over a period of two days, using expert sporocarp
identification.

Soil was collected from five points in each plot (one in the centre, and four from
the exact points halfway between the corners and the centre) for the purpose of analysing
the carbon and nitrogen content as a proportion of the total soil volume. The top 15 cm
of the mineral soil was extracted using a 10-cm diameter auger, which was hammered
into the ground at an angle flush to the top of the soil. Bulk density was collected using
4.5 cm diameter by 4.5 cm deep (72 cm®) cores. Soil samples from each plot were placed
into the same bag for N and C content analysis, and a separate bag for the bulk density
analysis. All soil was sent to the Forest Research laboratory at Alice Holt to be analysed
for total C, total N, bulk density and particle size analysis. Soil analysis followed
laboratory protocols: ISO standards 10694:1995 and 13878:1998 for C and N; I1SO
11272:1998 for bulk density; and laser diffraction for particle size analysis (silt, sand and
clay content). The quantity of dung, structural crown loss, leaf loss, discoloration and

crown condition were recorded as in Chapter 2.

Table 4.1: Field-collected variables of the habitat condition measures used in this study. HD and BD

indicate that the variable was collected as an indicator of herbivore damage and biodiversity, respectively.

Metric Name  Units Condition  Metric Description
indicator
type
Bulk Density gcm™ Sail Weight of soil for a known volume
(BD)
Browseline % HD Percentage of the bottom of tree crowns
above 1.8 m
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Clay % Soil Percentage of 0-2 um sized particles in the
soil
CN Ratio Ratio of C Soil The ratio of carbon to nitrogen in the soil
toN
Crown 1-5 scale Stand Overall crown condition of living trees in
condition (see the plot, based on a 1-5 scale
Chapter 2
methods)

Crownloss % Stand Percentage structural loss of the living
crowns of the plot compared to their
potential fulfilment of space

Deer dung Number HD Adjusted number of deer dung pellets per

pellets per plot
0.04 ha
divided by
pellet
condition
(see
Chapter 2
methods)
Discolouration % Stand Percentage of present leaves in the living
crowns of the plot that are discoloured
Fungi richness Number BD Number of unique ectomycorrhizal fungi
unique species per plot
species per
0.04 ha
Ground flora  Number BD Number of unique ground flora species per
richness unique plot
species per
0.04 ha
Leaf loss % Stand Percentage leaf loss of the living crowns of

the plot compared to their potential

fulfilment of space
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Pony dung Number HD Adjusted number of pony dung pellets per

pellets per plot
0.04 ha
divided by
pellet
condition
(see
Chapter 2
methods)
Sand % Soil Percentage of 63 pm-2 mm sized particles
in the soil
Tree seedling Number of BD Number of individual tree seedlings per
abundance individuals plot
per 0.04 ha
Tree seedling  Number BD Number of unique tree seedling species per
richness unique plot
species per
0.04 ha
Silt % Soil Percentage of 2-63 um sized particles in
the soil
Soil carbon % Soil Percent of carbon in the soil
Soil nitrogen % Soil Percent of nitrogen in the soil

4.3.4. Airborne lidar data acquisition and pre-processing

Discrete return airborne lidar data for Denny Wood were acquired in July 2010 and were
provided by the Airborne Research and Survey Facility, a division of the Natural
Environment Research Council, in a point cloud format with X, Y and Z coordinates. The
point cloud was processed by, and is fully described in, Sumnall (2013), with only
important information described here. The lidar data were recorded as leaf-on (i.e.
recorded at a time when trees were in leaf) using a Leica ALS50-11 airborne laser scanner.
The maximum pulse rate was 83 KHz, with up to four returns from each discrete laser
pulse. To ensure that lidar data and ground data were geographically accurate, the mid-
points of the transect plots were mapped to a high precision using a differential GPS and
Total Station (Leica Viva TS11; Leica Geosystems AG) with an accuracy of up to 2 cm.
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Similarly, the position of the lidar aircraft was mapped using a differential GPS, with a
maximum error of 11 cm (Leica Geosytems, 2003). For more detailed information about
technical specifications of the lidar data and collection, see Sumnall (2013) and Table 4.2.
It should be noted that there was a 4-year time difference between lidar acquisition and

field data collection.

Table 4.2: Lidar data acquisition characteristics used in this study.

Acquisition Parameter

Scanner Leica ALS50-II
Wavelength 5700 ft
Flying altitude ca. 1600 m
Flying date July 2010
Pulse repetition frequency 83 KHz
Scan half angle 10°
Maximum returns per 4
pulse
Point density 3.7 pulses per m?

4.3.5. Lidar data collection

From the differential GPS data, outlines of each transect plot were delineated using
ArcGIS 10.1. Overall, 66 20 x 20 m plots were used. No plots overlapped, but they were
adjacent (Fig. 4.1). The structural lidar data were processed directly from a height
normalised point cloud, which was treated as a single data set, as described in Sumnall
(2013).

Overall, 22 variables were extracted from the lidar point cloud, 11 each for both
the first return (FR) and all returns (AR) point clouds. A range of lidar-derived variables
were used to capture the important structural features of woodland, namely the height,
canopy structure and different types of vegetation cover. The maximum height (MH),
which was the same for both AR and FR, average height (AH), and the height percentiles
(H50 and H95) of the lidar returns were calculated from the first returns of the point cloud
data in a plot. Vegetation cover was measured as the amount of returns from 0.5 — 2 m,
2 —5m, and >5 m for ground cover (Ground), understorey (Under) and overstorey (Over),
respectively. The cut-off of 5 m for the understorey was used based on average height
measurements taken directly from both transects, recorded using a clinometer (see
Chapter 2 methods). Canopy closure (CC) was measured as the percentage of returns
above a canopy height threshold of 2 m, the average height of the lower canopy line in
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Denny Wood. Vegetation distribution ratio (VDR) was used as a proxy for the depth and
continuity of canopy, which is used in development stage indication (Franklin et al. 2002)
and measured as the ratio between MH and H50. Canopy permeability (CP) was recorded
as the proportion of laser pulses for which there were multiple returns. For a full list of

lidar-derived metrics used, see Table 4.3.

Table 4.3: Lidar-derived structural metrics taken from the 2010 lidar point cloud data. These metrics were

derived separately using both all returns (AR) and only the first returns (FR).

Metric Name Abbreviation Metric Description
H_max MH Maximum height (m)
H_mean AH Average height (m)

H_std SDH Standard deviation of canopy
height (homogeneity of the
canopy)
H 50 H50 Median height (m)
H_95 H95 95% height percentile (m)
Canopy permeability CP Proportion of first returns with a
(for FR) secondary return
Canopy permeability CP Proportion of all returns that are
(for AR) secondary returns
Canopy closure CcC Percentage of returns above a

canopy height threshold of 2 m

Ground Ground Percentage of returns in the ground
layer (i.e., 0.5-2 m)

Understorey Under Percentage of returns in the

understorey layer (i.e., 2-5 m)

Overstorey Over Percentage of returns in the

overstorey layer (i.e., >5 m)

Vegetation distribution VDR Vegetation distribution ratio
ratio (H_max-H_50/H_max)

4.3.6. Statistical analysis
Initially, the data were analysed using Pearson correlations to determine whether any
relationships existed between lidar-derived variables and field-collected variables. The
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field-collected data obtained from the two transects were compared and analysed using
one-way ANOVAs to determine whether the values significantly differed between the
two transects (see Appendix 4.3).

Generalised linear regression models (GLMs) were used to determine if
relationships between the lidar and field-collected variables existed. GLMs were used as
they correct for different data structure (e.g. count data) and as they can predict non-linear
relationships. GLMs have been shown to be suitable for analysing lidar and field data
together (Lopatin et al. 2016). For count data (species richness and abundance), initially
a Poisson error distribution was used as the data were all non-negative integers (ver Hoef
and Boveng, 2007). However, as is common with ecological data, a lot of the models
were ‘over-dispersed’ (i.e. the variance was greater than the mean), as determined by the
dispersiontest function in the AER R package (Cameron and Trivedi, 1990; Kleiber and
Zeileis, 2016). Models that presented overdisperion were consequently refit with quasi-
Poisson and negative binomial distributions, which are two of the most common methods
to deal with this problem (see Appendix 4.1 for more information). To choose the most
appropriate modelling distribution between the Poisson, quasi-Poisson and negative
binomial distributions, the odTest from the pscl R package (Jackman, 2015) was used.
The occurrence of over-dispersed data in ecology is often due to a lack of independence
among the plots (Eberhardt, 1978; Cox and Snell, 1989), especially spatial
autocorrelation. To test whether spatial autocorrelation was significant in each GLM,
Moran’s I was calculated following the spatial generalised linear mixed model method,
as described in Dormann et al. (2007). If it was, a corrective spatial term was included in
the GLM.

Soil C and N were measured as percentage of the soil, therefore the analysis that
was required was beta regression (BR), based on a beta distribution response, as the
values were restricted to 0 and 100. BR allows easier interpretation and more accurate
inference of percentage data results, and deals with asymmetry in the data distribution, as
is normally the case with proportion or percentage data (Ferrari and Cribari-Neto, 2004).

Three models were tested for each response (field-collected) variable: a null
model, a model with linear form of the predictor (the lidar-derived variable), and a model
with the quadratic form of the predictor. Both AIC and r? values were calculated for all
models, to provide information on the optimal model and the goodness-of-fit of the
modelled data, respectively. AIC was used for model selection corrected for small
samples sizes, following Burnham and Anderson (2002). For species data, r’> was

calculated following McFadden (1974), a calculation based on the deviance of the model
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residuals. The r? for percentage soil data was calculated as the square of the sample
correlation coefficient, from the betareg package (Zeileis et al. 2016), as a beta
distribution was used (Cribari-Neto and Zeileis, 2010). Each combination of response and
predictor were tested up to three times, with data from each transect analysed separately
and subsequent analysis of data from both transects combined. Seven of the field-
collected variables were only collected in the longer transect, and thus only analysed once.
The rest of the variables were recorded in both transects. All analyses were performed in
R 3.1.2. (R Development Core Team, 2011, http://www.R-project.org). A relationship
was considered to be substantial if it met two a priori criteria relating to the most
parsimonious model: 1) its AAICc was > 4 compared to the null model; and 2) its r? value
was > 0.4.

These criteria were defined a priori, before conducting the analysis, to ensure a
degree of rigour and objectivity in the detection of relationships. It should be noted that
the criteria were developed by myself, based on what is considered to be consistent with
good practice, as described by Burnham and Anderson (2002). The a priori criteria differ
slightly from Chapter 2 for two reasons: 1) the data were used to determine whether one
variable could be used to predict another, therefore, a higher r? value was required
compared to the detection of a trend; and 2) AAICc was compared to the null model in
this Chapter, rather than the next closest model, therefore, a greater AAICc was required

to make sure there was enough distinction from the null model.

4.4. Results
Overall, 22 lidar-derived variables (11 AR and 11 FR) were tested individually against
18 field-collected ecological condition variables to see whether the lidar-derived variables

could be used as a proxy for forest condition.

4.4.1. Correlations between lidar and field-based metrics
There were numerous significant correlations between the lidar-derived variables and
field-collected data, where correlations were classed as significant at the Bonferroni-
adjusted alpha level of 0.005, to account for type I errors (i.e. false positives). This was
particularly noticeable relating to the soil conditions and biodiversity, whereas the stand
condition field-based metrics and the herbivore damage variables had fewer significant
correlations.

For the soil conditions metrics, the soil structure variables, namely clay, silt and

sand soil content were significantly correlated with most of the lidar-derived variables
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(Table 4.4). The strongest correlations with the soil structure variables were FR
overstorey development (p < 0.001, r = -0.428, -0.487 and 0.507 for clay, silt and sand,
respectively), FR canopy closure (p < 0.001, r =-0.450, -0.484 and 0.519) and FR ground
(p <0.001, r =0.408, 0.420 and -0.462).

The most highly correlated biodiversity metrics were ground flora richness and
seedling richness (Table 4.5). With the exception of AR standard deviation of canopy
height, Ground flora species richness had significant relationships to all lidar-derived
metrics, the strongest correlations of which were with AR average height (r = -0.666, p <
0.001), FR overstorey (r = -0.651, p < 0.001) and AR canopy closure (r = -0.598, p <
0.001). Similarly, seedling richness exhibited the strongest significant correlations with
FR average height (r =-0.568, p <0.001) and FR canopy closure (r =-0.564, p < 0.001).

For the herbivore damage variables (Table 4.6), pony dung correlated
significantly with lidar metrics of FR SD height (r = 0.290, p = 0.005) and FR understorey
(r=0.323, p=0.001), and deer dung correlated significantly with understorey (r = 0.377,
p <0.001/r=0.394, p<0.001 (FR/AR)). The stand condition field-based metrics did not

correlate with the lidar-derived variables at all (Table 4.6).
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4.4.2. Biodiversity and lidar-derived relationships

Of all the biodiversity data, ground flora richness showed the most common relationships
with lidar-derived data (Fig. 4.2; Tables 4.7 — 4.9; Tables A4.31- Table A4.33), which fit
the selection criteria of the top model i) including a linear or non-linear relationship, ii)
having AAIC > 4 from the null model and iii) r? > 0.4. Ground flora richness mostly had
r2values ranging from 0.62 — 0.70 when both transects results were combined. There was
one exception; SD height had no relationship with ground flora in the AR analysis. In the
fenced transect only, four of the lidar-derived variables showed substantial relationships
with ground flora for the FR data and six for the AR data (r? range = 0.42 — 0.45 for both).
For the unfenced data, ECM richness and seedling abundance had two substantial
relationships each for the FR data, while there were one and two respectively for the AR
data. For ECM, the percentage of returns in the ground layer was considered a substantial
relationship for both AR and FR (R? range = 0.45 — 0.51), while canopy closure also was
included for the AR data (r? = 0.4). The maximum height and the understorey were the
two substantial relationships for seedling abundance in the unfenced transect (r? range =
0.44 — 0.63). For ground flora richness in the unfenced plot, the most parsimonious

models were all null models.

4.4.3. Structural stand condition and lidar-derived relationships

The tree condition field measurements came from only the fenced transect. Of the tree
condition metrics, leaf discoloration and leaf loss exhibited the most substantial
relationships with lidar-derived data using the selection criteria of this study (Fig 4.3).
Leaf discoloration, canopy closure, canopy permeability and percentage of returns in the
overstorey layer were substantial relationships for both AR and FR data, all of which were
non-linear relationships (r?> range = 0.40 — 0.88). Leaf loss showed three substantial
relationships to lidar-derived variables for both AR and FR (r? range = 0.52 — 0.92, range
AAIC = 27.40 — 50.80): average height, canopy closure and overstorey, with a fourth for
AR alone: canopy permeability (r> = 0.42, AAIC = 34.99). Canopy closure and overstorey
also showed substantial non-linear relationships with structural crown loss for FR and AR
(r? range = 0.51 — 0.92, AAIC range = 26.03 — 43.05) plus canopy permeability for just
AR (r>=0.61, AAIC = 34.52). In general, higher r? values were present for tree condition
relationship when analysing the AR data. Crown condition never displayed any
substantial relationships with the lidar-derived measures used in this study (Table 4.7;
Table A4.31).
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Fig. 4.2. Relationships between lidar-derived variables and biodiversity measures. Solid black lines
represent predictions from the most parsimonious GLMs, with grey areas representing 95% confidence
intervals of the predictions. AR and FR indicate that the lidar data used were all returns or first returns

only, respectively.

4.4.4. Soil content and lidar-derived structure relationships

The carbon and nitrogen soil content and the C:N ratio only displayed weak relationships
(r? range = 0.07 — 0.21); therefore, none of these were considered substantial based on the
criteria of this study. The distribution of different soil elements had some relationships
with the lidar variables. These were most pronounced in the unfenced transect with the
percentage of silt (2-63 um sized particles) exhibiting substantial non-linear relationships
with canopy closure (Fig 4.3), ground, and maximum height (Fig 4.3) for FR data (r
range = 0.41 — 0.55, AAIC range = 5.25 — 15.22). The relationship between silt and

maximum height was a downward-facing concave relationship, with lower silt
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percentages relating to lower maximum heights. Silt and canopy close was represented
by an upward-facing concave relationship, where highest recorded percentages of silt
related to the least canopy closure. However, the confidence intervals for silt are quite
large. For both the AR and FR data used, the percentage of clay (0-2 um sized particles)
only had a single substantial relationship, a non-linear trend with SD height (r*> =
0.49/0.56, AAIC = 12.63/19.64 (FR/AR)). Neither bulk density nor any of the herbivore
metrics showed any substantial relationships with the lidar-derived metrics (Tables 4.7 —
4.9; Tables A4.31- A4.33).

One consistent finding of this study was that of outliers, data points that could not
be ‘normalised’ regardless of the transformation used. This was especially prominent in
the cases of individual tree condition assessment, which largely related to trees that were
either dead but still upright or ones that had lost their crowns but were still living. There
were a few examples of this occurrence within the transects in this study, which can
clearly be seen in Fig 4.3, where data points in the top-left of each graph represent plots
that had the standing but crownless trees. Outliers were also sometimes present in the best
fitting models for biodiversity, mainly for seedling abundance, but occasionally for ECM

and ground flora.
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4.5. Discussion

The main results of this study show that some lidar-derived measures could potentially
be used to infer ecological woodland condition values, the consequences of which would
provide a vital tool to help quantify forest condition with limited resources (Aplin, 2005;
Hill et al. 2014). For example, relating specifically to forest biodiversity, ground flora
richness was the metric that could best be inferred through the use of lidar-derived
metrics. In fact, most of the lidar metrics used in this study exhibited a substantial
relationship with ground flora richness (r> = 0.62 — 0.70), with the exception of the
standard deviation of the height in the AR data. Similarly, the results suggest that lidar
has a usefulness when inferring accurate stand conditions, with two of the best proxy
lidar-derived measures for structural crown loss, leaf loss and discolouration being
canopy closure and percentage of returns in the overstorey layer (i.e. <5m) (r> = 0.54 —
0.92). In contrast, the condition of the woodland soil, measured using its carbon and
nitrogen content, could not be predicted with lidar variables and therefore could not be
inferred through using lidar, at a 0.04 ha scale.

The substantial relationships between ground flora richness and lidar-derived
structural metrics agree with the findings of other research, which suggest that forest flora
diversity can be predicted by lidar (Simonson et al. 2012; Wolf et al. 2012). Canopy
height specifically, which exhibited strong relationships to ground flora richness (r? =
0.65 — 0.70) in this study, has also been shown to be a good predictor of ground flora
species richness in tropical and temperate, mountainous forests (Wolf et al. 2012; Lopatin
et al. 2016). Interestingly however, while in this study canopy closure and canopy
permeability were strongly related to ground flora species richness (r? = 0.62 — 0.69), a
Mediterranean temperate forest study (Lopatin et al. 2016) showed that the canopy
structural properties (canopy contrast and canopy dissimilarity) are seen to be of little
importance when prediciting floral richness. The differences could be due to the
dissimilarities in the life histories of the dominant species present. For example,
Cryptocarya alba, one of the dominant species in Lopatin et al. (2016), inhabits south-
facing slopes (Armesto and Martinez, 1978) where light is less of a limiting factor to
ground flora, whereas the dominant species in this study, beech (Fagus sylvatica), creates
almost entirely closed canopies in the summer, making light a very limiting factor for
understorey vegetation (Brown, 1953; Peters, 1997; Galhidy et al. 2006).

The relatedness of ground flora to most lidar-derived variables provides evidence
for the hypothesis that lidar could be used to infer measures of ecological habitat

condition. However, there was little evidence to support this in the other biodiversity
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measures recorded (i.e. ECM, seedlings richness and seedling abundance). In this study,
strong relationships were only exhibited between lidar metrics and ECM species richness
in the unfenced transect and then only for one metric when using both FR and AR data,
namely the percentage of returns that come from the ground layer. These findings are in
contrast to previous research by Peura et al. (2016), which showed that lidar-derived
average diameter at breast height and deciduous tree volume are good predictors of fungi
abundance, although ECM richness, which was measured in this study, was not measured,
and Gomez-Hernandez et al. (2012), who found that canopy openness and tree density
were important in ECM richness. The reason the results here did not show relationships
between ECM richness and lidar-derived variables may be due to the time delay between
the lidar and field study. Although suitable light and nutrient regimes can sustain early
successional ground flora communities for years, especially when high herbivory
pressure helps to alleviate competition of some of the faster growing plants (Kirby, 2001),
ECM reduction can follow tree damage within a single season (Saravesi et al. 2008).
Temporal analysis of simultaneous lidar and field assessments may therefore be needed
to better determine if lidar metrics can be used to detect woodland ECM condition.
Evidence for the hypothesis that lidar-derived variables could be used to infer
stand condition was presented in the results of this study, as strong relationships existed
between lidar-derived canopy closure and overstorey returns and the individual
conditions of the crowns, namely the percentage of leaf loss, structural crown loss and
discolouration. This is perhaps unsurprising as the main purpose of lidar use is to map
structure (Jones and Vaughan, 2010). However, since there was a four-year difference
between lidar acquisition and field data collection, different inferences could be made.
First, is that over those four years, the forest structure did not change much. This is likely,
due to large declines in woodland basal area of Denny Wood being more attributed to
drought conditions (Tubbs, 2001; Mountford and Peterken, 2003; Martin et al. 2015),
conditions that have not been as prevalent in recent years as previously (Cavin and Jump,
2017). This is supported by Martin et al. (in press) in a study which showed an overall
positive trend in basal area over the last 15 years in Denny Wood. Another inference that
could be made is that lidar metrics could be used as predictions for forest condition in the
future based on processes occurring at that time. This phenomenon is shown in a study
by Coops et al. (2009), in which comparisons between lidar returns from coniferous trees
that had been attacked by beetles in the past and those that had not gave significantly
different results. This infers that lidar-derived health metrics (which could potentially

include leaf loss, discolouration and crown structural loss) could be used to determine
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which trees/ stands have been impacted by a threat/ stressor. In Denny Wood, trees could
be inflicted by drought stress (Martin et al. 2015) or by pathogens, which are increasingly
impacting European temperate species (Santini et al. 2013), both of which may contribute
to the strong relationships observed in this study.

Field-collected soil condition and lidar-derived metrics were often significantly
correlated. From the correlation results, the clay, silt and sand content of the soil all highly
correlated with both overstorey development and canopy closure, with clay and silt
correlating negatively with both lidar variables and sand content correlating positively.
The implication of these highly significant correlations is that the soil structure may have
been a driving influence for the development of the overstorey layer and the canopy
stucture which affects the growing condition of the understorey and ground vegetation.
Therefore, the soil structure may be a major factor in determining whether beech is likely
to undergo severe dieback or not. However, the results of this Chapter were in contrast to
the findings of Martin et al. (2017), a study which found that the soil clay content did not
affect tree mortality in Denny Wood. While more studies need to be conducted, especially
in other locations, the correlation results from this Chapter indicate that the use of lidar
may have application in being able to explain beech decline, even if it cannot be fully
utilised to monitor ongoing dieback and thus resilience. Thus, this indicates that the
condition of the soil may have historically affected the structure of the stand, and therefore
the lidar variables, rather than the other way around. While this notion needs to be fully
tested, it is conceivable due to the important role that fertility of soil plays in the health
of woodland stands during stand development through chemical, structural and biological
pathways (Ponette et al. 2014; Crann et al. 2015). Hartmann et al. (2012) showed how
historic disturbance in coniferous forests affected the microbial composition in the long-
term, and Avila et al. (2016) determined that historic dieback caused reductions in soil
respiration and nutrient cycling. In future lidar work, to see if remote sensing could be
used to determine more dynamic soil condition, analysis could pertain to tree leaf mineral
analysis or biological soil analysis, which both change more dynamically that nutrients
in soil (Hartmann et al. 2012; Ponette et al. 2014; Crann et al. 2015), although other
factors such as stand age would also need to be considered in that instance (Duquesnay
et al. 2000).

The occurrence of outliers in this study could be a potential limitation of using
lidar for the purpose of inferring woodland condition, especially individual tree condition,
based on the results here. The challenge in including snags (i.e. the cause of outliers) in

the lidar assessment of old growth forest is acknowledged, especially as the structure is
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different to living, leaved trees (Bater et al. 2009). This challenge is also likely to be
accentuated in studies of dying old growth forest, where the density of standing dead
wood stems can range from 12 to 79 per hectare, on average (McGee et al. 1999). To
overcome this issue, the use of spectral data in conjunction with lidar could confirm trees
that are dead, as spectral indices such as the Normalized Differenced Vegetation Index
are relatively good complementary indicators for ecological lidar data collection
(Swatantran et al. 2011). In addition, techniques such as robust regression have been used
to limit the effect of outliers when using lidar and field collected data together (Morsdorf
et al. 2004). However, the main assumption of that technique is that most of the data
points form a linear relationship, which was not the case here.

Another limitation on the scope of this study is the time difference between lidar
acquisition and field data collection, which were approximately four years apart. Looking
at the change of forest bird species richness with a six-year time gap between lidar and
field data collection, Vierling et al. (2014) found that there was little temporal change.
However, that was for a single ecosystem and for a mobile animal group. For this study,
especially as the study site has historically undergone dieback, both tree conditions and
change in species richness of less mobile biodiversity (e.g. ECM) could have changed
varying amounts within the 4-year period. Furthermore, lidar ignores the drivers of what
may be causing any changes and the history of the forest, an often-forgotten consideration
(Hermy and Verheyen, 2007). Therefore to apply the findings here to other locations,
such factors would have to be accounted for and considered, together with structure and

frequency of field-data collection (Lopatin et al. 2016).

4.6. Conclusions and usefulness for inferring resilience
The results presented here provide evidence for the hypotheses that lidar can be used to
infer biodiversity and stand condition of a forest stand, thereby illustrating that lidar has
some utility for inferring the condition of other properties of the forest. However,
biodiversity and lidar-derived metric relationships mainly pertained to ground flora, and
not important functional forest components such as ECM. Moreover, the results also lack
evidence with regards to being able to infer the condition of driving influences (herbivory
in this study), and important factors such as soil condition. These findings emphasise the
challenges that arise through using lidar as the only source of data, especially if trying to
infer what the future condition of the particular forest might be.

In Chapter 2, it was discovered that ground flora changed relatively to declining

woodland condition, based on the most parsimonious model. This is therefore a slow-
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changing variable, which is needed as the basis for resilience assessments (Carpenter et
al. 2001; Bennett et al. 2005). Consequently, it could be determined that lidar metrics
could be used as surrogate resilience assessments measures, as certain lidar-derived
measures could predict ground flora richness in this study. However, the relationships
between ground flora and lidar metrics were mostly non-linear. This means that different
values of a lidar variable could give the same value of species richness, making them
unsuitable for resilience assessments. Moreover, ECM richness changed gradually after
the first stage of dieback in Chapter 2, demonstrating an opposite trend to ground flora
richness. Thus, it would be expected that ECM would show an opposite trend to lidar
variables than ground flora richness did, but ECM only related to lidar metrics in a single
transect in this study. In this way, lidar variables could not be used as accurate surrogates
in resilience assessments. Nonetheless, this may change if the study was repeated with no

time lag between field and lidar measurements.
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Chapter 5:
The effect of woodland cover on the resilience of a temperate

ecosystem

5.1. Abstract

Current landscape-scale management approaches aim to increase resilience over the
landscape through increasing connectivity. However, experimental data showing
relationships between landscape connectivity and resilience are rare, largely owing to the
sizable temporal and spatial scales required for real-life experiments. Therefore, a
quantitative forest succession modelling (LANDIS-I1) approach was used in this study.
The resistance, persistence and recovery time — the three engineering resilience attributes
— of 10 important woodland ecosystem properties were assessed in response to a pulse
disturbance, across a gradient of initial woodland cover (WC), a commonly-used metric
of connectivity. An additional press disturbance was included for half of the simulations,
used to simulate herbivory. Specifically, the following hypothesis was tested: initial
woodland cover influences landscape resilience under different disturbance intensities.
Results showed that WC influenced a majority of the resilient attributes for the individual
ecosystem properties. Often, the resilient attributes responded in a non-linear way across
the WC gradient, with intermediate WC (50%-75% WC) landscapes frequently having
more favourable resilience (i.e. higher resistance and persistence, and a lower recovery
time). This was attributed to the non-dominance of a single tree species at the intermediate
WC landscapes, whereas 25% and 100% WC landscapes were dominated by a single
species. Additionally, the opportunity of natural expansion was curtailed in the 100% WC
landscape, impacting persistence and recovery. Lastly, herbivory had a marked, mostly

negative, effect on the persistence and recovery time of ecosystem properties.

5.2. Introduction

Woodland threats and stressors including large-scale deforestation, habitat fragmentation
of woodland, climate change and land-use change are increasing globally (MEA, 2005;
NEA, 2011; Hansen et al. 2013; Allen et al. 2015). Such threats are making the future
trends of woodland derived-ecosystem properties uncertain (Park et al. 2014; Trumbore
et al. 2015). One of the major detrimental effects currently being recorded is biodiversity
loss in terms of species richness, abundance and genetic variation (Fahrig, 2013; Melo et
al. 2013). This is often attributed to reductions in connectivity and/or total area of wooded

habitats (e.g. Fahrig, 2013; Herrault et al. 2016). Similarly, the quality and quantity of
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ecosystem functions and ecosystem services (ES) provisions are also hypothesised to be
impacted further due to land cover area and condition modification of wooded landscapes
(MEA, 2005; NEA, 2011). These changes affect people’s well-being and local and global
economies that depend upon these properties being sustained or improved (Ryan et al.
2016).

To provide protection against the impacts of increasing pressures, environmental
strategies now often adopt a landscape scale management approach (Scottish Executive,
2004; Watts et al. 2005; Lawton et al. 2010; Defra, 2011; Wikramanayake et al. 2011),
integrating strategies for the sustainability of combinations of ecosystem properties (EPS),
properties that include biodiversity, ES and ecosystem functions. For example,
sustainable forest landscape management often aims to conserve biodiversity and
habitats, increase forest health and ES provisions and maintain timber production
simultaneously (Messier et al. 2015; Olson et al. 2017). The landscape approach is seen
as especially vital with regards to woodlands, as woodland biodiversity loss is predicted
to become much more severe and rapid under climate change (Berry et al. 2002; Heller
and Zavaleta, 2009; Royo at el. 2010; Lavorel et al. 2014). As ES are often the products
of underlying biodiversity (Balvanera et al. 2006; Cardinale et al. 2012), there is a similar
concern for the flow and supply of ES and ecosystem functions at landscape scales
(Mitchell et al. 2015). However, it is not clear how different EPs will alter with changing
landscapes (Biggs et al. 2012); both positive and negative trends are expected (Mitchell
et al. 2015).

As part of the recognition of the importance of landscape management, the role
of landscape habitat connectivity (or connectedness), which is broadly defined as the
degree to which movement and interactions of genetic material, individuals or resources
are facilitated across a landscape (Taylor et al. 1993; Goodwin, 2003; Bodin and Prell,
2011; Rudnick et al. 2012), has become a central focus (Lawton et al. 2010; Mitchell et
al. 2015). This has resulted in increased habitat connectivity becoming a prominent aim
in international environmental policy (Heller and Zavaleta, 2009; Lawton et al. 2010;
JNCC, 2012). For example, it is one of the conditions of achievement of the EU’s Green
Infrastructure Strategy - part of the EU’s European Biodiversity Strategy to meet 2020
targets (European Commission, 2013). Similarly, the UK’s national strategies aim to
tackle declining ES and biodiversity through increasing connectivity (Watts et al. 2005;
Lawton et al. 2010; HM Government, 2011).

A major reason that connectivity is perceived as an essential landscape attribute

for both ES and biodiversity is because connected environments are also thought to be
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more resilient (MEA, 2005; Lawton et al. 2010; Biggs et al. 2012; Tambosi et al. 2014;
Mitchell et al. 2015; Seidensticker, 2015), especially for landscapes where climate
change is having a major impact (Ayram et al. 2016). This stems partly from
metapopulation theory, as a high degree of connectivity should allow for the
reorganisation and renewal of biological communities in space (Folke et al. 2004;
Seidensticker, 2015). It is therefore believed that achieving high levels of connectivity is
important for determining landscape-level resilience (Millar et al. 2007; IPCC, 2014;
Standish et al. 2014; Oliver et al. 2015), hence its common use as an aim in conservation
efforts (Rudnick et al. 2012; Leite et al. 2013; Tambosi et al. 2014).

The theory that increased connectivity relates to increased resilience has two
main problems, however. First, there is a severe lack of evidence relating the two
concepts of connectivity and resilience, especially for terrestrial landscapes. There is
evidence that increased connectivity relates positively to resilience in aquatic
ecosystems, notably coral reefs (Mumby and Hastings, 2008; Adam et al. 2011; Vergés
et al. 2011; Olds et al. 2012), and that connectivity enhances the persistence of some
biodiversity (Liira and Paal, 2013; Ayram et al. 2016; Jakobsson et al. 2016). However,
there has been very little previous research into the effect of connectivity on overall
resilience of important EPs (Bailey, 2007; Mitchell et al. 2013).

The second issue with the theory is that connectivity and resilience are both vague
and ambiguous terms (Goodwin, 2003; Standish et al. 2014). Connectivity is difficult to
define as it is often based on the specific requirements of individual species or ES
(Summerville and Crist, 2001; Fisher et al. 2009; Syrbe and Walz, 2012; Rudnick et al.
2012); the scale assessed (Tambosi et al. 2014); and ecological, economical, and social
motivations and goals (Biggs et al. 2012; Hodgson et al. 2015; Nimmo et al. 2015).
However, both resilience and connectivity definitions need to be clear (Hodgson et al.
2015; Nimmo et al. 2015) and directly measurable so that they can be used operationally
in conservation and management strategies (DeRose and Long, 2010; Tambosi et al.
2014; Hodgson et al. 2015; Nimmo et al. 2015).

The vagueness of resilience is explored in Section 1.3. To make resilience more
measurable, the definition of engineering resilience can be used (Holling, 1996a; Peterson
et al. 1998). There are two main sections of engineering resilience: resistance and
recovery (Hodgson et al. 2015; Newton and Cantarello 2015; Nimmo et al. 2015) (Fig.
1.4). In addition to these, persistence — the similarity of an EP value after a period of
ecological time — is also an important feature of the landscape resilience (Grimm and

Wissel, 1997). Usefully, engineering resilience measurements also incorporates the
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intensity of a disturbance, which is key when assessing resilience (Carpenter at al. 2001;
Cole et al. 2014; Nimmo et al. 2015).

The amount of habitat area (i.e. the percentage of habitat over a landscape) is often
used as a proxy for connectivity as it is known as a good predictor of many EPs. For
example, Flather and Bevers (2002) determined that habitat amount alone explained the
most variance (97%) for population abundances when compared to spatial configuration.
Furthermore, over half (56%) of studies showed habitat patch size, together with
isolation, to be the main determinants of biodiversity richness in a meta-analysis by
Prevedello and Vieira (2010). Consequently, habitat area has been included in
standardised landscape assessments for ES (Frank et al. 2012) and persistence studies of
biodiversity (Flather and Bevers, 2002; Ewers, 2004; Prevedello and Vieira, 2010;
Jackson and Fahrig, 2015). Thus, habitat area is considered an appropriate proxy metric
of connectivity to use when assessing different types of EPs (Goodwin, 2003; Jackson
and Fahrig, 2015).

Given that connectivity is used as a proxy for resilience in many landscape
management plans, it is important to understand if connectivity has an influence on
landscape resilience as this has implications for the future of a landscape (Mitchell et al.
2013; Allen et al. 2016). Moreover, knowledge regarding the factors that influence
landscape resilience needs to be obtained with relative haste as rapid environmental
change and other land-use pressures progress (Seidl et al. 2016). Such information also
must include spatiotemporal aspects of changing resilience - aspects that are often not
accounted for yet provide opportunities to predict resilience when combined with
connectivity measures (Standish et al. 2014; Rappaport et al. 2015; Allen et al. 2016).
Due to the sizable temporal and spatial scales required, this would be difficult to achieve
using real-life experiments. Therefore, to address the important knowledge gap that
remains as experimental data showing relationships between landscape connectivity and
resilience are rare (Mitchell et al. 2013), a novel quantitative forest succession modelling
approach was used in this study: the resilience of 10 important woodland EPs were
assessed across a gradient of connectivity in response to different intensities of pulse
disturbance, with an addition press disturbance included for half the simulations. Initial
landscape woodland cover was used as a proxy of connectivity, and resilience was
assessed in the measurable attributes of resistance, persistence and recovery time.
Specifically, the following hypothesis was tested: initial woodland cover (WC) influences

landscape resilience under different disturbance intensities.
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5.3. Materials and methods

5.3.1. Study area

The New Forest Special Area of Conservation (SAC) (longitude: 1°17°59°* to 1°48°8”’
W, Latitude: 50°42°19°° to 51°0°17”> N) is approximately 29,214 ha in area and is situated
wholly within the boundaries of New Forest National Park (Fig. 1.5) in southern England.
The mean (x S.D.) annual precipitation is 832 + 150 mm and mean annual temperature is
10.17 + 0.64 °C, based on data between 1957 and 2014. The local climate is temperate
oceanic (Met Office, 2015). Twenty-nine percent of the SAC (8,472 ha) is classed as
broadleaved deciduous woodland, consisting partly of 9120 Atlantic acidophilous beech
forest (Quercion robori petraeae or Ilici-Fagenion) and by 9130 beech forest (Asperulo-
Fagetum) SAC communities (JNCC, 2011). The SAC also covers other ecologically
important habitats including heath and mire.

5.3.2. Study design

The study was designed to test whether initial woodland cover (WC), a proxy measure of
habitat connectivity, influenced the resilience of a landscape in response to different
intensities of disturbance. To create an initial WC gradient, five initial WC maps were
created, each with broadleaved woodland covering a different amount of the landscape
(0, 25%, 50%, 75% and 100%). These maps were based on simulations of forest
succession in the New Forest, and grounded by empirical data (Section 5.3.3). To be able
to assess resilience in response to different intensities of disturbance, five sets of pulse
disturbance intensity (PDI) scenarios were conceived, each involving the removal of
different tree species (Section 5.3.6.1). Each pulse disturbance was activated after 20
years of simulated forest succession, with different simulations starting from the different
initial WC maps. To assess resilience of the EPs in response to the pulse disturbance,
values of each EP were recorded at 15, 20, and 170 years into all the simulations, which
meant that resistance and persistence could be calculated. Recovery time was measured
as the time when the post-disturbance value of an EP equalled that of the pre-disturbance
(Section 5.3.9.1). To determine whether additional press disturbances influenced
landscape resilience further, the five sets of PDI scenarios were repeated with the
inclusion of an additional press disturbance that also began at 20 years and continued for

the duration of the simulations (Section 5.3.6.2).

101



5.3.3. Initial woodland cover maps

The hypothetical compositions of WC were created based on mature woodland (i.e. tree
species > 10 years old) data (Newton et al. 2013), and used as the initial woodland layer
for the simulations. The initial WC stages used were 0%, 25%, 50%, 75% and 100% as
this allowed for the gradient of initial WC to be produced over which the resilience
attributes could be tested. Note: all conifers were excluded from this study, therefore WC
values refer to broadleaved trees only.

The New Forest SAC consisted of approximately 36.6% WC, after the conifers
had been excluded. To get the required higher starting percentages (50%, 75% and 100%
WC), a landscape model, LANDIS-II (described below), was run with the Biomass
Succession module (Scheller and Mladenoff, 2004) for 400 years, starting from initial
WC percentage (i.e. 36.6%). Mapped outputs of the 400-year simulations, which were
represented as 50 x 50 m grid squares, were then used to determine the percentage of WC
at each year. Each raster grid square contained the ages of all the species present, therefore
if mature trees (age > 10) of a species were present in the grid square then that square was
counted as a WC square, and the percentage cover worked out thusly. Defining the
squares as WC was undertaken using the reclassify tool in (ArcGIS 10.1), where a value
of 0 was given to those that did not contain any mature trees. WC was 74.11% and 99.91%
after 13 and 300 years, respectively. These were the closest values to the required values,
and therefore were the ones used. The spatial extent and composition output from those
years was used to create new initial community maps and inputs for the appropriate WC
needed.

Using the steps described above, 50% WC could not be obtained from the results
of a single simulation. This was because the percentages for year 10 (35% WC) and year
11 (64% WC) were not close enough to the desired amount. To solve this, the expansion
(which was the difference in WC extent between year 10 and year 11 outputs) was
calculated using the raster calculator tool. Subsequently, the SelectRandomByPercent
tool was used on the expansion to randomly select cells that equated to 50% WC when
combined with the year 10 outputs. To work out the initial communities for the 50%
inputs, the year 11 outputs were confined to that of the new layer, and the values of the
year 11 cohorts were used. For 25% WC, a landscape map of the New Forest was used
that only included non-managed broadleaved woodland. Excluding all other areas and
types of woodland, the combined total area of non-managed broadleaved woodland was
24.8% of the whole landscape; therefore it was utilised in this study. For a more detailed

explanation of the creation 25% WC map, see Cantarello et al. (in press).
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For 0% WC, the only species in the initial community were heath species, namely
ling heather (Calluna vulgaris) and European gorse (Ulex europaeus), neither of which
are considered timber species. Therefore, the landscape consisted of only grassland and
heathland. To determine the proportion of heathland and grassland over the landscape,
the underlying soil type was used. First, two maps were obtained: New Forest broad
habitat types map was obtained from the Hampshire Biodiversity Information Centre,
Hampshire, used to identify grassland and heathland habitat areas initially (see Fig. 5.1);
and a National Soil Map (NATMAP), obtained from National Soil Resources Institute,
Silsoe. Second, the maps were combined and for each soil type, the percentage of
heathland and grassland that it contained was calculated. If the soil type contained no
heathland then that soil type was classified as only being able to become grassland (i.e.
heathland species could not begin on or could not spread to that soil type), and vice versa.
If the soil type underlay both types of habitat, the habitat that made up most percentage
of its area was what the habitat it was assigned as. Any woodland initially present from
the current maps was then reclassified as either heathland or grassland, resulting in the
final 0% WC map.

5.3.4. Modelling framework

The spatially-explicit LANDIS-I1 (Scheller et al. 2007) landscape forest model (v6.0) was
used in this study to simulate the spatiotemporal dynamics of the New Forest. The model
has been used extensively throughout North America (Steenberg et al. 2011; Scheller et
al. 2011) and has been used previously in the current study area, the New Forest
(Cantarello et al. 2011; Newton et al. 2013; Cantarello et al. in press). LANDIS-11 is a
landscape model that simulates succession and disturbance over a landscape represented
as a grid of interconnected cells of a user-defined size. In LANDIS-II, trees grow in
cohorts grouped by species and age, not individually (Scheller et al. 2007). Climate data
for all simulations were based on local monthly mean temperature and precipitation
amounts from 1957-2014 (recorded at Hurn, approximately 10 km from the New Forest;
Met Office, 2015). The monthly climate data remained the same duration of the

simulation, which was 170 years.
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Fig. 5.1: Habitats of the New Forest Special Area of Conservation (SAC). The woodland (green), grassland
(pink), scrubland (blue) and heathland (purple) habitats of the New Forest SAC. The habitat shapefiles were
extracted from the Hampshire Biodiversity Information Centre landcover map.

5.3.5. Modelling parametrisation

The New Forest SAC has been parameterised for LANDIS-I1 in a previous study (Newton
et al. 2013). More information can be found in that study; however, the important model
parameterisation information is displayed here. The base LANDIS-1I model requires
raster landscape maps for determining the initial composition of the landscape - an
ecoregion map, which describes different ecological conditions over the landscape, and
an initial community map. The ecoregion map was classified into 25 active ecoregions
based on homogenous soil type, topography and elevation data obtained from fieldwork,
as described in Newton et al. (2013). The creation of the unique initial community maps
is described above. These describe the community data of species and age cohorts present
at the start of each simulation. Maps always excluded locations that incorporate water
bodies, horticulture and arable field and urban development.

In LANDIS-II, all the species (i.e. trees) and the landscape require
parameterisation. For each species, specific life history parameter requirements were
taken from the literature (Burns and Honkala 1990; Escudero et al. 1992; Sjostrom, 1993,
Reich et al. 1996; Mediavilla and Escudero, 2003; Pyatt et al. 2003; Hill et al. 2004; Ishii
et al. 2009; Wang et al. 2010; Scheller et al. 2012; Post and Pastor, 2013) and

supplemented by field data collection. Life history traits determined the successional
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dynamics of each species during the establishment phase of each timestep of the
simulation. They included attributes such as fire tolerance, drought tolerance, shade
tolerance, dispersal distance and average plant longevity. The probability of
establishment of each species at each timestep depends on moisture and temperature
conditions, as well as competition from other species. Overall, 30 woodland tree species
were used in this study. For the input species parameters used in this study, see Appendix
5.1.

5.3.6. Scenarios

Each simulation was run for 170 years, from 2016-2186. Each pulse disturbance was
activated at the timestep of 19 — 20 years (with the exception of the no pulse disturbance
simulations), and then never again in the same simulation. When press disturbances were

active, they began at 20 years and remained for the duration of the simulation.

5.3.6.1.Pulse disturbance

The Base Harvest extension (v2.0) of LANDIS-II was used to simulate the landscape
effects of pulse and press disturbances. The five sets of PDI scenarios involved different
intensities of one-time disturbance events. The five scenarios involved elimination of one
or more locally important tree species: oak only (PDI1); beech only (PDI2); beech and
oak (PDI3); beech, oak, holly and birch (PD14); and no species (PDI0). In reality, extreme
drought or pathogen attacks could have this effect; sudden oak death in the USA and ash
dieback in Europe are recent examples of similar phenomena (Kowalski, 2006; Cunniffe
et al. 2016). Once a species was removed, it was not present for the remainder of the

simulation — it could not recolonise or regenerate.

5.3.6.2. Press disturbance

To determine whether additional press disturbances had an effect on landscape resilience
further, all PDI scenarios were repeated with the inclusion of a press disturbance. In this
study, the press disturbance was used to represent the effect of a high density of
herbivores, based on literature-derived palatability of tree species to different animals
present in the New Forest (Newton et al. 2013). For the press disturbance, four herbivory
browsing categories were used: three deer (high-, med- and low-deer) and one pony
(pony_browse). Herbivory categories consisted of different percentages of ‘harvesting’

of the categorised tree species juveniles (1 — 10 years old) (see CD, CD5.1 for parameters
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used). Tree species in the high-deer category were harvested by 90%, in med-deer by 80%
and in low-deer by 70%. For the pony browsing category, all involved species were
harvested by 50%. The harvest area of each of these was set to 20% of the entire
landscape, selected randomly at each timestep, for each individual browsing category.
For illustration, 70% of all tree species juveniles in the low-deer category would have
been harvested (eaten) in the randomly-selected 20% of the landscape. Meanwhile (i.e. in
the same timestep), 80% of all tree species juveniles in the med-deer category would have
been harvested in a different, but potentially-overlapping, set of cells which make up 20%
of the landscape. Press disturbances were enacted continually from 21 years until the end

of each scenario that included a press disturbance.

5.3.7. Carbon and nitrogen simulations

The dynamics of aboveground and belowground C and N were modelled using the
Century Succession (v4.0) extension for LANDIS-II (Scheller et al. 2011). The extension
is based on the original CENTURY soil model (Parton et al. 1983). For detailed
information on the carbon and nitrogen flows in Century, see Scheller et al. (2008, 2011,
2012) and Lucash et al. (2014). The Century extension required species-specific,
functional groups and ecoregions inputs. The Century extension was calibrated following
Scheller et al. (2011a) and Loudermilk et al. (2013), and is explained in detail for the New
Forest in Cantarello et al. (in press). Briefly, the net ecosystem exchange (NEE), a
measurement of carbon uptake, was modelled against empirical data collected at Alice
Holt flux tower (51°9°13°* N 0°51°30°* W), which gave a result of r? of 0.77. The initial
aboveground biomass and the accumulation of biomass were calibrated using data from
previous New Forest studies (Cantarello and Newton, 2008; Newton et al. 2013; Chapter
2 of this thesis).

5.3.8. Ecosystem properties

Ten EPs were assessed in this study (Table 5.1). They consisted of biodiversity, ES and
ecosystem function metrics that are important in temperate woodlands. These were:
species richness of ectomycorrhizal fungi (ECM), vascular ground flora (GF), epiphytic
lichen and tree species (for all richness measures, the units are number of unique species
hal); aboveground biomass (AGB) (Mg ha™); net mineralisation [(ug NOs + NHs")
capsule™)]; soil respiration rate (umols m? s%); soil nitrogen stock (Mg N ha™); timber
volume (m® hal); and total carbon stock (Mg C ha™). Net mineralisation, the soil

respiration rate and most biodiversity metrics, with the exception of tree species richness,
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were derived from the results in the study in Chapter 2 of this thesis. The values for AGB,
total C stock, and soil N stock were calculated from the LANDIS-II Century extension
output, and timber volume was calculated by multiplying the aboveground biomass of
important timber species (beech and oak in this study) using respective nominal specific
gravity (Jenkins et al. 2011). All values were calculated at the stand scale, and then
averaged over the whole landscape.

For EPs calculated from Chapter 2’s results, generalised linear models (GLMs)
were used to fit each of the variables against AGB of broadleaved trees. For each variable,
null, linear and non-linear relationships between AGB and the individual EP variable
were modelled. All species richness measures were modelled with a Poisson error
structure as they were count data (i.e. non-negative integers). Gaussian errors were used
for the other variables. The outputs of all the three models were then averaged, based on
the relative weight of each model, using the MuMIn package (Barton, 2015). The
resulting averaged coefficients were used to determine a value for each variable at each
timestep (i.e. every 5 years). This value was averaged for each ecoregion of the model,

and each EP value obtained.

Data analysis

5.3.8.1. Woodland cover and connectivity correlations

To determine if significant relationships existed between WC, the proxy connectivity
measure used in this study, and other common connectivity measures, spatial outputs at
every 10 years of all simulations were input into Fragstats (v4.2) (McGarigal, 2015), a
spatial analysis programme that calculates numerous connectivity metrics. Bonferroni-
corrected Spearman Rank correlation tests were then carried out on Fragstats output,

which was used to analyse total patch area (i.e. WC) against other connectivity measures.

5.3.8.2. Resilience attribute measurements

From the LANDIS-II outputs, the values of all EPs were averaged across the landscape,
to show their value at stand scale. To be able to assess all EPs on the same scale, the
individual resilience attributes were converted into either proportions (resistance and
persistence) or recorded as time taken for the EP to equal its pre-disturbance value
(recovery). Consequently, following Shade et al. (2012), resistance was measured as the
proportion difference between 15 years, the last value recorded before the pulse
disturbance, and 20 years, the first value recorded after the pulse disturbance (Eqg. 1).

Thus,
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(Eq. 1) Resistance= 1 —

where y1s and y»o are the EP values at year 15 (the pre-disturbance value) and year 20 (the
value immediately following the pulse disturbance), respectively.

Persistence was measured as proportion regained of the EP value by the end of
the simulation. This was calculated by dividing the value at the final timestep (i.e. 170
years) from the last recorded timestep before the perturbation (i.e. 15 years) (Eg. 2). As
the persistence value was the proportion regained, any values which were > 1 (i.e. cases

where the EP value ended higher than it began) were capped at 1. Thus,

(Eq. 2) Persistence = | Y170 |

Y15

where yi70 is the EP value at 170 (the final value), 150 years after the pulse disturbance.
The recovery time was measured as the first year after the pulse disturbance that the EP

value was equal or greater than the pre-disturbance EP value (Eq. 3). Thus,

(Eq. 3) Recovery time () = V- > V15

where ris the year (timestep). If an EP value never fully recovered, it was given a value

of 150, the maximum length of time of the simulation subsequent to the pulse disturbance.

5.3.8.3.PDI scenario GLMs

The results of each of the five PDI scenarios were analysed separately using GLMs to
determine whether WC had an effect on resilience in response to the different pulse
disturbance intensities. For each PDI scenario, a specific resilience attribute (resistance,
persistence or recovery) was used as the dependent variable. As resistance and persistence
were recorded as proportions — i.e. all values were continuous and bounded between 0
and 1 - beta regression models were initially fitted, following Ferrari and Cribari-Neto
(2004), using the betareg r package (Zeileis et al. 2016). As resistance and persistence
sometimes included the extremes of 0 and 1, resistance and persistence models were

transformed following Smithson and Verkuilen (2006; see (Eq. 4)).
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(Eq.4)  Transformation for beta regression = (y * (n — 1) + 0.5)/n

where n is the sample size and y is the dependent variable. For ease of
interpretation, resistance and persistence results were converted to percentages
subsequently. To determine the best-fitting model for recovery, GLMs were fitted using
a Poisson error structure, as the data were non-negative integers.

To determine what the relationship for each EP to the different resilience attributes
was, null models and models with linear and quadratic terms of initial WC were fitted,
with and without the effects of herbivory. Linear and quadratic terms describing the shape
of the resilience relationship with WC were tested to identify any potential linearity or
non-linearity, as both types of relationship have been predicted to exist between WC and
resilience (Grét-Regamey et al. 2014; Tambosi et al. 2014; Altieri et al. 2015; Mitchell et
al. 2015). The most parsimonious model was chosen using model selection based on the
lowest AIC values of each set of models, corrected for small sample sizes, using the
MuMin package (Barton, 2015). The effect of WC on the resilient attributes were only
considered to be substantial if the met a priori criteria of the most parsimonious model
having AAIC > 4 from the null model and if the r? > 0.4,

Finally, to determine whether there were significant relationships between the
three resilience attributes under each PDI scenario, Spearman Rank correlations were
used to calculate how related each final value of the resilient attributes were to each other
attribute individually. The correlation analyses were calculated using the endpoint mean
resilient attribute values from the six simulations of each PDI scenario, i.e. three from
each of the repeated simulations with and without press disturbance. The simulations with
and without press disturbance where also analysed separately. Correlations could not be
calculated for EPs that were either always resistant or that consistently recovered fully,
regardless of initial WC in a PDI scenario. All statistical analyses were conducted in R
3.2.3. (R Development Core Team, 2015, http://www.r-project.org/).
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Table 5.1: Summary of ecosystem properties assessed. Type indicates whether the metric was biodiversity,

an ecosystem function or an ecosystem service (ES). The ‘calculated from’ column specifies whether the

final ecosystem property values were obtained based on the aboveground biomass (AGB) of broadleaved

trees, taken from Chapter 2’s results, or directly from LANDIS-II outputs based on species interactions.

Ecosystem Type Abbreviation Units Calculated
property from
Aboveground Ecosystem AGB Mg ha! LANDIS-II

biomass function outputs
Ectomycorrhizal Biodiversity ECM No. of unique  Relationship
fungi species ha with AGB
Net Ecosystem Net min [(ng NOs™ + Relationship
mineralisation function NH4") with AGB
capsule™)]
Soil respiration  Ecosystem SRR umols m?s?  Relationship
rate function with AGB
Total carbon ES Carbon Mg C ha? LANDIS-II
stock outputs
Total nitrogen ES Nitrogen Mg N ha'? LANDIS-II
stock outputs
Timber volume ES Timber m? ha'! LANDIS-II
outputs
Tree species Biodiversity  Tree species  No. of unique  Relationship
richness species hat with AGB
Ground flora  Biodiversity GF No. of unique  Relationship
species richness species hat with AGB
Epiphytic lichen Biodiversity Lichen No. of unique  Relationship
species richness species hat with AGB
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5.4. Results

5.4.1. PDI impacts on aboveground biomass

AGB showed a mean reduction of 22.40% (29.690 Mg ha) overall, with mean AGB
changing due to disturbance an average of -12.776% (-12.407 Mg ha™) in scenario PDI1,
-18.334% (-29.054 Mg ha) under PDI2, -38.138% (-50.234 Mg ha'!) under PDI3, and -
47.356% (-61.649 Mg ha*) under PDI4. However, there were large variations between
the initial WC stages (Fig 5.2; Table A5.7). In terms of percentage AGB change under
PDI scenarios that featured a disturbance (i.e. not PD10), 25% WC almost always declined
the most out of all the initial WC stages, with the exception of the PDI2 scenario.
Unsurprisingly, most WC stages lost increasing amounts of AGB as the intensity of

disturbance increased. This was with the exception of 25% WC where AGB declined
more under PDI1 than PDI2.

Woodland
) cover (%)

B

-25 1

-50 4 ) . 75

Aboveground biomass change (%) due to PDI

PDIO PDI PDI2 PDI3 PDI4
PDI Scenario

Fig. 5.2: Mean changes in aboveground biomass resulting from the different pulse disturbance intensity
(PDI) scenarios. The coloured bars represent the mean percent change of woodland cover under the
different PDI scenarios. The black lines represent the standard deviations of the means. Note: 0% WC
cannot be seen as it did not change. The five sets of PDI scenarios involved different intensities of one-time
disturbance events, which were carried out through the elimination of one or more locally important tree

species: oak only (PDI1); beech only (PDI2); beech and oak (PDI3); beech, oak, holly and birch (PDI14);
and no species (PDI0).
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5.4.2. Woodland cover related to other connectivity metrics

WC was highly positively correlated with other common measures of connectivity,
including mean patch area (r = 0.964, P < 0.001, r? = 0.929); the mean spatial
connectedness of the habitat, the contiguity index (r = 0.627, P < 0.001, r? = 0.393);
physical connectedness, patch cohesion (r = 0.959, P < 0.001, r? = 0.920); and the mean
similarity (r = 0.469, P < 0.001, r? = 0.220). See CD, CD5.2 for connectivity correlation

results.

5.4.3. Effect of woodland cover on resistance

W(C had an effect on the resistance of three EPs under the PDI1 and five EPs for PDI2,
PDI3 and PDI4. Thus, WC influenced the resistance of 18/40 EPs altogether when there
was a pulse disturbance. Timber volume and tree species richness were the only EPs to
exhibit non-linear relationships to resistance when there was a pulse disturbance. In
scenario PDI1 (Fig 5.3; Table 5.2) and PDI2 (Fig 5.4; Table 5.2), tree species exhibited a
negative relationship with WC, becoming steeper over the latter stages, while tree species
under PDI3 (Fig 5.5; Table 5.2) and PDI4 (Fig 5.6; Table 5.2) had an upwards-facing
concave relationship with WC, where tree species resistance increased after the 50% WC
stage. For timber under PDI3 and PDI4 (Figs 5.5-5.6; Table 5.2), resistance was 0 for all
W(C stages other than 0% WC, creating a sharp decline between 0% and 25% WC and
followed by a plateau at 0% resistance. For timber under PDI1 and PDI2, resistance
initially declined followed by an increase after the 50% WC (r%g = 0.774; AAIC =
14.787) and the 75% WC stages (r.qj = 0.888; AAIC = 11.131), respectively (Figs 5.3 —
5.6; Table 5.2). When there was no pulse disturbance (i.e. PD10), WC had a significant

effect on four EPs between 15 and 20 years.
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Table 5.2: The most parsimonious models for resistance and associated measures of parsimony (Log
likelihood, AIC), support (AAIC, AIC weight) and goodness of fit (?adj). WC and WC? indicate that linear
and quadratic terms of woodland cover were used in the most parsimonious models, respectively. Null
indicates that the null model was the most parsimonious. PDI indicates the intensity of disturbance the

resistance of the ecosystem properties was measured in response to.

Resistance
Ecosystem Model s AlC )
property structure Log likelihood AAIC Weight e
PDI1
AGB Null -57.173 8.138 0.978 0
Carbon Null -49.155 10.898 0.996 0
ECM Null -44.992 7.134 0.972 0
GF Null 955.942 93.026 1 0
Lichen Null -36.45 11.794 | 0.997 0
Net min Null 955.942 93.026 1 0
Nitrogen WC 6.184 4.226 0.892 0.479
SRR Null -18.596 13.019 | 0.999 0
Timber WC+WC? -52.732 14.787 | 0.999 0.774
Tree species WC -42.755 7.479 0.975 0.472
PDI2
AGB WC -53.8 7.461 0.957 0.465
Carbon wC -47.54 3.597 0.857 0.394
ECM wcC -41.078 16.634 1 0.638
GF Null 955.942 93.026 1 0
Lichen wC -33.777 14.288 | 0.999 0.592
Net min Null 955.942 93.026 1 0
Nitrogen wcC 32.444 26.196 | 0.748 0.769
SRR wcC -34.476 3.782 0.828 0.454
Timber WC+WC? -47.27 11.131 | 0.996 0.888
Tree species Null -44.534 2.024 0.662 0
PDI3
AGB Null -66.927 0.695 0.543 0
Carbon wcC -53.742 2.738 0.743 0.367
ECM wcC -49.236 9.69 0.99 0.542
GF Null 955.942 93.026 1 0
Lichen wcC -42.795 8.833 0.986 0.498
Net min Null 955.942 93.026 1 0
Nitrogen Null -17.79 4.496 0.904 0
SRR wC -31.812 12.38 0.998 0.567
Timber WC+WC? -65.064 29.336 1 0.892
Tree species | WC+WC? -35.708 8.992 0.989 0.833
PDI4
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AGB Null -70.942 2.823 0.772 0
Carbon wcC -54.963 1.602 0.637 0.396
ECM wC -50.077 7.28 0.973 0.567
GF Null 955.942 93.026 1 0
Lichen wcC -43.748 9.219 0.987 0.536
Net min Null 955.942 93.026 1 0
Nitrogen Null -21.761 12.8 0.998 0
SRR wC -30.482 17.984 1 0.643
Timber WC+WC? -70.54 17.921 1 0.848
Tree species | WC+WC? -17.815 49,982 1 0.966
PDIO
AGB Null 955.942 93.026 1 0
Carbon Null 955.942 93.026 1 0
ECM Null 955.942 93.026 1 0
GF WC+WC? -16.472 12.693 | 0.998 0.853
Lichen Null 955.942 93.026 iy 0
Net min wcC -10.451 12.855 | 0.998 0.674
Nitrogen WC+WC? 29.349 9.064 0.987 0.838
SRR Null 955.942 93.026 1 0
Timber Null 955.942 93.026 1 0
Tree species WC -43.401 6.124 0.955 0.449
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Fig. 5.3. Results of the most parsimonious GLMs for resistance of the different ecosystem properties across
the woodland cover (WC) gradient resulting from PDI1. The blue lines represent the most parsimonious

model for all EPs, and the blue surrounds represent the 95% confidence intervals of the most parsimonious
model.
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Fig. 5.4. Results of the most parsimonious GLMs for resistance of the different ecosystem properties across
the woodland cover (WC) gradient resulting from PDI2. The blue lines represent the most parsimonious

model for all EPs, and the blue surrounds represent the 95% confidence intervals of the most parsimonious
model.
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the woodland cover (WC) gradient resulting from PDI3. The blue lines represent the most parsimonious

model for all EPs, and the blue surrounds represent the 95% confidence intervals of the most parsimonious
model.
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5.4.4. Effect of woodland cover on persistence

The initial WC had an effect on the persistence of four EPs under PDI1 scenario, six under
PDI2, six under PDI3 and three EPs in the PDI4. Thus, WC influenced the resistance of
18/40 EPs altogether. When there was no pulse disturbance, WC had a significant effect
on four EPs between 30 and 170 years (Table 5.3; Figs 5.7-5.10).

Table 5.3: The most parsimonious models for persistence and associated measures of parsimony (Log
likelihood, AIC), support (AAIC, AIC weight) and goodness of fit (r%agj). WC and WC? indicate that linear
and quadratic terms of woodland cover were used in the most parsimonious models, respectively. H
indicates that the press disturbance (i.e. herbivory) was included as a term in the most parsimonious model.
Null indicates that the null model was the most parsimonious. PDI indicates the intensity of disturbance the

ecosystem properties were measured in response to.

Persistence

Ecosystem Model

- i -
property structure Log likelihood AAIC AIC Weight Iadj

PDIL
AGB Null 955.942 0 1 0
Carbon Null -27.304 0 0.573 0
ECM Null 955.942 0 1 0
GF | WC+WCH -33.058 32.24 0.992 0.902
Lichen Null 955.942 0 1 0
Net min WC+H -32.432 31.382 0.709 0.797
Nitrogen | WC+WC? -32.842 27.392 0.57 0.867
SRR Null 955.942 0 1 0
Timber Null 955.942 0 1 0
Sger;ees WCH+WC? -36.773 29.904 0.838 0.876
PDI2
AGB WC+WC? -43.318 8.017 0.519 0.729
Carbon Null -43.199 0 0.339 0
ECM WC -40.986 3.542 0.31 0.402
GF | WC+WC+H -31.442 39.667 0.997 0.925
Lichen Null -30.531 0 0.51 0
Net min | WC+WC2+H -31.626 28.631 0.997 0.89
Nitrogen | WC+WC? -28.838 33.818 0.779 0.895
SRR Null -20.518 0 0.591 0
Timber | WC+WC2 44,147 20.566 0.824 0.822
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Tree

spocies | WCHWC? -32.026 37.065 0.92 0.905
PDI3
AGB H -60.356 6.491 0.685 0.237
Carbon H -56.863 1.332 0.629 0.1
ECM WC+H -48.109 8.785 0.875 0.53
GF H -40.797 5.211 0.927 0.24
Lichen WC+H -36.991 11.104 0.944 0.589
Net min H -33.943 4.778 0.913 0.241
Nitrogen wC -34.941 30.783 0.535 0.767
SRR WC -29.431 6.383 0.372 0.472
Timber | WC+WC? -64.619 40.253 0.582 0.899
sger;‘;s WC+WC? -37.322 30.296 0.903 0.877
PDI4
AGB H -65.259 4.288 0.845 0.169
Carbon Null -62.48 0 0.633 0
ECM H -54.78 3.065 0.508 0.155
GF Null -26.46 0 0.582 0
Lichen H -44.995 2.739 0.572 0.166
Net min Null -16.369 0 0.663 0
Nitrogen WC -37.87 29.19 0.851 0.752
SRR WC -31.144 3.118 0.487 0.408
Timber | WC+WC? -70.54 29.08 0.737 0.848
sger;(;s WC+WC? -38.79 31.879 0.861 0.882
PDIO
AGB Null 955.942 0 1 0
Carbon Null 955.942 0 1 0
ECM Null 955.942 0 1 0
GF WC+WC? -39.489 22.426 0.547 0.837
Lichen Null 955.942 0 1 0
Net min | WC+WC2H -33.965 22.72 0.633 0.863
Nitrogen | WC+WC? -34.03 23.63 0.915 0.848
SRR Null 955.942 0 1 0
Timber Null 955.942 0 1 0
sger;is WCH+WC?2 -38.67 28.625 0.887 0.869
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Fig. 5.7. Results of the most parsimonious GLMs for persistence of the different ecosystem properties
across the woodland cover (WC) gradient resulting from PDI1. The red and blue lines and surrounds
represent the most parsimonious model, with and without herbivory, respectively. The coloured surrounds
represent the 95% confidence intervals of the most parsimonious model. Note: where herbivory did not
have a significant effect in the most parsimonious model both lines and confidence intervals overlap, with

the only the blue lines and surrounds showing.
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Fig. 5.8. Results of the most parsimonious GLMs for persistence of the different ecosystem properties
across the woodland cover (WC) gradient resulting from PDI2. The red and blue lines and surrounds
represent the most parsimonious model, with and without herbivory, respectively. The coloured surrounds
represent the 95% confidence intervals of the most parsimonious model. Note: where herbivory did not
have a significant effect in the most parsimonious model both lines and confidence intervals overlap, with
the only the blue lines and surrounds showing.
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Fig. 5.9. Results of the most parsimonious GLMs for persistence of the different ecosystem properties
across the woodland cover (WC) gradient resulting from PDI3. The red and blue lines and surrounds
represent the most parsimonious model, with and without herbivory, respectively. The coloured surrounds
represent the 95% confidence intervals of the most parsimonious model. Note: where herbivory did not
have a significant effect in the most parsimonious model both lines and confidence intervals overlap, with
the only the blue lines and surrounds showing.
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Fig. 5.10. Results of the most parsimonious GLMs for persistence of the different ecosystem properties
across the woodland cover (WC) gradient resulting from PDI4. The red and blue lines and surrounds
represent the most parsimonious model, with and without herbivory, respectively. The coloured surrounds
represent the 95% confidence intervals of the most parsimonious model. Note: where herbivory did not
have a significant effect in the most parsimonious model both lines and confidence intervals overlap, with
the only the blue lines and surrounds showing.
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5.4.5. Effect of woodland cover on recovery

The initial WC had an effect on the recovery time of 10 EPs in both PDI1 and PDI2, and
eight EPs for PDI3 and PDI4. Thus, WC influenced the recovery of 36/40 EPs altogether.
For PDI4, there was a sharp increase for EPs that were influenced by WC between the
0% and 25% WC, after which most reached the maximum recovery time (i.e. 150 years)
when herbivory was significant. WC influenced the trajectory of four EPs when there was
no pulse disturbance (Table 5.4; Figs 5.11-5.14).

Table 5.4: The most parsimonious models for recovery time fitted and associated measures of parsimony
(Log likelihood, AIC), support (AAIC, AIC weight) and goodness of fit (r?g;). WC and WC? indicate that
linear and quadratic terms of woodland cover were used in the most parsimonious models, respectively. H
indicates that the press disturbance (i.e. herbivory) was included as a term in the most parsimonious model.
WC*H indicates that a significant interaction between WC and herbivory was included in the most
parsimonious model. Null indicates that the null model was the most parsimonious. PDI indicates the

intensity of disturbance that the response of the ecosystem properties was measured in response to.

Recovery
Esrojg’gﬁf;] St%%fﬁ're Log likelihood | AAIC | AIC Weight | g
PDI1
AGB | WC+WC2+H |  -372.406 175.699 0.791 0.015
Carbon | WC+WC2+H | -231.454 | 1632.383 0.704 0.308
ECM | WC+WCH |  -372.406 175.699 0.791 0.015
GF WC*H+WC? | -337.178 2509.58 1 0.661
Lichen | WC+WC2+H |  -372.406 175.699 0.791 0.015
Netmin | WC*H+WC? | -337.178 2509.58 1 0.661
Nitrogen | WC*H+WC? |  -164.300 | 2744.436 0.481 0.824
SRR | WC+WC%H |  -372.406 175.699 0.791 0.015
Timber | WC+wWcC? -399.96 349.988 0.759 0.408
SpTer;iS WC*H+WC2 -419.675 1266.088 1 0.835
PDI2

AGB | WC*H+wc? | 272679 | 1598.274 0.605 0.435
Carbon | WC*H+WC? -654.13 985.478 0.992 0.159
ECM | WC*H+WGC? |  -272.679 | 1598.274 0.605 0.435
GF WC*H+WC? | -187.319 | 2766.322 1 0.465
Lichen | WC*H+WC? | -316.712 | 1650.706 0.536 028
Netmin | WC*H+WC? |  -198.836 | 1536.173 1 0.289
Nitrogen | WC*H+WC? |  -162.384 | 2706.036 0.86 0.827
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SRR | WC*H+wWC?2 | 272679 | 1598.274 0.605 0.435
Timber WC*H 204976 | 1096.546 0.393 0.758
SFE;EES WC+WC2 -378.595 951.22 0.779 0.839

PDI3

AGB | WC+WC2+H | -780.923 513.709 0.535 0.597
Carbon WC+H 11004181 | 224.789 0.375 0.319

ECM | WC+WCH |  -776.888 518.693 0.561 0.6

GF Null 921.515 0 1 0
Lichen | WC+WC2+H | -820.122 515.067 0.599 0.575
Net min Null 921.515 0 1 0
Nitrogen | WC+WC? -170.926 | 2886.259 0.779 0.815

SRR | WC+WC2+H |  -776.888 518.693 0.561 0.6
Timber | WC+WC? -378.595 951.22 0.779 0.839
SpTerfi‘zs WC+WC2 -378.595 951.22 0.779 0.839

PDI4

AGB | WC+WC2+H |  -580.584 671.112 0.825 0.733
Carbon | WC+WC2+H | -736.377 420.47 0.811 0.65

ECM | WC+WC%H |  -580.584 671.112 0.825 0.733

GF Null 921515 0 1 0
Lichen | WC+WC2+H |  -580.584 671.112 0.825 0.733
Net min Null 921515 0 1 0
Nitrogen | WC+WC? 170.926 | 2886.259 0.779 0.815

SRR | WC+WC2+H | -580.584 671.112 0.825 0.733
Timber | WC+WC? -378.595 951.22 0.779 0.839
S;;‘Zs WC+WC2 -378.595 951.22 0.779 0.839

PDIO

AGB Null 921515 0 1 0
Carbon Null 921.515 0 1 0

ECM Null 921515 0 1 0

GF WC+WC? -378.595 951.22 0.779 0.839
Lichen Null 921515 0 1 0
Netmin | WC+WC? -378.595 951.22 0.779 0.839
Nitrogen | WC+WC? -55.468 2658.102 0.779 0.935

SRR Null 921515 0 1 0
Timber Null 921.515 0 1 0
S;_er;‘zs WC*H+WC? | -964.985 | 1292.089 0.999 0.421
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Fig. 5.11. Results of the most parsimonious GLMs for recovery time of the different ecosystem properties
across the woodland cover (WC) gradient resulting from PDI1. The red and blue lines and surrounds
represent the most parsimonious model, with and without herbivory, respectively. The coloured surrounds
represent the 95% confidence intervals of the most parsimonious model. Note: where herbivory did not
have a significant effect in the most parsimonious model both lines and confidence intervals overlap, with

the only the blue lines and surrounds showing.
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Fig. 5.12. Results of the most parsimonious GLMs for recovery time of the different ecosystem properties
across the woodland cover (WC) gradient resulting from PDI2. The red and blue lines and surrounds
represent the most parsimonious model, with and without herbivory, respectively. The coloured surrounds
represent the 95% confidence intervals of the most parsimonious model. Note: where herbivory did not
have a significant effect in the most parsimonious model both lines and confidence intervals overlap, with

the only the blue lines and surrounds showing.
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Fig. 5.13. Results of the most parsimonious GLMs for recovery time of the different ecosystem properties
across the woodland cover (WC) gradient resulting from PDI3. The red and blue lines and surrounds
represent the most parsimonious model, with and without herbivory, respectively. The coloured surrounds
represent the 95% confidence intervals of the most parsimonious model. Note: where herbivory did not
have a significant effect in the most parsimonious model both lines and confidence intervals overlap, with

the only the blue lines and surrounds showing.
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Fig. 5.14. Results of the most parsimonious GLMs for recovery time of the different ecosystem properties
across the woodland cover (WC) gradient resulting from PDI4. The red and blue lines and surrounds
represent the most parsimonious model, with and without herbivory, respectively. The coloured surrounds
represent the 95% confidence intervals of the most parsimonious model. Note: where herbivory did not
have a significant effect in the most parsimonious model both lines and confidence intervals overlap, with

the only the blue lines and surrounds showing.
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Table 5.5: Summary table of the influence of woodland cover (WC) on the individual resilience attributes.
PDI indicates the pulse disturbance intensity that the resilience attribute was measured in response to. The
number in each column relates to how many EPs included those terms in the most parsimonious models.
The ‘No WC relationship’ column indicates the numbers of times the most parsimonious model did not
include a WC term, or where AAIC <4 compared to the null model, in accordance with the a priori criteria.
The Total rows are the sum of the of the four PDI that included a pulse disturbance (i.e. not PDI0), and
these numbers are out of 40, which relates to the EPs multiplied by the number of PDI scenarios that
involved a pulse disturbance. H and WC*H indicate whether there was a significant effect of herbivory or

a significant interaction between H and WC, respectively.

Resilience PDI No WC WC WC Total H WC*H
attribute scenario  relationship ~ (linear)  (Non- WC
linear) models
for
each
PDI
Resistance PDI1 7 2 1 3 NA NA
PDI2 5 4 1 5 NA NA
PDI3 5 3 2 5 NA NA
PDI4 5 3 2 5 NA NA
Total 22 12 6 18 NA NA
PDIO 6 2 2 4 NA NA
Persistence PDI1 6 1 3 4 2 0
PDI2 4 0 6 6 2 0
PDI3 4 4 2 6 5 0
PDI4 7 1 2 3 3 0
Total 21 6 13 19 12 0
PDIO 6 4 0 4 1 0
Recovery PDI1 0 0 10 10 5 4
PDI2 0 1 9 10 0 9
PDI3 2 1 7 8 5 0
PDI4 2 0 8 8 5 0
Total 4 2 34 36 15 13
PDIO 6 0 4 4 0 1
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5.4.6. Relationships between the three resilient attributes

Generally, all three resilient attributes (resistance, persistence and recovery) were highly
correlated for each PDI scenario where correlations could be calculated (Table 5.6).
Under the PDI1 scenario, when correlations could be calculated, seven out of eight EPs
demonstrated negative correlations between resistance and recovery time, five out of five
EPs demonstrated negative correlations between persistence and recovery time, and three
out of three demonstrated positive correlations between resistance and persistence. Under
the PDI2 scenario, the persistence of all EPs correlated negatively with recovery time, as
did resistance for the eight times it could be calculated. Correlations were all positive
between persistence and resistance for the eight relationships that could be calculated.
Correlations were the same for PDI3 and PDI4: 100% (of the eight EPs correlations that
could calculated) demonstrated significantly negative correlations between persistence
and recovery time and between resistance and recovery time, and positive correlations
between persistence and resistance. Overall, nitrogen stock had the strongest set of
correlations among the three resilient attributes, exhibiting consistent, coherent
relationships regardless of the PDI scenario, while the resilient attributes of carbon
storage and timber volume had the strongest relationships in scenarios PDI2-4. The
results were similar when each PDI scenario was subset into simulations with additional
herbivory (press) disturbance and those without. However, there were two, three, one and
three fewer significant relationships when herbivory was present compared to when there
was no herbivory for PDI1, PDI2, PDI3 and PDI4, respectively (CD, CD5.4).

5.5. Discussion

The concept of resilience is being increasingly used in landscape management plans in
efforts to enhance the future conservation of biodiversity and sustainability of ES (Biggs
etal. 2012; Turner etal. 2012; Newton and Cantarello, 2015; Seidl et al. 2016). However,
this is inhibited by broad assumptions about what makes a landscape resilient and that
there are often no quantifiable metrics to determine resilience (Newton, 2016). To
elucidate what effect WC, an often-used proxy for connectivity, had on landscape
resilience, this original study measured resilience in the quantifiable and operational
forms of resistance, persistence and recovery for important woodland EPs. The main
findings showed that the initial WC of a landscape influenced resilience for over half of
the EPs studied, with 72 out of 120 GLMs including WC as a significant term in the most
parsimonious model. Specifically, WC had an effect on resistance, persistence and

recovery time of 18, 18 and 36 EPs out of 40, respectively, when the results from the four
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PDI scenarios that involved pulse disturbances were combined. Overall, the results
provide support for the hypothesis of this study, that the initial WC of a landscape
influences the resilience of a landscape, meaning connectivity is an important factor of
landscape resilience (Fahrig, 2013; Tambosi et al. 2014). This is encouraging for
conservation, as using increasing habitat cover as a way of promoting connectivity is
gaining more focus as a way of making natural systems more resilient to future pressures
(e.g. MEA, 2005; Watts et al. 2005; Lawton et al. 2010; Gimona et al. 2012; Mitchell et
al. 2013).

5.5.1. Resilience of 0% woodland cover
One clear yet major unexpected finding of this study was that the 0% WC stage was
consistently the most resilient — at 0% WC all three resilient attributes rarely changed
from the ‘most resilient’ levels (i.e. immediate recovery and the highest persistence and
resistance) (Fig. 5.3 — 5.14; Appendix 5.2 and Appendix 5.7). However, this result has to
be interpreted with caution, as comparing a 0% WC landscape (i.e. one with no wooded
areas, instead consisting of only heathland and grassland) with wooded ones, in some
ways may be a false analogy, leading to erroneous interpretation. In reality, 0% WC could
only exist on a previously-wooded landscape after undergoing deforestation brought
about by anthropogenic or natural causes. In such circumstances, the whole landscape
would have entered an alternate stable state (Lewontin, 1969), resulting in distinct
configurations under the same set of environmental conditions (Scheffer and Carpenter,
2003). As resilience depends on the initial change that an EP experiences as the results of
a disturbance, woodland-associated EPs are highly resistant at 0% WC because they had
less to lose from disturbance. For instance, at 0% forest cover, fruit biomass has also been
found to be low (Pessoa et al. 2017). Therefore, such landscapes should to be viewed
differently from those that lost greater amounts (Nimmo et al. 2015). Thus, while a
landscape of 0% WC may be very resilient, as shown here, it may be in a different way
to other stages with greater WC (Standish et al. 2014). Additionally, as pointed out by
Suding and Hobbs (2009), landscapes with very low habitat cover and connectivity would
require much greater action to be useful for providing habitat for biodiversity or ES.
Therefore, resilience of such landscapes may be irrelevant.

The results of a highly resilient 0% WC stage also meant that most GLM trends
began with declines in persistence and resistance and increases in recovery time as WC
went from 0% to 25%. This likely also acted to skew the results of the GLMs by providing

highly influential points (Zuur et al. 2009). Therefore, for the above two reasons,
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additional analyses using the same methods were conducted with 0% WC excluded. The
additional results (herein referred to as Res25, with the original analysis referred to as
Res0) can be found in Appendix 5.2, with the differences briefly described here. With 0%
WC excluded, there was slightly more evidence of WC influencing landscape resilience
as the number of most parsimonious models that featured some relationship with WC was
two higher than in Res0, 75 compared with 72. The individual resilience attributes also
differed in the number of times they were specifically affected by WC; for Res25 WC
had an effect 24 times on resistance, 20 times on persistence and 31 times on recovery
time, which was 18, 18 and 36 for the respective resilience attributes for ResO0.
Additionally, the shape of relationships between resilience and WC also differed with the
number of non-linear WC relationships in the Res25 analysis being 69 compared to 53
from Res0. The Res25 most parsimonious models also generally had higher delta AIC
and r?,; than their original alternatives, giving them more support. Lastly, without the
influence of the 0% WC points, a lot of resilience relationships exhibited either
downward-facing concave (resistance and persistence) or upward-facing concave
(recovery time) relationships with WC, indicating that resilience was greater in the
intermediate ranges of WC (50-75% WC). This was particularly true when landscapes
were subjected to higher intensities of disturbance. Additionally, with 0% WC excluded,
the number of significant correlations between resistance and recovery time was reduced
under the PDI3 and PDI4 scenarios (Table A5.7).

5.5.2. Effect of disturbance intensity

Pulse disturbances cause large-scale tree mortality in forests worldwide, reducing the
amount of biomass of living vegetation (Dale et al. 2001; Anderegg et al. 2013; Treu et
al. 2014; Allen et al. 2015). In this study, the percentage reduction of landscape AGB
differed greatly as a result of both the PDI scenario and the initial WC. For PDI1 and
PDI2 scenarios, only oak and only beech were eliminated, respectively. A comparison of
the resistance results from these two scenarios highlighted that the species affected is
important to the overall resilience of the forest — at 25% WC, the effect of removing oak
was greater than that of removing beech, while for other WCs > 25%, the opposite was
true. In this way, resistance depended on the abundance of a species susceptible to
disturbance. Similar was concluded by Tanner and Bellingham (2006) who found that
forests with abundant species that were less susceptible to structural damage and
subsequent mortality had greater resistance to hurricanes, with resistance being measured

in terms of turnover of trees in that study. Moreover, resistance to species-specific pest
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and pathogen attacks is low in forests with a high abundance of vulnerable species (Treu
et al. 2014), and the reason why host species abundance is used as one of the main
parameters in modelling pest and pathogen spread (Meentemeyer et al. 2004; Cunniffe et
al. 2016). Thus, the effect of disturbance is mediated by the relative composition of the
initial WC rather than total WC amount, owing to some species being much less affected
by disturbance (Tanner and Bellingham, 2006; Pretzsch et al. 2013). In contrast,
Grossiord et al. (2014) found disturbance was more intense and resistance lower in forests
with mixed species. While that study focused on a less species-specific disturbance of
drought, it highlighted that abundance of a single species may make a forest more resilient
if that means that dominance excludes highly competitive pioneer species, which in that
study was birch, a species that has high water consumption. Such phenomena could affect
the resilience of forests more as the climate changes (Malhi et al. 2008; Moritz and
Agudo, 2013).

5.5.3. Non-linear relationships between WC and resilience

When 0% WC is ignored, AGB and EPs whose values were calculated based on AGB,
namely ECM richness, SRR and lichen richness, were most resilient in the intermediate
stages (Appendix 5.4). This could possibly be attributed to a single species accounting
for approximately 46% of pre-disturbance AGB for the 25% and 100% WC stages, which
were oak and beech, respectively (Appendix 5.5). The 50% and 75% WC stages — the
more resilient stages — had no particular dominance. Thus, in the context of this study,
the 25% and 100% stages acted as more homogenised landscapes, in terms of the
proportion of overall AGB. Consequently, owing to the pulse disturbances being species
specific, disproportionately more damage was done to landscapes with high dominance
of a single species, resulting in a higher proportion of AGB being removed (Table A5.7;
Fig. 5.2).

The results provide support for a theory that intermediate amounts of habitat cover
provide optimal resilience (Biggs et al. 2012; Grét-Regamey et al. 2014; Altieri et al.
2015), which is similarly often attributed to the domination of landscapes by a single
species. Such landscapes increase the opportunities of movement or dispersal of an EP,
but also opportunities of disturbances (e.g. pathogens, invasive species and abiotic
conditions) to be propagated due to ecological conditions remaining constant (Loreau et
al. 2003; Rahel, 2007; Gonzalez et al. 2009; Schippers et al. 2014). For instance, the
results of a meta-analysis that compared the incidence of insect herbivory on the same

species in singles-species and mixed-species forests showed that herbivory was
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significantly more prevalent in the monoculture stands (Jactel and Brockerhoff, 2010).
Thus, the results and mechanistic hypotheses match findings that state mixed-species
stands are needed for greater resilience of forests in the future (Lindner et al. 2010; Parks
and Bernier, 2010), which are ultimately sustained through woodland expansion.
Therefore, the chance of expansion of woodland may increase its resilience.

Another reason that 100% WC was often less resilient than lower WC stages may
be due to the initial tree species richness being a third lower in 100% WC than in either
50% or 75% WC (CD, CD 5.11). This likely reduced the availability of potential seed
sources, owing partly to increased distances from remaining species, and therefore the
stand replacing rate. This was found by Morin et al. (2011) who ran simulation models
with disturbances and different initial numbers of temperate tree species. The authors
concluded that more rapid responses and recovery of productivity to mortality events
occurred when species diversity was higher. They attributed the results to the shading
regimes and shade tolerances of the different species, whereby the different species with
diverse functional responses to light were able to exploit the available light better. This is
similar to the results of this study where the rate of succession and expansion seem to be
reduced in the 100% W(C stages following disturbance compared to the lower WC stages.
Through the process of succession across an undisturbed landscape, which was simulated
to create the 100% WC, stands became eventually dominated by shade-tolerant species,
which resulted in tree species richness declining over time.

Carbon stock, a combination of C in soil and vegetation, generally followed the
trajectory of AGB for all three resilience attributes, even though its calculation was not
derived directly from AGB. As carbon storage in forests depends largely on carbon
assimilation and translocation, initiated mostly through photosynthesis (Chen et al. 2014),
harvesting AGB can reduce C stock in forests by 60% initially (Keith et al. 2014). This
also reduces the chance of assimilation of carbon (Chen et al. 2014). Thus, AGB still
plays the main role in carbon storage for forests, explaining the similar relationships

recorded.

5.5.4. Other relationships between WC and resilience

Resilience was not always most favourable in the intermediate WC stages; the resilience
of some EPs showed the opposite trend or no change (GF and net mineralisation), some
were dependent mostly on the PDI (timber volume), some did not change much (e.g.
nitrogen stock), and tree species richness was observed to change even in the PDIO

scenario, reflecting a natural dynamic presumed to affect all landscapes irrespective of
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whether they were subject to a pulse disturbance or not. The empirical relationships
measured in Chapter 2 between AGB loss and GF and net mineralisation were positive,
meaning that they increased when AGB declined. Due to these relationships, which have
been observed when comparing woodland to grassland (i.e. 0% WC) (Booth et al. 2005;
Zenner et al. 2006), decreases in tree AGB caused by disturbance allowed both GF and
net mineralisation to increase. As all resilience measures were based on the pre-
disturbance value of EPs, this meant that GF and net mineralisation were always resistant
to disturbances that impact trees, which fits with the results of this study. However, the
persistence and recovery time of these two EPs did change depending on the initial WC
when the pulse disturbance had lower intensity (i.e. PDI1 and PDI2) — they displayed
non-linear relationships, with intermediate WC being the least favourable for resilience.
As the quantity of eliminated AGB was low (< 20%; Table A5.7) for the combination of
these PDI scenarios and initial intermediate WC, recovery of AGB due to succession and
woodland expansion occurred between 60 and 100 years (CD, CD5.11). This meant that
GF never recovered in these instances, although, due to the slightly less steep relationship
with AGB (Chapter 2), net mineralisation did for PDI2 when herbivory was present.
The disparate results of the individual EPs here indicate that there is a possible
danger of relying wholly on resilience and not considering the intrinsic value of the
individual EPs, especially when considering it in an ecological context for determining
future actions (Standish et al. 2014; Newton, 2016). Thus, EPs are often important to be
assessed separately (Carpenter, 2001) because if other EPs were of interest, values may
be quite different. For example, a study in the New Forest found that biodiversity value
of species of conservation concern were higher in heathlands than in the woodlands
(Cordingley et al. 2015); however, that study did not include specific woodland associated

biodiversity, such as ECM or lichen.

5.5.5. Effect of herbivory

Herbivory, the press disturbance in this study, often exacerbated the impact of the pulse
disturbance, frequently having an influential effect on resilience. Herbivory was a
significant factor in persistence and recovery for just under half of the assessed EPs when
the pulse disturbance involved the removal of more than one species (Table 5.5). This
caused some EPs, especially those related directly to AGB, to never recover compared to
the same scenarios when herbivory was not simulated (CD, CD5.11). This is likely
explained due to herbivory being one of the main factors limiting recruitment of new trees

(Bergmeier et al. 2010; Churski et al. 2017), the continued effect of disturbance impacting
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regeneration and regrowth (Rydgren et al. 2004; Tarvainen et al. 2015; Cantarello et al.
in press). However, a study by Newton et al. (2013) found that regeneration occurred
even when the area was heavily browsed by herbivores. Newton and colleagues examined
the effects of herbivory on regeneration of tree species and woodland expansion in the
New Forest using the LANDIS-II model, which was validated by field-collected
regeneration data. This study found similar results but only in simulations when there was
no pulse disturbance (i.e. PDIO), a factor which was also not present in the study of
Newton et al. (2013). Therefore, the difference in the effect of herbivory is likely to arise
from the presence of the major prior pulse disturbance. Since regeneration normally
occurs following a pulse disturbance due to the creation of canopy gaps that alleviates
competition for light, nutrients and water (McCarthy, 2001; Carvalho et al. 2004; Pefia-
Claros et al. 2008), seedling and sapling abundance is much greater in canopy gaps than
under closed forest (Camison et al. 2015; Sharma et al. 2016). The regrowth of the forest,
which is essential for overall persistence and recovery, relies on the abundance of such
seedlings reaching maturity following a pulse disturbance, as evidenced by the
counterpart scenarios in which herbivory was not simulated. Consequently, the presence
of herbivory had a great impact, slowing regrowth substantially, a phenomenon that is
already being observed in the New Forest after large-scale dieback deriving from a like
pulse disturbance of drought (Martin et al. 2015).

5.5.6. Interpretation of results

Like all ecological models, there are a number of limitations to do with the models used
in this study, which can lead to uncertainty; therefore, the results should be interpreted
with the acknowledged uncertainties. One of the key issues in reducing uncertainty is
validation of the model outputs. While no model validation was carried out specifically
for this Chapter, previous work that used a very similar version of the model in the same
location has been undertaken, providing a high level of accuracy. This is explained further
in section 6.3.6. Additionally, sensitivity analyses could have helped in the interpretation
of the results presented here. As discussed in Cariboni et al. (2006), sensitivity analyses
help to quantify how a change in a single parameter affects the overall results, and thus
how much influence a slight change in the value of one input may have on the overall
results. Sensitivity analyses help to provide further evidence of the robustness of a model,
determing how uncertain the results may be, e.g. for those where sensitivity is not
demonstrated, greater confidence can be placed in the overall conclusions and therefore

in any management or policy recommendations based on them. In this study, sensitivity
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analyses could have been performed on a number of the LANDIS-II inputs, such as the
level of herbivory or certain life history attributes. Resulting from sensitivity analyses on
the life history attributes in LANDIS-II, Simons-Legaard et al. (2015) showed that two
of the most sensitive parameters were the maximum allowable AGB and the duration the
model was run for. Therefore, running sensitivity analyses after altering those attributes
one at a time could have helped to determine how certain the model was in its projections.
This should be considered carefully when interpreting the results of this study, or any

ecological study that utilises mathematical models (Simons-Legaard et al. 2015).

5.6. Conclusions

The prospect of rapid woodland loss might seem far-fetched currently, owing to global
drivers such as pathogens currently only having a relatively small impact in temperate
woodlands. However, large-scale attacks are increasing in temperate forests in Europe
(Kowalski, 2006; La Porta et al. 2008; Jung et al. 2009; Santini et al. 2013) and elsewhere
(Flower and Gonzalez-Meler, 2015). In order to be able to protect forests for important
EPs, actions taken presently will help to define how resilient wooded landscapes are. On
the basis of the results in this study, it is clear that WC has an influence on the resilience
of most EPs, with EPs generally having better resistance, persistence and recovery time
when WC is 50%-75%. This is likely owing largely to those landscapes being more
resistant to the initial pulse disturbances as there is less dominance of a single species that
can be affected by the species-specific disturbance. Moreover, the 100% WC generally
had worse resilience due to not being able to expand, a process that needs to be considered
in future management plans. Herbivory is also likely to have a greater impact on the
persistence and recovery time of most EPs subsequent to a pulse disturbance, something
which is already being observed in the New Forest. Therefore, any policy seeking to
improve landscape resilience should aim to improve the woodland connectivity to an
extent where WC is > 50% and has high tree species richness but that leaves room for
natural woodland expansion. Also, other disturbances need to be considered as they may

have a greater impact subsequent to a pulse disturbance.
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Chapter 6:

Discussion

6.1. Original contribution to knowledge

The findings in this thesis make original contributions to different scientific topics,
particularly the fields of ecology, ecological indicators, and resilience. Original
contributions to ecology include insight into the trajectories of important ecological
aspects of a temperate woodland, such as biodiversity and ecosystem functions, as
woodland degrades. This highlighted the dynamic changes of ecosystem properties that
occur. Through testing many ecological indicators and condition assessments over
condition gradients, new knowledge has been obtained that emphasises which indicators
are appropriate to include in future condition assessments and which are insufficient.
Such knowledge also contributes to the understanding of protected area assessment and
management, including the current inadequacies of CSM, the current statutory assessment
tool for SSSls in the UK, which had never been empirically examined before. Most
notably, all the findings in this thesis contribute novel knowledge that enhances overall
understanding of resilience and its related concepts. Specifically, new and important
knowledge relating to ecological thresholds was elucidated, together with information
about what makes a landscape resilient and whether resilience can be monitored and
assessed through surrogate measures. All the novel results presented in this thesis can
also be used by managers of temperate landscapes, to contribute to future conservation

management plans.

6.2. Summary of the main findings

The results in this thesis have identified how underlying ecosystem properties (EPs) of
woodlands, which include biodiversity and ecosystem functions, change with increasing
intensity of environment disturbance, both at the stand and landscape scale. Moreover,
the effectiveness of rapid condition assessment tools was tested to determine whether they
were sensitive to changes in woodland condition. The combined results of all the chapters
could then be used to examine whether the rapid assessment tools could also be used to
accurately assess resilience. For a summary of hypotheses tested and support for them,
see Table 6.1.

In Chapter 2, the issue of ecological thresholds was tested for an ecosystem that
was undergoing large-scale dieback. Ecological thresholds are defined as points where
relatively rapid change occurs in the state of any ecosystem variable (Huggett et al. 2005;
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Allen et al. 2016) and are of major scientific and societal interest and debate (Barnosky
et al. 2012; Brook et al. 2013). Prior to this thesis, knowledge regarding the issue of
thresholds occurring in natural systems was largely theoretical, especially for terrestrial
ecosystems (Scheffer et al. 2001; Dakos et al. 2008). As hypothesised, the results of
Chapter 2 confirmed theoretical predictions that thresholds were found to exist in the
different EPs across a gradient of degradation. Most noticeably, thresholds were observed
in some of the biodiversity aspects measured; distinct thresholds were exhibited at
different stages along the dieback gradient for ectomycorrhizal fungi (ECM), epiphytic
lichen and vascular ground flora richness. ECM and lichen richness showed declines after
thresholds were exceeded before 50% dieback had occurred, while ground flora richness
showed a threshold towards the end of the dieback gradient, causing ground flora richness
to increase less sharply > 75% dieback compared to that of the rest of the dieback gradient.
There was only a single ecosystem function that exhibited a threshold, the soil respiration
rate, which declined initially and then plateaued after approximately 50% dieback.
Moreover, numerous ecosystem conditions, including sward height, palatable seedling
abundance and understorey biomass were among the variables that exhibited threshold
responses. No other studies, as far as is known, have examined threshold responses over
a gradient of stand dieback. However, other research has shown that threshold responses
exist in response to human-derived habitat loss and degradation (Fahrig, 2002; Bodin et
al. 2006; De Filho and Metzger, 2006; Ochoa-Quintero et al. 2015; Rocha-Santos et al.
2016). The underlying mechanisms thought to be responsible for causing ecological
thresholds are switches from negative feedbacks to positive feedbacks. While one such
mechanism is predicted in the Discussion of Chapter 2, specifically relating to the ECM
threshold, feedbacks is one area of interest that needs a lot of further research.

In Chapter 5, a test of the hypothesis that initial woodland cover (WC), as a proxy
of connectivity, influences landscape resilience under different disturbance intensities
was tested. There had been very little research on the effect of connectivity on resilience
prior to this thesis, even though increasing connectivity is perceived as a way of
increasing terrestrial landscape resilience (Heller and Zavaleta, 2009; Lawton et al. 2010;
Oliver et al. 2015). Previously, evidence of connectivity relating to resilience had mostly
been obtained from aquatic systems, notably coral reefs (Mumby and Hastings, 2008;
Adam et al. 2011; Vergés et al. 2011; Olds et al. 2012). In terrestrial ecosystems,
connectivity studies have mainly focused on persistence of biodiversity (e.g. Fahrig,
2013; Tambosi et al. 2014; Herrault et al. 2016), and have not included other important

ecosystem properties, including ES (Mitchell et al. 2013). Moreover, very few landscape
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connectivity studies have included the different attributes of resilience (i.e. resistance,
persistence and recovery), giving an incomplete description of overall resilience. Here,
the results suggest that the habitat area of WC is highly influential for all aspects of
resilience for several EPs assessed over the different scenarios of pulse disturbance
intensity. This was most noticeably the case for the recovery time, which often resulted
in a non-linear relationship with WC. The findings generally agree with other studies that
theorise that connectivity is an important factor for resilience (Fahrig, 2013; Tambosi et
al. 2014). Furthermore, the results suggest that intermediate amounts of habitat cover,
rather than high amounts of habitat cover, may provide optimal resilience, fitting with the
hypotheses of others (Grét-Regamey et al. 2014; Altieri et al. 2015). Nonetheless, some
authors argue that it is not habitat amount that is important for persistence of some EPs,
but other determinates of connectivity: spatial configuration and isolation of habitats
(Mitchell et al. 2014; Haddad et al. 2017). Thus, more aspects of connectivity should be
considered in future research.

To answer the main question of how resilient the temperate woodlands of the New
Forest are, the results in Chapter 5, which were based on empirical values from Chapter
2, suggest that with its current WC, which is approximately 46% (JNCC, 2011), the New
Forest has quite high resilience. This is based on the finding that landscapes with 50%
WC generally had high resilience for most EPs, regardless of disturbance. However, the
results are not that definitive since over a third of the WC is coniferous woodland (JNCC,
2011), which was not assessed in Chapter 5. Consequently, the resilience of the New
Forest to a pulse disturbance would depend on how similarly or disparately the two types
of woodland responded.

Coniferous woodland resilience may be similar to that of broadleaved woodland
in terms of non-biodiversity EPs. For instance, carbon storage in forest stands of the two
phylogenetic groups can be similar, albeit highly variable (Thompson and Matthews,
1989; Scheller et al. 2012; Cook et al. 2014), meaning that stand-destroying disturbances
could affect both types equally in terms of resistance. In contrast, major differences exist
between the two woodland types for most biodiversity EPs, with broadleaved woodland
generally having higher species richness than coniferous woodland (Fahy and Gormally,
1998; Fuller et al. 2008; Sweeney et al. 2010). Therefore, attributes of resilience for these
EPs would likely be inferior for broadleaved woodlands, partially because there is a
greater amount to lose initially, making total recovery less likely (Nimmo et al. 2015).
However, measured in absolute terms, broadleaved woodlands may still house more

species than coniferous woodland after disturbance (Fuller et al. 2008; Sweeney et al.
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2010). In terms of landscape resilience, there are advantages of having a mix of coniferous
and broadleaved woodlands, which could enhance overall resilience. Mixed landscapes
generally have greater species diversity. Mixed species landscapes often increase the
initial provision of different EPs (Gamfeldt et al. 2013; Turner et al. 2013; Schuler et al.
2016), the amount of suitable habitat area for certain woodland-associated species; and,
more importantly for resilience, the functional responses to disturbance (Morin et al.
2011; Turner et al. 2013). In a single ecosystem type, functioning of the ecosystem can
depend largely on a single species (Sasaki and Lauenroth, 2011). Therefore, if a
disturbance greatly affects that species, its disproportionate loss can reduce ecosystem
resilience substantially (Grman et al. 2010; Sasaki and Lauenroth, 2011).

In summary, based on the findings of Chapter 5 that suggested WC influenced
resilience at the landscape scale, the New Forest could be perceived as having good
resistance, persistence and recovery time for most of its EPs studied, as its WC was just
under 50%. However, the actual landscape is composed of a mixture of both broadleaved
and coniferous woodland, the latter of which was not included in Chapter 5’s
experimental design. Therefore, in reality the resilience of coniferous woodlands could
have a positive or negative affect on the overall resilience, which would need to be
considered in any management plans that aim to enhance resilience for the New Forest.

In Chapter 3, CSM, the current statutory condition assessment tool for SSSIs in
the UK, was tested across a known degradation gradient (loss of BA, in this case) to
determine its effectiveness for assessing woodland condition. BA loss through tree
mortality is currently a key indicator of forest condition (e.g. van Mantgem et al. 2009;
Cantarello and Newton, 2008), therefore strong relationships between the CSM results
and the BA loss gradient were expected. Overall CSM condition scores, most of which
were specific to the New Forest, showed that there was slight variation across the BA loss
gradient, however only one showed any significant difference between the individual
stages of BA decline (when the analysis was run with Bonferroni-corrected values, no
lists showed any significant differences between the individual stages). Also, particularly
important was the fact that there was not a consistent trend, either positive or negative, as
might be expected when assessing condition against declining woodland area (i.e. BA).
The findings imply that CSM is not an altogether effective tool to be used when assessing
changing condition, as sensitivity to variation in condition is low. These results agree with
others who found that such assessments were ineffective to determine condition (Gaston
et al. 2006; Davies et al. 2007), possibly due to lack of specificity in targets (Davies et al.

2007; Jackson and Gaston, 2008; Lindenmayer et al. 2012). Nonetheless, other non-CSM
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indicators were also recorded along the BA loss gradient, of which factors such as the
richness of ECM and ground flora, canopy cover and some soil measures differed
significantly, agreeing with other similar research (Neufeld and Young, 2014; Treu et al.
2014). However, while most individual indicators showed either positive or negative
trends across the dieback gradient, the change was never consistent between each
subsequent stage. Consequently, using a single indicator might have little effectiveness
in detecting changing condition, but combinations of indicators, especially ones with
opposing trends, may work effectively (Niemi and McDonald, 2004; Oliver et al. 2014;
Gao et al. 2015; Lawley et al. 2016). A mixture of the current CSM targets and the non-
CSM indicators that demonstrated change over the woodland condition gradient could be
tested to determine the most suitable combination for effective assessment of woodland
condition in the future.

In Chapter 4, the hypotheses all pertained to structural woodland condition
measures obtained from airborne lidar being able to predict field-collected ecological
habitat conditions measures. Specifically, field-collected metrics of biodiversity, stand
condition, herbivore damage and soil condition were all tested against an array of lidar-
derived structural variables. Of these, the biodiversity measures, particularly ground flora
richness, showed the most substantial relationships with lidar-derived variables,
indicating that there may be some utility in using lidar to predict the degradation level of
woodlands. However, there was less evidence that this was true for herbivore damage and
soil condition categories, which indicates that there are limitations to using lidar as a tool
to infer overall condition and therefore current resilience.

In answer to the question of whether any tools can be used to infer the current
resilience of woodlands in the New Forest, the results in Chapter 3 and Chapter 4 indicate
that currently this would be difficult and ineffective. This is based on the idea of resilience
assessments, which use surrogate measures, together with in-depth knowledge of a
system (Bennett et al. 2005; Carpenter et al. 2005; Scheffer et al. 2015; Quinlan et al.
2016), to make inference about resilience. From the results in Chapter 2, the trajectories
of many EPs in a forest undergoing dieback were known. These were important pre-
cursors to resilience assessments (Scheffer et al. 2015). Therefore, any noteworthy
findings from either of the current rapid, resource-efficient assessment tools tested in
Chapter 3 (CSM condition assessments) or Chapter 4 (lidar) would have indicated that
those tools were suitable for resilience assessments. Since some of the lidar-derived
variables were found to be able to substantially predict ground flora richness, it could be

determined that there is some utility in using lidar to predict the current resilience of
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stands: the ground flora richness value inferred via a related lidar metric could
subsequently be used to infer the stage of dieback in a stand, based on the results from
Chapter 2. This would then allow inference of the value of other measured EPs also using
Chapter 2’s results. However, considering that lidar could not predict metrics of woodland
condition that changed dramatically over the dieback gradient, such as ECM, this suggests
that lidar may not be a sufficient tool to detect change other than in stand structure. More
research needs to be carried out to explore whether this is accurate. In summary,
combining results from both Chapters 3 and 4, it could be determined that at the current
time the two tools tested were ineffective at detecting and therefore inferring resilience.
This highlights the difficulty in choosing surrogate indicators when assessing condition
let alone resilience, as a lot of variation exists in complex ecological systems (Carpenter
et al. 2001; Filotas et al. 2014; Standish et al. 2014). Additionally, this indicates that there
is an urgency to develop better tools to be able to assess changing condition of woodlands

and therefore to be able to infer resilience.
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Table 6.1: Summary table of the support for the hypotheses tested in this thesis.

"SIY} WIIU0?
0] papasu SI YoM alow ybnoylje ‘Ssjuswssasse
9oUaI|1SaJ 10} sa1ebouIns se pasn aq Ajfenualod pjnod
Asy uaipeib Morgalp ayl J8A0 pataylp Apuediiubis

oeqgaip
paonpuI-Aj[elusLIuO.IAUS JO Sabels ay) Jano JayIp
Apueaiyiubis sainsesw [10S swos pue abeiols uoged
‘SsauyaLl elol) punoib pue 16uny [ez1yli0d2AWo0123

9egaIp Ydsaq JuslsIp
aulw.IL1ap AjaAndays
0] pasn ag p|nod
Ss101eaIpul INSD-UON (2

S10JR2IPUI AISD-UOU 83U} JO BLIOS SY/ "S)UBLLSSASSE se yons sio1ealpu] “pauoddns Ajjened (g "Joegalp paonpul (z 3annoslgo)
doualI|ISal 10} 91e60.INS © S Pasn a 10U PJNOJ pue ‘sabels -A|[elusWuOIAUS uonIpuUod
uonepeibap Buiobispun puejpoom Buissasse uaym usamiaq Ajpueaiiubis pasayip sisi| s1ebuel INSD 0 1uaIpeIb pue|poOM Ul
aAI11084)3 AIBA 10U SI INSD 1Y) Pamoys a.ay S} nsal 3y} JO auo AJuo Jeyy paulwialep sabels xoeqaip ayl e I8N0 Apuesiyiubis abueyo Hunosiap
A1 ‘210J2J3Y_L "UONIPUOI Ul 83UBJaJIp aulw.Ialap UsaM1aq suostiedwod asimired pa1dallod {ISASMOH AJeA ||Im s)nsal 10} JUBLLSSasse
A]9A1198)48 10U PIP 1 ‘IBABMOH "8UO SI 153104 ‘SWAONY UO paseq ‘pasn sisl| 1964e) INSD Inoy JUBLISSASSE UOIIPU0I uonIpuoI J0o
MB3N 31 YOIYM JO ‘S|SSS 40} |00 JUBLUSSASSE 158104 | 8yl o) Sabels yoeqgaip Jo jualpe.b ay) ssoloe juasald (WsD) burlonuoy SENEVNIREITEE TR
pasn-AjuoLIWOI ® SI pue|pooMm 10} apInb INSD ayL aJaM Sa2ualayyIp wediubis ‘pauoddns Ajjented (T SpJepuels uowwo) (T ;¢ Ja1deyd
S9SU0USST PIOYSaIyT
UQgIYXa 01 SILIBW UOIIPUOI WSAS0Is Buowe
3JaM SSewolq Aalolsiapun pue aouepunge Buljpaas
a|qelejed ‘ybiay prems ‘pauoddns Ajjenued (g
‘9]el (T
‘(g 1axdeyD) ajeos adeaspue| uoljelidsal [10s Ajsweu ‘asuodsal pjoysalyl e pamoys aAN23lqo) oeqalp
BY} 1B 80UB31|1S3J BUILLIBSP 0] Pasn 81aM SanjeA uonoauNy WeIsAs0ds ajbuls v ‘pauioddns Ajjened (z | 1usipelh ¥oeqgalp e Jano Bulobiapun
asal] "jualpelh MorgaIp 8yl JAAO Passasse Sd3 ayl ‘(spodoayyre Buljjamp uonIpuo? WalsAs09a (g WalsAs008
I1e Jo A1oyosleny syl pamoys Jerdeyd siyy woly synsas | -punolb -B'a) sesuodsal Jeaul] pamoys AlISIaAIpolq pue 1S210J ® Ul Uon2uNy
Ayl ‘JanoaloN ‘saiuiadoad wieisAsoos urelad ul 1SIXa 18410 ‘18AamOoH “usipelB yoeqaip ayl Buoje ‘uonouny WalsAsooa (g Wa1sAs098
0p SpIoysaJy} eyl pamoys Jardeyd siyl Jo S)nsal ayl | Sebers Juaiaylp 1e palgIyxa alom sploysalyl 1ounsip ‘Anslanipolq pue AlIsIanipolq

"SWISAS |eanjeu ul adualjIsal Buliojdxs 01 [eaniio
8 0} PaJaPISUOI SI SP|OYSaIY] JO UOIRILLIUSPI BY L

‘ssauyoLl O] punoJb Jejnase pue uaydl] anAydids
‘16uny [ez1y4109AW0199 104 ‘panoddns Ajjered (T

(T :JO Sainseaw Ul 1SIXa
sasuodsal pjoysaiyL

JO spjoysaiy L
;2 Ja1deyd

uonsanb urew 03 aoueAs|ey

sasayjodAy J0) uoddng

sasay10dAH

¢,30UBI|1SaJ J3JUl 0] Pasn aq Ued S|00) JeYM pue 1Sa10-4 MaN 8y} JO SPUB|POOM a)eladwia) ay) a.Je Jusl|ISal MOH :uonsand

147



"parejnwis sadeaspue| jeanayiodAy |fe Jo
(swn A1aA09231 159MO0| pue 3dud)sIsiad pue aouelsIsal
158ybIy "8°1) SUOIIIPUOI 93UBI|ISJ B]geINOAR)
1SOW 8y pey UaYo I8A0I PUR|POOM 040G 9SNeIaq
sI sly L “1aadeyD siyy ut sbuipuly sy} uo paseq sd3
1sow Joy ybiy Ajaane|al aq o1 ybnoyi si 8oual|1sal
‘19A02 pURIPOOM 9491 Ajarewixoidde sey yaiym
‘A[JUB.IND 159104 MaN 3y} JO SWI3) U] "92Ual|ISal
U0 1994J3 U pey J3A0J PUR|POOM [ellIul JO Junowe
aU} |[e4910 Jeyy pamoys Jardeyd siyy ul sbuipuly ay L

"PaPN|IXd 819M JBA0I PUR|POOM OU YIIM Sadeaspue)
UaYM QZT JO 1IN0 G/ 01 pasealoul Jaquinu SiyJ "w.a)
DM 1ued14IUBIS B pey palse) SOLIBUBIS pue Sainguie

1Ua1]1S3J JO SUOIT_UIqWIOD OZT JO 1IN0 £/ ‘|[eJanQ
‘3w A18A0281 pue aaud)sisiad ‘aauelsisal Ajpweu
‘9oUaI|ISaJ JO SaINqLIIE JUBJaYLIP AU paduanjjul
JUNOWE JBA0I PURIPOOM 8U) SNy} ‘1010e) JuediIubis
© SBeM JBA0I PUR|POOM ‘SOLIRUBIS AlISUsIUI 9aURgINISIP
as|nd juaiaylp ayy Japun passasse saladoud
Wwa1sAs099 3yl Jo 1s0W 104 ‘papoddns Ajjenued (T

"S311ISUSIUI 8oURQINISIP
JUBJBYIP JBpUN 82UBI[IS3I
adeospue| saouanjul
1an02 puepoom e (T

(€ 8An23[q0)
Wa1sAs009
ajesadwsel e JO
90UaI|ISal 3] UO
19A09 puR|POOM
J0 10848 ay
:G Jardeyd

"aJay Jepi| yum sdiysuoirejal ajni| pey
g ‘z Jaxdey) ui wuaipelh yaegaip ayl JaAo0 auldI8p
e pamoys 16uny [eziy1102Awo3os ‘sjdwexs 104
*191dey?D SIY1 Ul punoy Jou aJam g Jadeyd ul Jussald
alam eyl sdiysuone|al 1aylo ‘JanamoH g Jaideyd
WOJJ SBNJBA 8Y) UO paseq SanjeA UonIpUod pue|poom
10 sadA} Jayro Jajul 01 pasn aq Ajjenusiod pjnod
Jepl| 1eyl sueaw sy ‘ssauyou saldads elojs punolb
Ajurew ‘sainseaw pajas||09-plals BWOS 121paid 0]
pasn a8g pPINod eyl SoLIIBW PBALIBP-JepI| SWOS aJom
218y} eyl pamoys Jadeyd siyp ut pajuasaid synsay

SJO9SUEeI] O]
ay1 Jo auo ul Ajuo 1ng ‘sdiysuoneas Buos panqiyxe
SO1J18W UOIIPUOI |10S swos ‘pauoddns Ajjeied (v
‘pauioddns 10N (g
‘Auolew ayp
10} anJ) 10U SeM SIY} ‘JBABMOH 'Sa|geLIeA PaALIap-Jepl|
yum sdiysuoirejal Buons paugiyxs sawiswos uonipuod
puels JO sainseaw [enpiAlpu] “panoddns Ajreiued (g
"S3|qeLIBA Jepl| 8yl YIIMm
diysuonejal Aue pey Ajasel AISIaAIpolq painseaw-pialy

1310 ‘19ASMOH "S8]CeLIRA PBALIBP-IepI| U1 JO 1SOW UM

sdiysuonejal ‘Jeaulj-uou Apsow ‘Buons paressuowsp
SSauyol eIO}) punolo ‘panioddns Ajenued (T

"SaInseall [RINIONIIS POALIBP
-1epi| Ag payoipaid aq ued
uonIpuod |10s (1
pue ‘abewep alonlgiay (g
‘uonipuod puels (g
‘uonipuod Ausianipolq (T
JO S3|qeLIeA
painseaw-p|al4

(2 8nndalqo)
uoNIPUOI 1S310J
Bunosaiep ui sepi
auJlogdie Jo asn
3y} Jo uonenjens
¥ Ja1dey)

uonsanb urew 01 agueAs|ey

sasaylodAy Joj 1oddns

SasaylodAH

¢80UBI[1SaJ J3Jul 0] Pasn aq Ued S|00) JeYM pue 1S310-4 MaN 8y} JO SPUB|POOM a1eladwia) ay) a.Je Jusl|ISal MOH :uonsand

148



6.3. Critique of evidence
There were major challenges and other manifest limitations in this research, all of which
should be considered when interpreting the results. These are explored below.

6.3.1. Variability

The results from this thesis can only be interpreted for the New Forest, as that was the
only study area used. Even though different sites were used within the study area, the
variation in pattern, process, climate and condition is likely to be minimal. Therefore,
while the knowledge obtained is useful for advising the management of the New Forest,
a better understanding of general temperate woodlands resilience could be attained if the
experiments and analyses were repeated in other woodlands, as this would increase

sampling representatively (Sutherland, 2000).

6.3.2. Application of the resilience concept

Through adoption of the resilience concept of ecosystems and related thinking, the
adaptive governance and management framework was created (Sutherland, 2000; Allen
et al. 2010). This highlights its crucial use for conservation management in the future as
a way of maintaining essential biodiversity, ecosystem functions and ES in ecological and
socio-ecological systems (Holling, 1973; Biggs et al. 2012; Standish et al. 2014; Oliver
et al. 2015). However, there are still several issues that remain around the application of
resilience (Standish et al. 2014; Newton, 2016), with the two most notable being: 1) the
main assumption that has to be made and 2) that focusing purely on resilience may
simplify complex dynamic ecosystems too much.

The main assumption of both resilience definitions is that stable ecosystem states
exist (Holling, 1996b; Liao, 2012). For ecological resilience, this is extended to an
assumption that multiple stable states (MSS) exist with a threshold separating two or more
equilibrium domains (Holling, 1973; Donohue et al. 2016). However, the MSS theory
may not be accurate, as it is difficult to provide evidence for MSS outside laboratory
experiments (Schrdder et al. 2005; Petraitis, 2013). Furthermore, the MSS assumption
misses two important points, namely that thresholds can occur in certain properties or
parameters and not lead to transitions to a different state and that change may happen
continuously, rather than suddenly (Scheffer et al. 2001; Petraitis et al. 2010; Petraitis,
2013). For engineering resilience, an assumption is made that the system will return to a
stable state after a disturbance. As both definitions of resilience in an ecological context

therefore rely on this assumption, applying the concepts to real ecological systems may
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be highly inaccurate and misleading (Donohue et al. 2016). By assessing individual EPs,
rather than ecosystem state, the research in this thesis did not have to rely on the
assumptions that the ecosystem was in a stable state. Instead it elucidated how the
individual properties changed as a result of disturbance and thus the main assumption did
not need to be considered.

Simplification of complex processes by using the resilience concept arises in
several ways. First, both ecological and engineering resilience can only be measured in
response to an assumed pulse disturbance (Petraitis et al. 2010; Petraitis, 2013; Donohue
et al. 2016). Therefore, in Chapter 2, the chronosequence used had to be theoretically
measured as time since a disturbance, possibly drought (Mountford and Peterken, 2003;
Martin et al. 2015). Similarly, in Chapter 5, engineering resilience had to be measured
with respect to a pre-disturbance value (Nimmo et al. 2015). In the latter example, press
disturbances (i.e. herbivory) could only be included as a hindrance (or help) to recovery
time and persistence subsequent to a pulse disturbance. Consequently, quantification of
responses to independent press disturbances using either definition of resilience is not
appropriate (Connell and Sousa, 1983; Petraitis, 2013). However, owing to large number
of big herbivores exerting high browsing pressure on the New Forest (Newton et al.
2013), it is likely that press disturbances will affect resilience in the future. This needs to
be borne in mind when interpreting the results.

Second, scale is important in ecological assessments, both temporally and
spatially (Levin, 1992). This is especially true for threshold detection, even though
thresholds are often only studied at a single spatial scale (Muradian, 2001; Lindenmayer
and Luck, 2005; Groffman et al. 2006; Standish et al. 2014); therefore, careful spatial
extrapolation is important (Turner, 1990; Scheffer and Carpenter, 2003). Without
considering such complex interaction at different scales there is a risk of not obtaining a
full understanding of the multifaceted mechanisms that underpin dynamic ecosystem
processes that determine resilience (Liao, 2012; Donohue et al. 2016). In this thesis,
empirical values of EPs taken from the stand scale were input into a dynamic model,
which simulates succession and other dynamics ecosystem processes. In this way, the
mechanisms that influence landscape resilience were incorporated into the experimental
design and therefore were accounted for. However, like any model, it was a simplification

of natural processes. See section 6.3.6. for more details.
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6.3.3. Space-for-time substitution

The experimental design used for Chapter 2 was a space-for-time (SFT) substitution,
whereby all of the plots from a single site used in SFTs formed a chronosequence. This
technique was used as a necessity, as detailed temporal data for the whole of the New
Forest was not available to be able to use such methods as before-after-control-impact
methods (e.g. Franca et al. 2016). In the SFT, spatial data were used for inferring temporal
dynamics of a dieback gradient. Even though SFTs are used frequently in terrestrial
ecology, especially for land-use change studies (see Johnson and Miyanishi (2008) for
examples), several weaknesses can be present based on the assumptions, especially if not
tested and validated. Here, each assumption and weakness will be addressed, together
with any evidence that supports the assumptions.

The main assumptions of SFT substitutions are that variations in time and space
are equivalent (Pickett, 1989) and that the only difference is time since an event, meaning
all other conditions are, and have stayed, the same (Johnson and Miyanishi, 2008). Thus,
the foremost limitation is the critical assumption that all other conditions are the same
across the SFT (Pickett, 1989), i.e. the dieback gradient, in this research. Fukami and
Wardle (2005) describe several ways to overcome this limitation. One of these methods
was to carry out multi-region comparisons, which are useful for uncovering general trends
in ecosystem dynamics. In this study, 12 replicate sites were used to address this. To test
that the conditions were the same across all the replicate sites, different conditions were
measured pertaining to growing conditions and disturbance, two factors that influence
woodland growth and mortality.

It is acknowledged that water availability and any subsequent droughts or
waterlogging events are known to damage beech (Peters, 1997; Geliler et al. 2007,
Packham et al. 2012; Natural England, 2014), especially in southern England (Peterken
and Mountford, 1996; Cavin et al. 2013). The clay content of soil affects how quickly
water drains away after a precipitation event. The clay value of the soil could therefore
be critical in determining how waterlogged beech stands become. However, across the
range of sites used, the percent clay soil content did not change significantly (F (4,55) =
0.177, p =0.949) (Fig. 6.1a), based on a one-way ANOVA. Similarly, other variables that
could have identified the stands as having different conditions, or being of different ages
all showed no significant variation over the gradient. These were: the organic soil depth
(F (4,55) = 1.160, p = 0.338) (Fig. 6.1b), which indicates that similar moisture, nutrients
and stability could have been present; soil pH (F (4,55) = 0.910, p = 0.465) (Fig. 6.1c),

which means all the stands were similarly acidic and therefore have the same influence
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on process such as nutrient uptake and lichen diversity; and diameter at breast height
(DBH) of the remaining living trees (x? (3) = 0.586, p = 0.899) (Fig. 6.1d), which indicates
that trees were of a similar age and grew in the same competitive conditions. The DBH
result was based on the result of a Kruskal-Wallis test as the data were not normally
distributed. Overall, the assumption that general conditions are the same is quite well met
in the condition metrics examined here. However, possible changes not accounted for
could include local climate over the landscape. Climate variation could have affected
other sites conditions and disturbance regimes.

Pulse disturbances causing beech mortality in the New Forest have largely been
attributed to several droughts and storms that have occurred since the 1970s, with the
major drought in 1976 considered to have the most long-lasting impact (Manners and
Edwards, 1986; Mountford and Peterken, 2003; Martin et al. 2015). Based on the similar
conditions and the proximity of all the sites used, the difference between the size of the
disturbance impacts at each site should have hopefully been minute. However, this could
still be a source of variation relating to disturbance which was not accounted for.
Furthermore, no significant differences across the gradient were exhibited in the
herbivore metrics of amount of dung (x> (4) = 1.866, p = 0.760) (Fig. 6.2a) and the
percentage of holly stand bases that were browsed (F (4,55) = 1.386, p = 0.251) (Fig.
6.2b). The browseline of beech was also ‘very high’ (> 80%) over all the sites where it
was possible for deer to reach the leaves (< 3 m), with the exception of one plot which
had 75% of available leaves eaten, which was classed as high. While these results show
that currently the herbivory level is fairly consistent over the gradient, it is difficult to
make inferences about how much this has varied since the start of dieback for each site.
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Fig. 6.1: Mean values of a) clay soil content; b) depth of the organic soil layer; ¢) pH of the soil; and d)
diameter at breast height (DBH) of the living beech trees across the gradient of dieback. The black bars

indicate the standard error of the mean.

Another solution to overcome any SFT limitations is through the use of long-term
observations (Fukami and Wardle, 2005). Therefore, a long-term data set was used that
had been recorded over the last 50 years in Denny Wood, which was one of the study
areas used in this study. From this complementary data set, it could be established a) that
there was a long-term decline in BA in the New Forest, and b) how long that decline took.
This allowed inferences to be made of the results from the SFT. Of the stands that declined
in BA in Denny Wood, BA decreased linearly on average by just over half (53%) in 50
years, going from 49 m? ha* to 23 m? ha. On that trajectory, it can be assumed that the
time taken between each of the stages of dieback was approximately 25 years (Martin et

al. in press). However, there was high variation is rate of decline of individual plots.
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Fig. 6.2: Mean values of a) the total dung count, calculated proportionally (see Appendix 2.1 for method);
and b) holly stands browsed across the gradient of dieback. The black bars indicate the standard error of
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Other ways to overcome limitations suggested by Fukami and Wardle (2005)
involve field experiments, structural equation modelling and microbial microcosm
experiments. However, none of these approaches would have been applicable to the
research that was undertaken in this study as they largely relate to testing abiotic gradients
(e.g. climate change in Dunne et al. (2004)), and are not feasible for very-long term
studies (Fukami and Wardle, 2005). While structural equation modelling has some
application, it is mostly used to determine the interactions that influence different
properties of an ecosystem, such as carbon storage (Jonsson and Wardle, 2009).

Other potential weaknesses when using SFTs revolve around the inability of the
researcher to know if successional processes similarly occurred over time for each site,
as reversal (recovery, in this case), alternate pathways and site-specific differences are
possibilities that could have occurred (Pickett, 1989). Furthermore, mechanistic models
of how all sites would get to the end state and the general dynamics of a system have to
been thoroughly known (Pickett, 1989). Fortunately, the important mechanism for
temperate forest ecosystems to get from an intact stand to a more grassland state is
relatively simple, and largely concerns the death of canopy trees (beech, in this case)
(Vera, 2000).

Even though it is not inconceivable that any of the plots studied may recover from
its current level of degradation, at the time of surveying it was determined that plots were

in the process of declining in BA. This was why one of the criteria for selecting any stages
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other than the intact one required either a beech snag or lying dead wood to be present in
the plot, and why specifically the ‘Total dieback’ plots had to contain a beech snag.
Nonetheless, there are limitations associated with the last point, as it was difficult to
determine when the last standing tree had died. A proxy that could be used is the decay
class of the final snag (see Appendix 2.2 for definitions), to give an estimation of time
since death. Muller-Using and Bartsch (2009) calculated the average time taken for course
woody debris (dead wood) to move to the next decay phase in a beech woodland in
Germany. The authors concluded that it took dead wood 3.6 years after death to get to
decay phase 2 (6/12 of all “Total dieback’ stages in Chapter 2), 9 years to phase 3 (3/12),
18.1 to decay phase 4 (1/12), and 33.8 years to almost total decay (2/12). The disparity in
time since death in all the Total dieback plots may have allowed the underlying processes
controlling to have undergone similar disparity in each plot, thus making the same Total
dieback stage less directly comparable (Fig. 6.3), which may have affected some of the
findings. However, there are a few caveats to also consider: a chronosequence was used
in the study of Muller-Using and Bartsch (2009); and the decay phase categories used in
that study were slightly different from the ones used in Chapter 2. For example, Miller-
Using and Bartsch (2009) did not have a stage 5, so this was inferred above as the longest
decay time taken from their work. Furthermore, Piivétivy et al. (2016) showed beech dead
wood decay rates differ depending on the climate conditions and the size of the dead
wood.

Despite its shortcomings, the use of SFTs in this thesis was extremely useful and
considered the optimum way to study a gradient of dieback given the lack of long-term
data.
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Fig. 6.3: Histogram of which decay phase the last snag was in for all ‘Total dieback’

stages.

6.3.4. Interpretation for CSM targets

The initial part of the experimental design used for Chapter 3 was to assess the condition
of the different stages of dieback using published CSM woodland targets specific to the
New Forest, as well as one target list that featured more general woodland CSM targets,
to determine if CSMs were sensitive to change in condition. This approach had a few
limitations and could draw criticism.

First, in the Chapter 3 methodology, each CSM target was assessed with equal
weighting. For example, dead wood amount being ‘average’ or ‘good’ was as important
as there being at least one native sapling which was as important as there being no signs
of safety work. Consequently, for meeting any of these targets, a ‘1’ would be assigned.
However, relating to ecology explicitly, it may be considered that the a specific target
(e.g. the deadwood volume target) is more important to be met, especially for different
taxa (Humphrey et al. 2002; Jabin et al. 2004; Rondeux and Sanchez, 2010; Gao et al.
2014); therefore, in actual assessments more weight may be given to that specific target
based on its importance (Fennessey et al. 2007; Falcone et al. 2010), which could have
affected the results. Weighting certain targets is recommended in certain frameworks (e.g.
Vickerman and Kagan, 2014), and enables better discrimination between the quality of

patches (Falcone et al. 2010). Unfortunately, based on the information that was available,
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it was unclear whether assessors give weighting to different targets specifically for the
New Forest.

Second, CSM targets were recorded differently to how they would be in standard
practice — the methodology described in JNCC (2004) suggests a walk-based technique
is used, whereas the assessment in Chapter 3 used 20 x 20 m stationary plots. While
differences between walk-based visual assessments and plot recordings have been
documented (Cantarello and Newton, 2008), the plot-based method used was still
representative of conditions of the woodland and therefore appropriate. Moreover, the
plot-based technique that used quantitative assessments strengthened assessments,
thereby improving consistency and lessening subjectivity of CAs (Gaston et al. 2006;
Jackson and Gaston, 2008). Undertaken using JNCC (2004) methodology, the hypotheses
tested would have been statistically hard to analyse, and there would have been no
meaningful relationships to test the indicators against. Thus, Chapter 3 methodology was
specifically designed to be statistically viable, measuring targets and indicators against a
confirmed gradient of condition.

6.3.5. Remote sensing approach

There are known limitations to using remote sensing approaches in ecological studies, the
most well-known of which is related to the difference between scale of ecological
processes and remote-sensing derived resolution (Kerr and Ostrovsky, 2003; Rindfuss et
al. 2004; Rocchini et al. 2010; Wang et al. 2010). Nonetheless, when fine-scale lidar data
is available and accurate, the results can provide very meaningful and accurate
information for ecological studies (Hinsley et al. 2009; Listopad et al. 2015; Réjou-
Méchain et al. 2015). Here, even though relationships were found in Chapter 4 at the scale
used (i.e. 20 x 20 m; 400 m?), this does not mean that results would have been similarly
inferred if a different scale was used. As pointed out by Levin (1992), heterogeneity and
patchiness change over a broad range of scales, which influences the underlying processes
and is essential to community organisation and nutrient cycling. Nonetheless, remote
sensing is desperately needed for the purpose of analysing changes at appropriate scales
(Kerr and Ostrovsky, 2003). In terms of beech woodland dynamics, in a study from
Slovenia, small gaps were the most dynamic, with 100 — 300 m? being the most frequent
and gap sizes < 200 m? being the driving force in change (Rugani et al. 2013). Similarly,
Hobi et al. (2015) showed that gap sizes <200 m? were most frequent in primeval Ukraine

beech woods. Therefore, for the purposes of using remote sensing (lidar, in Chapter 4) in
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beech woods, 400 m? should be adequate, at least when identifying surrogate ecological
indicators.

Another potential issue specifically for Chapter 4 is that a four-year difference
between field and lidar data acquisition could have reduced usability of the data owing to
the forest structure changing over that time. To address this point, a Spearman Rank
correlation between lidar-derived and field collected canopy openness (considered
canopy closure in the lidar data, meaning that there should be a relationship as they are
opposing measures) was carried out. This demonstrated that there was a highly significant
relationship (r = -0.746, p < 0.001; Fig. 6.4), signifying a good level of usability.
However, it is acknowledged that measures of canopy openness are never perfect. For
example, a densiometer was used in the field, which was taken at four points in each plot
and averaged. This measure can differ depending on weather and subjectivity of the
observer (Newton, 2007). Furthermore, the time difference between the different
measurements could have meant the more dynamic taxa, such as ECM, were different in
2014 than they were in 2010. There is no way to know how different these measures
might have been if both types of data collection were carried out simultaneously, which

is often causes issue with remote sensing applications in ecology (Pettorelli et al. 2014).

6.3.6. LANDIS-11 model
LANDIS-II model validation

The modelling approach used in Chapter 5 avoided the need for overly complex
simulations based on uncertain data such as future climate change; however, a number of
important methodological challenges remained. First, validation of simulations is
generally required to determine if the model gave a satisfactory level of accuracy (Rosa
etal. 2012; Refsgaard et al. 2014). For the LANDIS-11 simulations used in Chapter 5 there
were no validations for the final outcome. This was partly because: i) the model predicted
the future, which is difficult to explore even through large-scale manipulation
experiments (Witman and Roy, 2009); and ii) the scenarios started from a hypothetical
composition of the New Forest, which excluded conifers. This meant that no realistic data
existed or could have been collected for any of the scenarios used. However, in previous
research that used the same model parameters and the same study area (the New Forest),
validation has been carried out (Newton et al. 2013). Newton et al. (2013) tested the
accuracy of LANDIS-II when simulating woodland expansion in the New Forest under
high herbivory pressure, the same herbivory pressure that was used for Chapter 5.

Through regression analysis, the authors found that there was a significant relationship
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between the model-simulated occurrence of different species and the actual number found
following a field survey (r?= 0.55, p=0.001). The model correctly predicted the presence
or absence of 25 species. However, the model also predicted the presence of nine species
in locations where they were not recorded in reality. Overall, the results of the validation
in Newton et al. (2013) seemed to provide a good amount of evidence for the accuracy of
using the LANDIS-11 model to simulate New Forest dynamics. Furthermore, as the aim
of Chapter 5 was to compare the outcomes of differing initial WC scenarios in terms of
the different resilience attributes, any inaccuracies should have been the same for each
scenario, thereby reducing their impact. Thus, the comparisons should still be valid, even
if there are equal uncertainties, and models are an extremely useful way to explore theory

and hypotheses in a situation where variables can be controlled.
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Field: canopy openness (%)
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Fig. 6.4: Correlation between lidar-derived measure of canopy closure acquired in 2010 and field-collected
canopy openness collected in 2014. The result of a Spearman Rank correlation between the two variables

are represented by the r and p letters, which indicate the correlation coefficient and p-value, respectively.

Use of aboveground biomass as a proxy measure

One assumption of Chapter 5 was that a majority of the EPs always showed the same
relationship with AGB that they did in Chapter 2, at the stand level. However, the EP
values could be influenced by other local aspects rather than simply AGB. Examples of
other factors not simulated by the LANDIS-II include: ecological continuity, which is

important for plants that disperse poorly (Fedrowitz et al. 2012; Nordén et al. 2014;
159



Humphrey et al. 2015); legacy effects such of as the loss of mature trees (Seidl et al.
2014a); which can cause a lag in response which may not be recorded for a few
years/decades, as seen for population persistence in Lindenmayer and Laurance (2016);
dispersal and movement/flow probabilities for AGB-associated EPs (Peay et al. 2010;
Craven et al. 2016); and habitat arrangement, which is an often-debated attribute of the
persistence of EPs, especially biodiversity. Therefore, future research that incorporates
these factors together with the findings in this study would be beneficial in advancing

knowledge regarding landscape resilience.

6.3.7. Selection of ecosystem properties and indicators assessed

In this thesis, the resilient attributes of a diverse range of important EPs were measured.
Obviously, this did not include all EPs. For example, in terms of biodiversity, only one
type of fauna was assessed, namely ground-dwelling invertebrates. However, other
indicators could have been used, such as mammals, reptiles and birds and/or rare species
(e.g. Red Book species that are found in New Forest (Tubbs, 2001; Newton, 2010)), all
of which are commonly used in forest studies (Gao et al. 2015). Nonetheless, flora and
fauna that are disadvantaged in some way should be assessed as a priority (Noss, 1999),
as they have less chance of recovery from surrounding habitats. Disadvantaged taxa
include those that are limited by dispersal distance, resource availability or other factors.
Lichens, vascular plants, and fungi, which were recorded in this thesis, are all examples
of limited taxa (Sillett et al. 2000; Berglund and Jonsson, 2005; Paltto et al. 2011).
Moreover, this research included monitoring aspects of each of the three attributes that
provide a framework for assessing woodland biodiversity and condition, namely
composition, structure and function (Noss, 1999; Gao et al. 2015; Lawley et al. 2016).
Therefore, the metrics used should be sufficient to determine the condition of any
woodland.

One additional factor that could be assessed in further work that is relevant both
at the scale studied and for the three woodland ecosystem condition attributes is soil
biodiversity. Soil fauna may represent as much as 23% of all biodiversity (Lavelle et al.
2006). Moreover, they are critical to the provision of ES and ecosystem functioning,
having active roles in nutrient cycling, soil formation, carbon stabilisation and primary
productivity (Lavelle et al. 2006; de Vries et al. 2013). Soil engineers, such as
earthworms, interact with fungi to influence the structure and functioning of the soil
(Jouquet et al. 2006; de Vries et al. 2013; Lavelle et al. 2016). Therefore, studying the
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soil and the interactions inside it may provide more knowledge about feedbacks that
contribute to resilience of woodlands.

For three of the Chapters (2-4) in this thesis, measurements mostly related to the
state of an EP or its change. However, indicator frameworks suggest that factors that
affect the state of EPs need to be considered as well (Stork et al. 1997; EEA, 2002;
Niemeijer and de Groot, 2008). Such factors are part of DPSIR (drivers, pressures, state,
impact and response) indicator frameworks (EEA, 2002). In the frameworks, drivers are
the underlying human or natural factors that cause change either directly or indirectly to
the environment (EEA, 2002; MEA, 2005; Newton, 2007). Drivers cause the pressures,
which in forests can include logging, grazing, pollution or fragmentation (Stork et al.
1997). This affects the state from which the impact (i.e. change) can be determined, if
previous data is available. Finally, response describes the decisions made in response to
the impacts, which often involves trying to change the drivers or pressures or to try and
improve state (Newton, 2007; Niemeijer and de Groot, 2008; Maxim et al. 2009).

While drivers and pressures were not assessed directly in Chapters 2-4 they were
alluded to. For example, it is noted that dieback of the New Forest is likely to be driven
by historic drought, pathogen spread, excessive herbivory or climate change (Mountford
and Peterken, 2003; Newton, 2010; Martin et al. 2015). Thus, part of the reason that
drivers were not measured were: i) it is unknown precisely what is causing large-scale
mortality in the New Forest; ii) drivers are thought to have happened historically (e.g.
drought); and iii) the experimental design was created specifically to determine the state
and impact, which results from the pressure of dieback. Moreover, in Chapter 5, drivers
and pressures were an integral part of the design, with the simulated pulse and press
disturbances used representing pathogen attack and excessive herbivory, respectively. As
the simulations were run using LANDIS-I1I the changing C and N cycles, which could act
as pressures in themselves (Stork et al. 1997), were incorporated, also.

One driver that was not accounted for at all in this thesis was climate change.
Climate change is likely to affect the future composition and structure of the forest,
especially the A&O woodlands (Grant and Edwards, 2008; Martin et al. 2015). The lack
of simulation of changing climate has a major impact on conclusions that could be drawn
from Chapter 5. Climate change is already affecting growth and regeneration of European
forests, with beech being particularly afflicted (Campioli et al. 2012; Kint et al. 2012). In
the future, under climate change extreme events such as extended drought periods and
strong storms will likely be more frequent (Breda et al. 2006; Lindner et al. 2010; Scheller

et al. 2012), pathogen attack will be more regular (Jung et al 2009), and forest ES
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provisions will likely be highly modified (Briner et al. 2013). Thus, including climate
change in simulations could change the outcome considerably (Schuler et al. 2016), with
the modified interactions between disturbances affecting the resilience of forests
(Anderson-Teixeira et al. 2013). Even with this knowledge, there is great difficulty in
modelling the uncertainties that climate change predictions could bring (Lindner et al.
2010, 2014), which increases the chance of arriving at the wrong conclusions. Therefore,
despite not including climate change, the results from Chapter 5 still contribute to their
intended aim, which was to determine how different initial WC influenced resilience.
However, including climate change in simulations would be extremely useful, as long as

the associated uncertainty was also considered (Lindner et al. 2014; Schuler et al. 2016).

6.4. Suggestions for future research

There are several ways to build upon the knowledge regarding resilience of woodlands
and associated properties that was obtained from this thesis, which can be broken down
into four categories: expanding the experimental design; resilience at the stand scale;
resilience at the landscape scale; and resilience assessments and surrogates.

The experimental design category largely relates to repeating measurements over
time and in space. First, the analyses that were undertaken could be repeated in other
temperate woodlands, as this would reduce the chance of natural variability impacting the
findings (Ford, 2000; Sutherland, 2000; Newton, 2007), thereby increasing information
about woodland resilience in a broader sense. Experimental design could also extend to
repeating measurements of ecological variables over longer time scales. As a majority of
EP data were only collected from a single point in time, some variation in ecosystem
functions and biodiversity between different seasons and subsequent years may have been
missed (Ford, 2000; Newton, 2007). Repeated measurements over time could also be
carried out for the individual sites themselves. While the criteria used hopefully meant
that sites measured were dying back for Chapter 2, the only way to be sure of this is to
continue measurements in time to assess whether they degrade further or show signs of
recovering. This could even be potentially undertaken through the use of remote sensing,
to a certain degree (Newton, 2007; Pettorelli et al. 2014). Lastly, more could be deduced
about resilience from long-term data sets. This would mean that chronosequences would
not have to be relied on when testing for the existence of thresholds over time (Fukami
and Wardle, 2005). However, there are manifest challenges with setting up long-term

plots, which include finding appropriate locations that are not managed, having the
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resources available for continual monitoring and, most challenging of all, predicting
which stands are likely to be affected by disturbance in the future.

Many authors note that negative feedbacks switching to positive feedbacks are the
underlying mechanistic change that creates thresholds (e.g. Briske et al. 2010). Research
on feedbacks however is, like most threshold work, still largely theoretical with little
empirical evidence in terrestrial systems. Therefore, to further enhance knowledge of
resilience at the stand scale, EPs from Chapter 2 that exhibited thresholds could be
compared to other ecosystem factors. This would allow elucidation of possible changing
feedbacks that caused an EP to exceed a threshold. For example, a gradient of woodland
ECM richness (i.e. a threshold EP) could be found, over which soil biology and chemistry,
factors hypothesised to contribute to the changing feedbacks for ECM, could be measured
across to determine if changes occur prior to the to the value at which ECM exceeded a
threshold. Such experiments may also provide evidence for multiple, sequential
structural, biodiversity and functioning thresholds, a prospect that currently lacks
evidence, but that would have major implications. See Briske et al. (2006), Kinzig et al.
(2006) and Mumby et al. (2011) for more details.

At the landscape scale, resilience was measured based on hypothetical models
that focused specifically on the cover of broadleaved woodlands. This metric was a
measure of structural connectivity. In future research, a range of other landscape factors
that pertain more to functional connectivity could be analysed to reveal more about what
makes woodland EPs resilient at the landscape level (Oliver et al. 2015). Landscape
functional connectivity factors such as the capacity and probability of dispersal or
movement success of biodiversity or ES (Goodwin, 2003; Estreguil et al. 2013; Tambosi
et al. 2014) could be included in analysis, as could the effect of habitat fragmentation on
different species or taxa (Fahrig, 2003; Newton, 2007; Broadbent et al. 2008). However,
this would involve collecting a lot of data if it were to cover a similar number of EPs that
were assessed in Chapter 5. Additionally, greater cultural ecosystem services could be
included in future assessments, as the New Forest is a socio-ecological ecosystem that is,
and has historically been, highly influenced by people.

Climate change was not directly measured or included in this thesis. However,
beech stands are susceptible to changes in climate, as are most temperate ecosystems and
their biodiversity. Nonetheless, many knowledge gaps remain around the impact that
climate change will have on the resilience of natural communities and the disturbances
that biodiversity may have to be resilient to (Cote and Darling, 2010; Moritz et al. 2012;

Moritz and Agudo, 2013; Lindner et al. 2014). Therefore, resilience research in the future
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should incorporate climate change scenarios, noting the associated uncertainties, and
include factors such as forest species recruitment, which is an essential part of resilience
(Lindner et al. 2014).

Regarding resilience assessments, which are supposed to enable accurate
inference of the current level of resilience (Carpenter et al. 2001; Bennett et al. 2005;
Quinlan et al. 2016), indicators that are appropriate to infer woodland resilience needs a
lot of attention to be better able to elucidate useful surrogate ecological measures that i)
are sensitive to changing condition and 2) can be assessed with limited time and financial
resources. For ground-based assessments, this could include more exploration of the key
aspects that will enable the differentiation of condition to become clear, and could also
include a weighting system for the different indicators (Oliver et al. 2014). For remote
sensing assessments, the next step is to carry out a similar assessment to the tests carried
out in the thesis but with no time lag between lidar and field data collection, or possibly
even collect both frequently over a temporal time period to be able to infer exactly when

the relationships change between the two sets of data.

6.5. Conclusion

The work presented in this thesis has enhanced knowledge of temperate woodland
resilience at different scales and given an insight into the effectiveness of condition
assessment tools that may be importantly utilised to carry out resilience assessments and
conservation activities in the future. It is hoped that the research from this PhD will be
incorporated by policymakers, researchers and managers alike to produce plans and work
that will enhance both the overall resilience of these special ecosystems and improve the

effectiveness of woodland condition assessments in the future.
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Appendix 2.1: Additional experimental design details for Chapter
2

Measurement of DBH

The diameters at breast height (DBH) of both living and dead standing trees (snags) were
measured at 1.3 m using a diameter tape pulled taut horizontally to the trunk. Following
advice and procedures from Husch et al. (2003) and van Laar and Akca (2007), specific
instructions were followed when using diameter tapes for difficult trees. The combined
DBHSs were used to calculate the overall BA (Cantarello and Newton, 2008), forming the

basis of the primary criterion.

Crown condition

Living beech trees were assessed for their condition, which was undertaken using
binoculars at several points around each tree where visibility was good. The condition
attributes were the potential crown loss, live growth loss, condition of the current
branches and discolouration of the crown. Potential crown loss and leaf loss were
recorded as a percentage based on the average values provided by two observers. Overall
condition was recorded as number (1-5), with 1 denoting a healthy tree and 5 denoting a
dead tree. Any pathogens present were also recorded after a thorough search of the lower

sections of each tree.

Canopy openness
At each corner of the 10 x 10 m sub-plot four readings were taken using a spherical
densiometer, one in each cardinal direction, giving an overall average for that plot
(Strickler, 1959).

Understorey openness
Understorey openness was determined the same way as canopy openness, but only for

trees less than approximately 6 m in height.

Forest biomass

Following Jenkins et al. (2011), oven-dry biomass was determined in four different
components of the stand; the roots, the tree stems, the branches and foliage. Specifically,
the quadratic mean DBH of all the trees in a plot were calculated based on their BA. This

number was then used to calculate the mean total tree volume which was then multiplied
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by a species-specific Nominal Specific Gravity value, found in Jenkins et al. (2011), to
estimate the total oven-dry biomass of each stem. To calculate the total biomass of a
single species, the stem biomass, crown biomass and root biomass were summed together
and multiplied by the number of that species present in the plot. The total biomass of all
species was then calculated by summating all individual species’ biomass values. The
oven-dry biomass was calculated based on specific values for broadleaves, taken form
McKay et al. (2003).

Carbon assessment for trees
Carbon content of a plot was calculated by multiplying the oven-dry matter biomass by
0.5, the carbon fraction of biomass (Matthews, 1993).

Herbivore pressure metrics

To account for the relative presence and influence of herbivores, understorey crown
condition, browseline, sward height, seedling and sapling abundance, browsing intensity,
dung counts, and presence of a shrub layer were recorded.

For living trees in the understorey, crown condition (average of two different
observers) was recorded based on deviation from perceived ‘pristine’ condition (i.e.
100%). Percentage of discolouration, percentage of leaves remaining, potential crown
structure, empty branches and position of the tree were all considered.

The browse lines of palatable (e.g. beech, oak, birch) and unpalatable (e.g. holly,
hawthorn) trees were recorded if they were within the edges of the plot. Using a marked
range pole, any branches that were higher than 1.8 m (a deer’s maximum browse height),
but lower than 2.3 m (based on an average drop of 50 cm in the winter), were counted as
browsed. Any branches that retained leaves below 1.8 m were counted as unbrowsed. A
percentage ratio of browsed to unbrowsed was calculated. The sward height was
measured using a measuring stick, based on the findings of Stewart et al. (2001). This
was measured in the centre and at the four corners of the sub-plot, and a mean value was
recorded.

The percentages cover of mosses, bare ground, bracken, trampling and ground
flora were recorded from a detailed visual assessment of each plot. Similarly, seedling (<
1.3 m in height) and sapling (> 1.3 m and DBH < 10 cm) abundances were assessed
through a manual search of the entire 20 x 20 m plot. Seedlings were any counted if they

were older than a year, based on physical aspects.
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Partial defoliation or complete consumption of plants occur through herbivore
browsing, the intensity of which is commonly determined by counts of un-browsed and
browsed branches (Bergstrom and Guillet, 2002; Gibson, 2002). This was undertaken
using a stratified random sampling design. Initially, a 2 x 2 m quadrat was placed in the
most south-westerly corner of the sub-plot, continuing clockwise (NW, NE, SE) around
the corners, until 100 stems had been assessed. The same technique was used for assessing
bramble browsing, following Bazely et al. (1991).

For estimating herbivore abundance from dung, the faecal standing crop (FSC)
method, the most commonly used and efficient technique (Marques et al. 2001; Campbell
et al. 2004), was used. A manual dung count was carried out in the sub-plot; the amount,
condition and the species recorded. Following Jenkins and Manly (2008), the individual
pellets/ bolus and their condition were recorded. The faecal matter of different animals

(deer, Equus species, rabbits and cattle) were recorded separately.

Soil survey

Following the methods of DeL.uca et al. (2013), ten separate soil samples were taken, two
from the centre and two at each corner of the nested 10 x 10 m sub-plot, for both the O
horizon and A horizon soil layer (0-15 cm below the O horizon). The vegetation the
sample was taken under (e.g. bracken, grass) was noted.

For bulk density (BD) measurements, three 100 cm? stainless steel rings were
inserted into the soil to ensure a known volume. These were taken from the SW and NE
corners and from the mid-point.

For analyses of NOs  and NH4", 5 g of sieved, field-moist soil was placed into a
labelled tube with 25 ml of 1 M KCI added. The soils were shaken by hand and placed
horizontally on a rotary shaker for 30 minutes at 250 rev/min. The extracts were
immediately filtered through a Fisher QT 210 filter paper into a labelled polypropylene
vial. The filtrates were then frozen immediately and analysed two months later. Both
NH4* and NOs™ were analysed using the microplate-colorimetric technique, with the
salicylate-nitroprusside method for NH4", following Mulvaney (1996) and the vanadium
method for NOs™ (Miranda et al. 2001).

To determine the potential mineralisable nitrogen concentrations, 5 g of sieved,
field-moist soil was placed into a labelled tube with 25 ml of ultrapure water added. The
headspace was then flushed with N2 (g). The tube was sealed and incubated for 7 days at
40°C (Keeney, 1982). Immediately after incubation, 1.75 g of KCI was added to each

tube. The tubes were shaken (1 hr at 200 rev/min), centrifuged and filtered immediately,
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using the process as for NOs" and NH4". The pH and electrical conductivity of soil was

determined using a 2:1 distilled water to soil ratio.

Net N mineralisation and nitrification

To enable analysis of in-situ nitrification and N mineralisation rates, following DelLuca
et al. (2013), a polyester mesh ionic resin capsule (Unibest, Walla Walla, WA, USA) was
buried in the centre of each plot, 10 cm deep into the mineral layer. The capsules were
placed between 9" October and 121" November 2014 and were removed from the ground
four months later.

The nitrogen mineralisation and nitrification of a plot were analysed through
leaching of resin capsules (RC). Initially, 10 mL of 1M KCI was placed into each tube
containing a RC, which was then shaken horizontally for 30 minutes at 250 rpm. The
extractant was poured into a clean storage tube. This process was repeated two more
times, making a total of 30 mL of the extractant. The extractant was centrifuged at 4000
rom for 10 minutes. 20 mL of the supernatant was then pipetted into a 30 mL

polypropylene tube and frozen prior to analysis.

Soil respiration rate

Soil respiration rate was measured using a SR-1 closed chamber Infra-red gas analyser
(PP Systems, Amesbury, MA, USA). All measurements were recorded between 10:00
and 14:00 on sunny days within a month of each other. After automatic flushing and
calibration of the chamber, the P\VC chamber was inserted 2 cm into the soil after any
vegetation had been removed from the surface. The CO2 concentration was measured
continuously for 2 minutes. Five measurements were taken from each survey plot and
then averaged to produce a mean soil respiration rate for the whole plot. Soil respiration
rate was calculated as in (PP Systems, 2010):

R=V/A x ((Cn-Co)/(Tn))

Where R is the respiration rate, V is the volume of the chamber, A is the area of soil
exposed, Cn is the CO- concentration at time 0, and Co is the CO, concentration at time,
Tn (120 seconds in this study).

Soil moisture
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Soil moisture was measured as the difference in weight of a 5 g moist soil sample before
and after oven-drying. Sieved mineral and organic samples were oven-dried at 105 °C
and 80 °C, respectively, until they remained a constant weight. To measure the soil
organic matter (SOM), the oven-dried samples were then placed in a 500 °C furnace
overnight (12 hours), the final weight recorded after being cooled in a desiccator. LOI =
100 x (mass of oven-dry soil-mass of ignited soil)/ mass of oven-dry soil = g per 100g
oven-dry soil (Rowell, 1994). The soil was dried at 105 °C for 24 h and then sieved (2
mm) to remove stones and other non-soil material (>2 mm diameter). Bulk density was

calculated by dividing soil mass (less stone mass) by core volume (less stone volume).

Soil content and structure

The Forest Research (FR) team at Alice Holt Lodge, Surrey, measured the exchangeable
cations of K, S, Ca, Mg, Na, Al, Mn and F; total N and C, organic and inorganic C; the P
available; and the particle sizes of the soil from air-dried samples. Following FR methods,
the exchangeable cations were analysed using BaCl; extraction (FR Reference method:
ISO 11260 and 14254). First, a soil suspension of 3 g soil and 36 ml of 0.1 M BaCl, was
shaken for 60 minutes, centrifuged and filtered with 0.45 um syringe filter. Extracts were
then acidified and analysed using a dual view ICP-OES (Thermo ICap 6500 duo). The P
Olsen method with ADAS index was used to determine the amount of phosphorus
available (FR Reference method: The analysis of Agricultural Materials MAFF 3rd
Edition RB427). A suspension of 5 g soil with 100 ml of sodium bicarbonate solution was
buffered at pH 8.5. The solution was shaken for 30 min on an orbital shaker, centrifuged
and filtered with 0.45um syringe filters. Extracts were then acidified with 1.5 M sulphuric
acid and mixed with a solution of ascorbic acid and ammonium molybdate for 10 min and
then measured at 880 nm with a Shimadzu UV sprectrophotometer. Total C and N were
analysed using a Carlo Erba CN analyser (Flash1112 series) and combustion method (FR
Reference method: 1ISO 10694 and 13878). Samples were ball-milled for homogenisation
and then around 30 mg weighed in tin capsules, pressed and measured using the analyser.
Following, 30 g of soil was placed in a silver capsule to quantify inorganic C. The silver
capsule was put furnace at 500°C for 2 hours, which removed the organic carbon. The
organic carbon fraction was calculated as the difference between total carbon and
inorganic carbon. The soil Particle Size Distribution was determined using a Laser
Diffraction Particle Sizer (FR Reference method: Laser diffraction); 30 g of soil were
suspended in water and passed through the flow cell of the analyser (Beckman Coulter

LS13320).
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Appendix 2.2: Ground-dwelling arthropod collection and analysis
for Chapter 2

Ground-dwelling arthropods collection

Pitfall trapping was carried out in five out of the 12 sites. In each site eight pitfall traps
were placed on the perimeter of the 10m x 10m sub-plot; one in each corner and one
midway along each edge. A soil auger was used to create holes in which plastic cups (8
cm in diameter and 11 cm tall) were placed. Approximately 3cm of propylene glycol, a
cost-effective preservative, was poured into each cup. Water was allowed to escape
through the use of drainage holes in the top of the cups; this also prevented the trap
flooding. A galvanised steel square which was supported by turned-down corners was
placed over each trap. Forestry Commission staff collected the contents of each pitfall
trap weekly from late May to late July 2014, totalling eight collections and 56 trapping
days. The arthropod material from the eight pitfall traps in each plot were pooled into a
single labelled and sterilised 1 litre sample bottle and then stored in -5 °C to preserve the

specimens for metabarcoding.

Ground-dwelling arthropods analysis

DNA metabarcoding was employed for invertebrate identification using a methodology
tailored from the approach described in Yu et al. (2012). Samples were stored in absolute
ethanol at 4°C, followed by the extraction of DNA using the Qiagen blood and tissue
extraction kit. Polymerase Chain Reactions (PCR) were performed targeting the 658 base
pair C terminal region in the gene encoding the mitochondrial cytochrome oxidase
subunit I (COI); primers used for the COI region of interest were: Forward: LC0O1490
(5'-GGTCAACAAATCATAAAGATATTGG-3) and Reverse: mlICOIlintGLR (5'-
GGNGGR TANANNGTYCANCCNGYNCC-3'). Three separate PCRs were carried out
for each sample. An aliquot was checked on a 1.4% agarose gel and then the PCRs pooled
before library construction. A multiplex identifier (MID) tag was attached to the forward
primer in addition to the relevant adaptor for the sequencing platform. The MID tag was
specific to each sample and allowed multiple samples to be pooled for sequencing and
then separated out bioinformatically afterwards. A touch-down thermocycling profile was
used, followed by a low number of cycles with an intermediate annealing temperature.
Indexing barcodes were added to the amplicons following the Illumina TruSeq Nano
protocol from the ‘Clean-up Fragmented DNA’ stage. In a deviation from this protocol

fragments were size-selected using blue Pippin size selection of the 300-670bp region to
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remove larger fragments. The barcoded samples were pooled into a single pool and 250bp
paired end reads were generated on one lane of the Illumina MiSeq platform. The pool
was demultiplexed into the individual samples using the Illumina bcl2fastq (v 1.8.4bin)
software. The samples were clustered into OTUs (operational taxonomic units) using the
approach described in Yu et al. (2012) starting with demultiplexed samples in step 1.
Instead of the described step 6 of the pipeline we used the BOLD database and website
for taxonomic assignment and confidence assessment. Accepted matches had to have at
least 97% sequence similarity at a given taxonomic level. For this we queried the website
by using a custom script that created the urls and parsed the output for each OTU. In a
final step the taxonomic assignment, OTU and the number of reads of each sample
mapping to the OTUs was collated into a single table. The final species lists were checked
against previous records of species occurrence in Britain using primarily the National
Biodiversity Networks Gateway (NBN Gateway, 2015), but also Fauna Europaea (de
Jong et al. 2014), Antweb (AntWeb, 2015), the British Arachnological Society (British
Arachnological Society, 2015) and Araneae: Spiders of Europe (Nentwig et al. 2015).
Where no previous record was found to species level, occurrence in Britain to Genus level

was checked.
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Appendix 2.3: Field-collected variables used in Chapter 2.

Table A2.3: Variables and their units recorded for Chapter 2.

Variable

Biodiversity
(B),
ecosystem
function (EF)
or ecosystem

Units

condition
(EC)
measure?
Ectomycorrhizal fungi species richness B Unique species 0.04 ha*
Sward height EC cm
Abundance of holly seedlings EC Individuals 0.04 ha!
Abundance of beech seedlings EC Individuals 0.04 ha!
Abundance of oak seedlings EC Individuals 0.04 ha!
Abundance of tree seedlings EC Individuals 0.04 ha'
Abundance of palatable seedlings EC Individuals 0.04 ha'
Bulk density of the soil EC gcm?®
Depth of the organic layer EC cm
Average diameter at breast height of beech EC cm
trees
Average height of beech trees EC M
Volume of standing dead wood in a plot EC m3ha?
Volume of lying dead wood in a plot EC méha'
C/N ratio of the soil EF C/N ratio
Potassium exchangeable cations concentration EF cmol(+)/kg
in the mineral layer soil
Magnesium exchangeable cations EF cmol(+)/kg
concentration in the mineral layer soil
Sodium exchangeable cations concentration in EF cmol(+)/kg
the mineral layer soil
Calcium exchangeable cations concentration EF cmol(+)/kg
in the mineral layer soil
Manganese exchangeable cations EF cmol(+)/kg

concentration in the mineral layer soil
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Iron exchangeable cations concentration in the EF cmol(+)/kg

mineral layer soil

Aluminium exchangeable cations EF cmol(+)/kg

concentration in the mineral layer soil

Availability of soil phosphorus EF mgkg?
Total soil nitrogen EF % of soil
Total soil carbon EF % of soil
Soil pH EF pH
Electrical conductivity EF mS m'*
Net ammonification EF ug NH4* capsule* mon'?
Net nitrification EF tg NOs capsule mon?
Net mineralisation EF g NHs*and NOg
capsule* mon!
Soil respiration rate EF pumol m? st
Soil temperature EF °C
Total stand carbon (vegetation, dead wood EF tha'
and soil)
Aboveground biomass EC tha'
Soil clay percentage EC % 0-2 um soil particles
Soil silt percentage EC % 2-63 um soil particles
Soil sand percentage EC % 63 um-2 mm soil
particles
Bracken cover EC % cover 0.04 ha*
Bare ground and moss cover EC % cover 0.04 ha'
Litter cover EC % cover 0.04 ha*
Grass cover EC % cover 0.04 ha*
Palatable tree browseline EC % browseline (above
1.8 m) 0.04 ha't
Unpalatable tree browseline EC % browseline (above
1.8 m) 0.04 ha!
Holly cover EC % cover 0.04 hat
Rubus cover EC % cover 0.04 ha'
Holly shrubs browsed EC % browse of available
plants
Rubus shrubs browsed EC % browse of available
plants
Average crown condition EC % condition
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Understorey condition EC % condition
Canopy openness EC % sky visible
Understorey openness EC % sky visible
Tree seedling richness B Unique species 0.04 ha'*
Tree sapling richness B Unique species 0.04 ha*
Spider species richness B Unique species 0.04 ha*
Rove beetle species richness B Unique species 0.04 ha*
Carabid beetle species richness B Unique species 0.04 ha*
Ant species richness B Unique species 0.04 ha'*
Weevil species richness B Unique species 0.04 ha'*
Woodlice species richness B Unique species 0.04 ha'*
Ground-dwelling arthropod species richness B Unique species 0.04 ha*
Moisture content of the mineral layer EF % soil moisture
Moisture content of the organic layer EF % soil moisture
Cervus dung proportional EC see Jenkins and Manly
(2008)
Equus dung proportional EC see Jenkins and Manly
(2008)
Proportional dung total EC see Jenkins and Manly
(2008)
Very large beech trees (74.97 cm < dbh < 103 EC Individuals 0.04 ha'
cm)
Large beech trees (68.32 cm < dbh < 74.97 cm) EC Individuals 0.04 ha'
Holly tree abundance EC Individuals 0.04 ha'
Beech trees abundance EC Individuals 0.04 ha*
Holly saplings abundance EC Individuals 0.04 ha!
Beech saplings abundance EC Individuals 0.04 ha!
Overall saplings abundance EC Individuals 0.04 ha!
Ground flora species richness B Unique species 0.04 ha*
Woody ground flora species richness B Unique species 0.04 ha!
Non-woody ground flora species richness B Unique species 0.04 ha*
Lichen species richness B Unique species 0.04 ha*
Lichen species richness on holly B Unique species 0.04 ha!
Lichen species richness on beech B Unique species 0.04 ha!
Organic layer loss on ignition EC % weight loss
Mineral layer loss on ignition EC % weight loss
Organic layer nitrate concentration EF mg kg?
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Mineral layer nitrate concentration EF mgkg?
Organic layer ammonium concentration EF mgkg?
Mineral layer ammonium concentration EF mgkg?
Potentially mineralisable nitrogen of the EF ug gt
organic layer

Potentially mineralisable nitrogen of the EF ug gt
mineral layer

Understorey biomass EC tha'
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Appendix 2.4: GLM results for Chapter 2.

Table A2.4: Generalised linear mixed models used to determine whether a threshold was exhibited in all
the response variables and associated measures of parsimony (AICc), support (AAICc, AICc weight) and
goodness of fit (Marginal r?). Mod_cont_NL specifies that the model contained a linear and quadratic
term of BA loss indicating a non-linear response; Mod_cont specifies that the model only contained a
linear term of BA loss indicating a linear response; and Modnulll specifies that the model indicated little

or no change over the gradient of BA loss.

Modnulll Null model | 3 -122.24 250.909 0 0.461 0
Potentially BA decline
mineralisable nitrogen Mod_cont_NL +BA 5 -120.25 251.611 | 0.702 0.325 0.001 No
of the organic layer decline?
Mod_cont BA decline | 4 -121.86 252,438 | 1.529 0.215 0.001
BA decline
+BA
Mod_cont_NL ., |6 -186.84 387.27 0 0.974 0.129
Potentially d.eclln.e *
mineralisable nitrogen soil moisture No
of the mineral layer Mod_cont BA decline | 5 -191.74 394586 | 7.317 0.025 0.091
+ soil
moisture
Modnulll Null model | 4 -196.92 402,558 | 15.289 0 0.014
BA decline
Mod_cont_NL +BA |6 -137.21 288.01 0 0.905 0.38
Understorey biomass decline? Yes
Mod_cont BA decline | 5 -141.355 293.82 | 5.81 0.05 0.342
Modnulll Null model | 4 -142.626 29398 | 5.97 0.046 0.335
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Model

Response variable Name structure df| Log likelihood | AICc | AAICc | AlCc weight | Marginal r* | Threshold?
BA decline
. . Mod_cont_NL +BA 4 -149.4 307.526 0 0.984 0.568
Ectomycorrhizal fungi )
I decline Yes
species richness -
Mod_cont BA decline | 3 -154.7 315.824 | 8.298 0.016 0.463
Modnulll Null model | 2 -185.13 374.476 | 66.949 0 0
BA decline
Mod_cont_NL +BA 5 -264.5 540.106 0 1 0.507
Sward height decline? Yes
Mod_cont BA decline | 4 -274.56 557.849 | 17.743 0 0.416
Modnulll Null model | 3 -294.11 594.648 | 54.542 0 0
BA decline
+BA
Mod_cont_NL . 5 -1332.8 2676.8 0 1 0.119
decline” +
Abundance of holly
. log(Dung) No
seedlings BA decli
Mod_cont ecline | o1 18446 | 3697.83 | 1021.03 0 0.047
+ log(Dung)
Modnulll Null model | 3 -1891.8 3790.04 | 1113.25 0 0.007
BA decline
+BA
Mod_cont_NL decline? + 5 -275.66 562.439 0 1 0.216
Abundance of beech | ec IIDne Yes
seedlings BOA?(d u:g)
Mod_cont N 14| 20796 | 604.637 | 42198 0 0.169
+ log(Dung)
Modnulll Null model | 3 -331.09 668.61 | 106.172 0 0.015
BA decline
+BA
Mod_cont_NL ., 5 -50.194 111.499 0 0.998 0.455
Abundance of oak Idecllne + Yes
seedlings og(Dqu)
BA decline
Mod_cont 4 -57.726 124.178 | 12.679 0.002 0.176
~ + log(Dung)
Modnulll Null model | 3 -62.773 131.974 | 20.474 0 0.035
BA decline
+BA
Mod_cont_NL decling? 5 -1372.8 2756.79 0 1 0.134
Abundance of tree | ecline”+ No
seedlings BOA?(dDuFig)
Mod_cont ecline | o1 19029 | 381457 | 1057.78 0 0.051
+ log(Dung)
Modnulll Null model | 3 -1967.1 3940.64 | 1183.85 0 0.001
BA decline
+BA
Mod_cont_NL ., 5 -265.39 541.9 0 1 0.294
Abundance of palatable Idecllne + Yes
seedlings BCE(dDqu)
Mod_cont ecine | 4| 29434 | 597.407 | 55507 0 0.226
~ + log(Dung)
Modnulll Null model | 3 -332.49 671.411 | 129.511 0 0.004
Modnulll Null model | 3 17.94 -29.452 0 0.828 0
Mod_cont BA decline | 4 17.35 -25.973 | 3.479 0.145 0.033
Bulk density of the soil BA decline No
Mod_cont_NL +BA 5 16.84 -22.568 | 6.883 0.027 0.038
decline?
Modnulll Null model | 3 -26.75 59.929 0 0.74 0
h of th . Mod_cont BA decline | 4 -27.262 63.251 | 3.322 0.141 0.016
Deptl oI the organic BA decline No
ayer Mod_cont_NL +BA |5| 26234 6358 | 3.651 0.119 0.038
decline’
BA decline
Average diameter at Mod_cont_NL +BA 5 -182.94 377.303 0 0.949 0.007
breast height of beech decline’ No
trees Mod_cont BA decline | 4 -187.3 383.531 | 6.228 0.042 0.003
Modnulll Null model | 3 -190.1 386.737 | 9.434 0.008 0
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BA decline

+BA - . . . .
Average height of beech Mod_cont_NL A 5 150.09 311.599 0 0.907 0.046
trees decline No
Mod_cont BA decline | 4 -153.72 316.376 | 4.777 0.083 0.044
Modnulll Null model | 3 -157.01 320.567 | 8.968 0.01 0
BA decline
. Mod_cont_NL +BA 5 -606.23 1223.58 0 1 0.043
Volume of standing decline? No
deadwood in a plot £C |ne.
Mod_cont BA decline | 4 -616.5 1241.73 | 18.148 0 0.042
Modnulll Null model | 3 -627 1260.42 | 36.843 0 0
BA decline
. Mod_cont_NL +BA 5 -74.148 159.407 0 0.548 0.448
Volume of lying - line? No
deadwood in a plot dec In¢
Mod_cont BA decline | 4 -75.534 159.796 | 0.388 0.452 0.443
Modnulll Null model | 3 -93.483 193.394 | 33.987 0 0
BA decline
+BA
Mod_cont_NL 4 5 -154.33 319.77 0 0.775 0.06
decline” +
C/N ratio of the soil pH No
Mod_cont BA:';;""e 4| 1568  |322.325| 2555 0.216 0.056
Modnulll Null model | 3 -161.11 328.647 | 8.877 0.009 0
Modnulll Null model | 3 76.59 -146.75 0 0.513 0.199
, Mod_cont BAdecline | | 77626 | -14653 | 0225 | 0.458 0.317
Potassium exchangeable ~ +pH
cations concentration in BA decline No
the mineral layer soil +BA
Mod_cont_NL s 5 76.036 -140.96 | 5.791 0.028 0.316
decline” +
pH
BA decline
i +BA
Magnesium Mod_cont_NL decline®+ 5 -105.07 223.724 0 0.546 0.035
exchangeable cations ectine
L. pH No
concentration in the BA decli
mineral layer soil Mod_cont A ;lc_"”e 5| 10655 | 22422 | 0495 | 0.426 0.035
Modnulll Null model | 3 -111.6 229.631 | 5.907 0.028 0
Mod_cont BA+d;|°_:'”e 4| 110275 | -20944 | 0 0.969 0.335
Sodium exchangeable BA decline
- o +
cations concentration in Mod_cont_NL BA 5| 10708 |-20238| 7.063 0.028 0.332 No
the mineral layer soil decline® +
pH
Modnulll Null model | 3 102.076 -197.72 | 11.715 0.003 0
Mod_cont BA:’;;"”G 4| 17362 |-23612| 0 0.845 0.175
Calcium exchangeable BA decline
; S +BA
catlons concentration In |y cone_ L > |s| 16642 | -19699 | 3914 | 0.119 0.173 No
the mineral layer soil decline” +
pH
Modnulll Null model | 3 11.842 -17.256 | 6.356 0.035 0
Modnulll Null model | 3 88.883 -171.34 0 0.983 0.065
Manganese Mod_cont BAf;g'”e 5| 85913 | -163.1 | 8238 | 0016 0.065
exchangeaple cgtions BA decline No
concentration in the +BA
mineral layer soil Mod_cont_NL o, 5 84.722 -158.33 | 13.006 0.001 0.085
decline” +
pH
BA decline
+BA
Mod_cont_NL o, 5 -268.34 547.793 0 0.974 0.085
Iron exchangeable decline” +
cations concentration in pH No
the mineral layer soil i
4 Mod_cont BA+d;|°_:'”e 4| 27318 | 556.087| 7.204 0.025 0.072
Modnulll Null model | 3 -279.19 564.801 | 17.008 0 0

215



Modnulll Null model -38.524 83.476 0 0.511 0
Aluminium Mod_cont BA+de°H"”e 37.721 | 84.169 | 0.693 0.362 0.031
exchangeab_le cf'itions BA chIine No
concentration in the +BA
mineral layer soil Mod_cont_NL 4 -37.576 86.262 | 2.786 0.127 0.031
decline” +
pH
Modnulll Null model 72.697 -138.97 0 0.982 0
Mod_cont BA+de°H"”e 69.793 130.86 | 8.108 0.017 0
Availability of soil A docline No
phosphorus +BA
Mod_cont_NL ., 68.117 -125.12 | 13.844 0.001 0
decline® +
pH
Modnulll Null model -61.364 129.156 0 0.931 0
Mod_cont BAjgﬂ'”e 62001 [135293| 6137 | 0043 0.007
Total soil nitrogen BA decline No
Mod_cont_NL * BAZ -61.363 136.312 | 7.156 0.026 0.009
decline” +
pH
BA decline
+BA
Mod_cont_NL . -228.01 469.603 0 0.943 0.076
decline® +
Total soil carbon pH No
Mod_cont BAf;ﬂ'”e 23205 | 475.208 | 5.605 0.057 0.068
Modnulll Null model -240.08 486.589 | 16.986 0 0
Modnulll Null model -16.753 39.934 0 0.853 0
BA decline
Soil pH Mod_cont_NL +BA -16.862 44.835 | 4.901 0.074 0.037 No
decling’
Mod_cont BA decline -18.058 44.844 4.909 0.073 0
Modnulll Null model 219.607 -432.79 0 0.996 0.105
Mod_cont BA decline 215.273 -421.82 | 10.966 0.004 0.136
Electrical conductivity BA decline No
Mod_cont_NL +BA 213.517 -415.92 | 16.863 0 0.213
decline?
Modnulll Null model -88.247 182.964 0 0.484 0.047
BA decline
Net ammonification Mod_cont_NL +BA -86.432 184.088 | 1.125 0.276 0.052 No
decline?
Mod_cont BA decline -87.779 184.358 | 1.394 0.241 0.057
BA decline
Mod_cont_NL +BA -90.104 191.433 0 0.531 0.104
Net nitrification decline? No
Mod_cont BA decline -91.485 191.77 0.337 0.449 0.103
Modnulll Null model -95.775 198.02 6.587 0.02 0
BA decline
+ BA
Mod_cont_NL2 o, -118.42 250.589 0 0.532 0.069
decline® +
pH
S Mod_cont2 BA decline 12062 | 252.466 | 1877 | 0.208 0.064
Net mineralisation + pH No
BA decline
Mod_cont_NL +BA -120.97 253.168 | 2.579 0.147 0.065
decline’
Mod_cont BA decline -123.25 255.303 | 4.715 0.05 0.056
Modnulll Null model -125.97 258.414 | 7.825 0.011 0
BA decline
Mod_cont_NL +BA -80.996 173.1 0 0.684 0.155
Soil respiration rate decline? Yes
Mod_cont BA decline -84.043 176.8 3.71 0.216 0.103
Modnulll Null model -87.376 181.2 8.08 0.1 0
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BA decline

Mod_cont_NL +BA |5 -99.623 21035 | O 0.739 0.136
Soil temperature decline? No
Mod_cont BAdecline | 4| -101.86 | 212.443 | 2.087 0.26 0.122
Modnulll Null model |3| -108.71  |223.845 | 13.488 0.001 0
Mod_cont BAdecline | 4| 266419 |-52411| 0 0.639 0.501
Total stand carbon BA decline
(vegetation, deadwood Mod_cont_NL +BA |5| 267038 |-522.97 | 1.145 0.361 0